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Abstract 

Per- and polyfluoroalkyl substances (PFASs) are known for their wide spread in the environment, 

their persistent properties and their ability of biomagnification through the food chain. With 

properties such as oil and water repellence, temperature resistance and a long lifespan they have 

been frequently used in various areas, e.g. hygiene products such as shampoo and tooth paste as 

well as in the firefighting industry as firefighting foam. They are therefore commonly found in 

leachate from landfills. Up to now, there is a lack of studies investigating methods of how to treat 

PFAS-contaminated leachate and hence more research in this area and development of suitable 

treatment technologies is needed.  

In this study, column experiments with granulated activated carbon (GAC), anion exchanger (AE) 

resin and peat mixed with ash were performed. The results showed that AE removed PFAS more 

efficiently than GAC, that longer chains had a higher sorption ability than shorter chains and that 

perfluorinated sulfonic acids (PFSAs) a higher sorption ability than perfluorinated carboxylic acids 

(PFCAs). The peat-ash columns had a slower flow and only 5bed volumes (BVs) of leachate were 

treated. Hence, these results could not be compared with GAC and AE. For GAC and AE 1920 BVs and 

1840 BVs, respectively, were treated and none of the filters got fully saturated. The conclusion of the 

study is that AE is likely a more suitable treatment technology for this purpose than GAC but more 

research is needed to determine the breakthrough and design PFAS treatment for leachate. 

 

Sammanfattning 

Under det senaste decenniet har per- och polyfluorerade alkylsubstanser (PFAS) blivit mer och mer 

uppmärksammade på grund av deras spridning till människa och miljö och den risk denna spridning 

innebär. PFAS har många fördelaktiga egenskaper som att de är olje- och vattenavvisande, de tål 

höga temperaturer och är svåra att bryta ner. De har därför använts flitigt i många olika produkter, 

såsom kläder, köksredskap och hygienartiklar. PFAS har också varit en nyckelingrediens i brandskum 

för industrier som flyg, oljeraffinering och brandsäkerhet. Denna användning har lett till att höga 

halter har uppmätts i lakvatten från deponier. I nuläget finns det inte tillräckligt med studier av 

reningsmetoder för att rena lakvatten från PFAS. Därför behövs mer forskning inom detta område 

och utveckling av effektiva behandlingsmetoder.  

Den här studien har undersökt förmågan hos granulerat aktivt kol (GAC), jonbytarmaterial (AE) och 

torv blandat med aska att rena lakvatten förorenat med PFAS i ett kolonnförsök. Resultaten visade 

att AE har en bättre reningseffekt än GAC, att längre kedjor har högre sorptionsförmåga än kortare 

kedjor och att perfluorerade sulfonatsyror (PFSAs) har högre sorptionsförmåga än perfluorerade 

karboxylsyror (PFCAs). Torv- och askkolonnerna hade ett mycket långsammare flöde och mindre 

mängd vatten renades (5 bäddvolymer (BVs) jämfört med 1 920 BVs för GAC och 2 840 BVs för AE) 

och därför gav det färre resultat. De resultat som visade den initiala reningseffekten var för torv- och 

askkolonnerna sämre än för GAC och AE.   

Under försöksperioden var det ingen kolonn som nådde fullständigt genombrott av alla PFAS men 

PFBS, PFBA, PFPeA och PFHxA nådde genombrott för GAC och PFBA och PFPeA nådde genombrott för 

AE. Slutsatsen av denna studie är att AE har en bättre reningseffekt än GAC och att det därför 

troligtvis är en bättre reningsmetod för lakvatten förorenat med PFAS. Ytterligare studier är 

emellertid nödvändiga för att bestämma genombrott för dessa filter och för att designa effektiva 

behandlingsmetoder för PFAS-kontaminerat lakvatten. 



 

Abbrevations 
6:2 FTS  6:2 fluorotelomer sulfonate 

AE  Anion exchanger 

BV  Bed volume  

C  Concentration of constituents after carbon treatment 

C0  Concentration of constituents before carbon treatment 

DOC  Dissolved organic carbon 

DOM  Dissolved organic matter 

EBCT  Empty bed contact time 

fr  Flow rate 

FTS  Fluorotelomer sulfonate 

GAC  Granular activated carbon 

Koc  Sorption constant 

M  Molecular weight 

PFAA  Perfluoroalkyl acid 

PFAS  Per- and polyfluoroalkyl substance 

PFBA  Perfluorobutanoate 

PFBS  Perfluorobutane sulfonate 

PFCA  Perfluoroalkyl carboxylic acid 

PFDA  Perfluorodecanoate 

PFHpA  Perfluoroheptanoate  

PFHxA  Perfluorohexanoate 

PFHxS  Perfluorohexane sulfonate 

PFNA  Perfluorononanoate 

PFOA  Perfluorooctanoate 

PFOS  Perfluorooctane sulfonate 

PFPeA  Perfluoropentanoate 

PFSA  Perfluoroalkyl sulfonic acid 

pKa  Acid dissociation constant 

SPE  Solid phase extraction 

Sw  Water solubility 

Va  Volume of adsorbent 

Vl  Volume of leachate in bed 

Vtot  Total volume of treated leachate for the whole experiment
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1. Introduction  
In the last decade, per- and polyfluoroalkyl substances (PFASs) have got increased attention, as they 

have been observed in humans and nature (e.g. Bossi et al., 2015; Liu et al., 2011), as a result of a 

development in the analytical methods of PFAS (Swedish Environmental Protection Agency (EPA), 

2015). PFAS is known for its wide spread in the environment, its persistent properties and its ability 

of biomagnification through the food chain (Giesy and Kannan, 2001). This has created concern for 

potential risks for humans and animals, such as reduced reproductive ability and an increase in 

cancer (Swedish EPA, 2015).   

PFASs are compounds with various properties. They are oil and water repelling, temperature 

resistant, easily bio accumulated and have a long lifespan. The substances consist of carbon chains 

where some or all the hydrogen atoms have been replaced by fluorine, and a functional group. The 

carbon and fluorine atoms are held together by strong bonds and are hard to break. Due to these 

properties, PFASs are used in various areas such as, clothing and textiles, non-stick cookware, 

cleaning agents and personal care products such as shampoo, toothpaste and makeup (ITRC, 2017; 

Renner, 2001). Additionally, they are used in firefighting foams in aerospace industries, oil refineries 

and firefighting training centres (Swedish Chemical Agency, 2015). The firefighting foam used for 

these purposes represents the biggest point source of PFAS (Swedish EPA, 2016). 

Perfluorooctanesulfonic acid (PFOS), which is one type of PFAS, was prohibited (with some 

exceptions) in the EU in 2008 (European Parliament, 2006) and another type, called 

Perfluorooctanoic acid (PFOA) will be prohibited in 2020 (European Parliament, 2017). Already, in 

2000-2002, 3M decided, as a major global producer, to phase out the production of PFOS (US 

Environmental Protection Agency (EPA), 2000). A few years later, in 2006, eight major global 

companies were invited to the 2010/15 Stewardship program by US EPA, to reduce PFOA (US EPA, 

2006) and in Canada something similar regarding PFCAs was established in 2010 (Government of 

Canada, 2013).  

Despite this, PFAS compounds can be found almost anywhere, but especially near point sources, such 

as firefighting training centres, sewage treatment plants and waste management plants (Swedish 

EPA, 2016). PFAS substances can travel far and research has shown values of PFAS in mammals in 

Greenland and the Faroe islands (Bossi et al., 2015) and organisms living in remote areas such as the 

Antarctic Circumpolar Current (Bengtson Nash et al., 2010). According to a study by Gobelius et al. 

(2018), where the levels of PFAS in Swedish groundwater and surface water were analysed, 46% of 

the inland surface water exceeded the annual average environmental quality standards of the EU 

Water Framework Directive, of 0.65 ng/L for PFOS (European Parliament, 2013). The study also 

showed that 3% of the samples from drinking water sources exceeded the guideline value of 90 ng 

PFAS per litre recommended by the Swedish National Food Agency (Swedish National Food Agency, 

2016). The most common sources for the human body to ingest PFAS from are drinking water and 

food, especially fish and seafood (Swedish EPA, 2015). Hence, to minimise the human intake of PFAS 

it is of high importance to prevent the PFAS to spread to surface and groundwater.  

Industries working with firefighting foams containing PFAS are recommended to send polluted soil to 

a waste management company, as hazardous waste (Swedish Chemicals Agency, 2016), where it will 

be stored on a landfill. However, the waste companies do not have clear requirements on how to 

handle the soil. The guidelines from the Swedish EPA (2019) stated that a landfill practitioner should 
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have knowledge about the outgoing leachate leaving the landfill and should treat the leachate after 

the best of its technical ability. The leachate will usually get treated with methods to remove some 

taste, odour and some organic compounds but these treatment methods have so far had an 

insignificant effect on PFAS (Busch et al., 2010). After the treatment the leachate and the remaining 

PFASs will be released to the environment to mix with surface water and groundwater.  

1.1 Aim, limitations and objectives  

Up to now, there is a lack of studies investigating methods of how to treat PFAS contaminated 

leachate and hence more research in this area and development of suitable treatment technologies 

are needed (Swedish EPA, 2016; Busch et al., 2010). This study aims to address this gap in the 

research and add to the body of knowledge of PFAS treatment, especially in the area of leachate 

treatment. Further, the main aim is to explore if treatment methods that have been used to treat 

PFAS-contaminated drinking water are efficient for treatment of PFAS-contaminated leachate. The 

study aims to provide a foundation for a future full-scale treatment plant at Ragn-Sells, to develop an 

efficient PFAS-removal treatment for their landfill leachate and for other stakeholders with similar 

conditions as well as for other treatment situations. Additionally, since there was an opportunity to 

measure the removal of metals by the filter the study also aimed to investigate if this could be a 

positive side effect of the treatment. In order to achieve these aims these objectives need to be 

fulfilled: 

• Design an efficient treatment experiment  

• Determine the removal efficiency of the treatment methods for PFAS-contaminated leachate 

• Determine the capacity of the materials by deciding the breakthrough for the treatment 

methods  

• Suggest the most suitable treatment method based on removal efficiency and capacity and 

specify its design 

• Evaluate the treatment methods’ ability to remove metals as a side effect when removing 

PFAS 
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2. Background  
The use of PFAS began in the 1950s in polymers and surfactants and has both been used in industries 

and commercial applications/areas. PFAS’s chemical stability and both hydrophobic and hydrophilic 

properties have made PFAS a common compound for surfactants and polymers. They have been 

used for several purposes, for instance in fire-fighting foams, metal plating, varnishes, lubricants, 

petrol and water and oil repellents for leather, paper and textiles (Prevedouros et al., 2006). 

PFAS is rarely occurring naturally in the environment and is mainly a man-made chemical. However, 

there is a possibility that PFAS can be emitted from volcanos during eruptions. Nevertheless, most 

PFASs are manufactured (Ahrens, 2011). There are two main methods to produce PFASs: 

electrochemical fluorination (ECF) and telomerization. The process of ECF is when an electric current 

makes fluorine atoms from an anhydrous hydrogen fluorine replaces hydrogen atoms on the 

backbone of an organic compound (Lau, 2015). Telomerization is instead a process where a telogen 

reacts with a taxogen under radical polymerization conditions, resulting in a telomer (Kostov and 

Ameduri, 2017). 

2.1 PFAS 
Per- and polyfluoroalkyl substances (PFASs) are organic compounds where the hydrogen atoms 

bonded with carbon atoms on the backbone have been replaced with fluorine atoms. Consequently, 

PFAS contains a moiety with the formula CnF2n+1-. PFAS can either be linear or branched depending 

on if all the C atoms are bonded to only 1-2 other C atoms (linear) or if one or more are bonded to at 

least three C atoms (branched) (Buck et al., 2011). The difference between per- and polyfluoroalkyl 

substances was clarified by Buck et al. (2011). They defined perfluoroalkyl substances as compounds 

where all the hydrogen atoms attached to carbon atoms were exchanged with fluorine atoms. 

Polyfluoroalkyl substances, on the other hand, are compounds where at least one, but not all, of the 

hydrogen atoms has been replaced by a fluorine atom in such a manner that the perfluoroalkyl 

moiety CnF2n+1- is included. However, the polyfluoroalkyl substances have the potential to degrade 

into perfluoroalkyl substances (Buck et al., 2011). Two types of PFASs are shown in Figure 1 as 

examples.  

 
Figure 1: Chemical structure of Perfluorooctanoic acid (PFOA) and Perfluorooctane sulfonic acid (PFOS). 

As suggested by Buck et al. (2011), PFASs can be divided into two groups depending on their chain 

length: long- and short-chained. Long-chained PFASs are perfluoroalkyl sulfonic acids (PFSAs) with at 

least 6 perfluorinated carbon atoms and perfluoroalkyl carboxylic acids (PFCAs) with at least 7 

perfluorinated carbon atoms. The reason behind the different categorisations of the groups is that 

PFSAs have a greater tendency to bioaccumulate than PFCAs. This tendency is also the reason why 

the long-chained PFASs have raised more concern than the short chains (Buck et al., 2011). 
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PFASs can be divided into several subgroups. First, they can be arranged into polymers and non-

polymers. Polymers consist of molecule chains that have sequences of molecules that have formed 

covalent bonds with other like or unlike molecules. These sequences are also called monomer. Part 

of the non-polymers are the perfluoroalkyl acids (PFAAs) which are among the most frequently 

mentioned in literature. These are known to be highly persistent and have been used in both 

industry and in consumer applications. Among these are the PFCAs where the general formula is 

CnF2n+1COOH. The most discussed species, out of these PFCAs, is perfluorooctanoate (PFOA). PFOA 

has for instance been heavily used in the process of flouropolymers manufacturing, e.g. producing 

polytetrafluoroethylene, also known as teflon.  

Another subgroup of the PFAAs is the PFSAs, with the general formula CnF2n+1SO3H, where 

perfluorooctane sulfonic acid (PFOS), is the one that has been getting the most attention ever since it 

was discovered in different places of the world (Buck et al., 2011; Giesy and Kannan, 2001), due to its 

health risks (Lau et al., 2007). As mentioned in the previous chapter, the PFOS has been phased out 

in most parts of the world, but it is still manufactured in China where the production increased 

quickly around year 2000 and then leveled out to the now steady production (Xie et al., 2013).  

Fluorotelomer-based products are another group of non-polymers polyfluoroalkyl substances. These 

can be either raw material building blocks, polymeric products or degradation products from 

fluorotelomer raw material. Among these fluorotelomer-based products are the fluorotelomer 

sulfonic acids (FTSs). These compounds are used in firefighting foams and have consequently been 

found close to military bases where fire-fighting activities are common (Schultz et al., 2004). They 

have spread widely all over the world into different parts of society and nature, e.g. municipal landfill 

leachate (Eggen et al., 2010) and surface water and precipitation (Scott et al., 2010). The PFASs 

investigated in this study are all included in PFAS-11 which are the PFASs restricted in drinking water 

(Swedish National Food Agency, 2016). More details of all the PFASs investigated in this study can be 

found in Table 1.  

Table 1: Physiochemical properties for the PFASs included in this study. The table contains acronyms, molecular 

formula, molecular weight (M), water solubility (log Sw), sorption (log Koc) and acid dissociation constant (pKa). 

Compound Acronym Molecular 
formula 

M 
[g/mol] 

log Sw 
[mol/L] 

log Koc 

[mL/g] 
pKa 

PFCAs       

Perfluorobutyric acid PFBA C3F7CO2H 214.04 0.42a 1.88g 0.85a 

0.05d 

Perfluoropentanoic acid PFPA C4F9CO2H 264.05 -0.37a 
 

1.37g 

 

0.81a 

-0.1d 

Perfluorohexanoic acid PFHxA C5F11CO2H 314.05 -1.16a 1.91b 

2.1f 

1.31g 

0.84a 

-0.17d 

-0.16e 

Perfluoroheptanoic acid PFHpA C6F13CO2H 364.06 -1.94a 2.19b 
2.1f 

1.63g 

0.82a 

-0.2d 

-0.19e 

Perfluorooctanoic acid PFOA C7F15CO2H 414.07 -2.73a 2.31b 
2.06c 

1.89g 

1.9h 

0.90a 

-0.21d 

-0.2e 

Perfluorononanoic acid PFNA C8F17CO2H 464.08 -3.55a 2.33b 
2.39c 

2.29f 

2.36g 

0.82a 

-
0.21d,e 
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2.4h 

Perfluorodecanoic acid PFDA C9F19CO2H 514.08 -4.31a 3.17b 
2.76c 

3.8f 

2.96g 

3.6h 

-0.22d 

-0.21e 

PFSAs       

Perfluorobutane sulfonic 
Acid 

PFBS C4F9SO3H 300.10 -1.00a 1.79g -3.94a 
0.14d,e 

Perfluorohexane sulfonic 
acid 

PFHxS C6F13SO3H 400.11 -2.24a 2.70b 

2.2f 

2.05g 

3.6h 

-3.45a 
0.14d,e 

Perfluorooctane sulfonic 
acid 

PFOS C8F17SO3H 500.13 -3.92a 3.34b 
2.57c 

3.7f 

2.80g 

3.8h 

-3.41a 
0.14d,e 
 

FTSs       

6:2 fluorotelomer sulfonic 
acid 

6:2 
FTS 

C8H4F13SO3H 428.17 -2.51a n.a. 0.36e 

aWang et al. (2011), bSepulvado et al. (2011), cHiggins and Luthy (2006), dAhrens et al. (2012), eSteinle-Darling 
and Reinhard (2008), fLabadie and Chevreuil (2011), gGuelfo and Higgins (2013), hAhrens et al. (2010), n.a. not 
available 

 

2.1.1 Properties of PFASs 

There are several physiochemical properties that are associated with PFASs. A PFAS partly consists of 

a tail of a fluorinated carbon chain, that is both hydrophobic and lipophobic (Bhhatarai and 

Gramatica, 2011). Therefore, it has been used widely as a surfactant and as polymers. Most PFASs 

also have a charged hydrophilic head of a functional group, which make them water soluble (Lau, 

2015). Hence, the longer the fluorinated carbon chain is, the more hydrophobic and less water 

soluble (Bhhatarai and Gramatica, 2011). But the type of functional group will also affect the water 

solubility. If the functional group has a high charge (e.g. PFSAs and PFCAs) the water solubility will be 

larger than for uncharged functional groups (e.g. perfluorooctanesulfonamides) (Ahrens, 2011).  

Another property of PFAS is its bioaccumulative nature, which has been confirmed by some studies 

(Martin et al., 2003a; Conder et al., 2008). These studies have shown that long-chain PFAS are more 

bioaccumulative than the short ones. Comparing PFCAs with different chain lengths (n=6-10), adding 

only one CF2 increased the bioaccumulation by 8 times (Martin et al., 2003a; Martin et al., 2003b; 

Conder et al., 2008). The difference in bioaccumulation can depend on various variables. The 

hydrophobicity is one (Tolls and Sijm, 1995), and it is increasing with chain length (Martin et al., 

2003a; Martin et al., 2003b). A study by Kudo et al. (2000) showed how rats accumulated more long-

chained PFASs in their liver and less short-chained. The short-chained PFASs were eliminated by urine 

to a higher degree, due to their lower hydrophobicity. However, the comparison between a PFCA and 

a PFSA of the same chain length showed that the acidity is another important factor (Martin et al., 

2003b).  

The PFASs seem to be very persistent in both aerobic and anaerobic conditions. This has been shown 

in several studies (Remde and Debus, 1996; Sáez et al., 2008; Schröder, 2003). However, one study 

by Schröder (2003) claimed that it was possible for PFOS and PFOA to be degraded in anaerobic 

conditions but Frömel and Knepper (2010) questioned this conclusion suggesting that the results 
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were due to sorption rather than biodegration. Nevertheless, the reason for this persistency may be 

the strong bonds between C and F (ΔH≈407 kJ/mol) (Frömel and Knepper, 2010). Additionally, these 

strong bonds make PFASs stable at high temperatures (Lau, 2015). 

2.1.2 Toxicity 

Since high levels of PFASs (mainly PFOS and PFOA) have been observed in human tissue, blood, 

breast milk and nails in several studies in different parts of the world (Kannan et al., 2004; Kärrman 

et al., 2007; Liu et al., 2011; Llorca et al., 2010), there is a need to understand the risks with PFASs. 

According to Borg and Håkansson (2012), PFAS does not accumulate in fatty tissues like classical 

persistent organic pollutants. Instead they bind to proteins, plasma, the liver and fatty acid-binding 

proteins in cells. The accumulated PFASs has been shown to lead to an increased risk of for example, 

kidney and testicular cancer (Barry et al., 2013), lower bed weight (Fei et al., 2007), reduced 

fecundity (Fei et al., 2009), reduced quality of semen in young men (Joensen et al., 2009) and thyroid 

diseases (Melzer et al., 2010). 

2.2 Treatment technologies  
The treatment technologies that traditionally have been used for leachate treatment are, according 

to Eggen et al. (2010), short-term biological degradation, aeration and sedimentation. For instance, 

two on-site leachate treatment facilities in Spain were in 2017 using an external membrane 

bioreactor that consisted of a two-stage biological process (aerobic and anaerobic nitrifying 

pressurised reactor) integrated with ultrafiltration (Fuertes et al., 2017). However, these methods 

have not shown efficient results for PFAS removal (Busch et al., 2010). In Busch et al. (2010), where 

several treatment technologies were compared for PFAS-contaminated leachate, biological 

degradation had the lowest removal efficiency of PFAS followed by wet oxidation, flotation, activated 

carbon and membrane treatments. It is therefore necessary to add another treatment technology to 

the treatment of PFAS-contaminated leachate.  

To the knowledge of the author, there are only two published studies regarding treatment of PFAS-

contaminated leachate, Busch et al. (2010) and Fuertes et al. (2017). However, there are many more 

studies published on treatment on PFAS-contaminated drinking water (e.g. Appleman et al., 2013; 

Appleman et al., 2014; Shivakoti et al., 2010; Quiñones and Snyder, 2009; McCleaf et al., 2017; 

Eschauzier et al., 2012). All of these except Quiñones and Snyder (2009) have used activated carbon 

and/or ion exchange and obtained efficient PFAS removal.  

2.2.1 Activated carbon  

The process of adsorption can be described as pollutants (adsorbates) being removed from either a 

liquid or a gas and attached to a material’s surface (adsorbent). There are a few different adsorbents. 

Some are polymer-based compounds but the most commonly used one is activated carbon. 

Activated carbon is known for its large surface area, a surface of 500-1500 m2 per gram. Thus, 

activated carbon has a high adsorption ability. The most favourable conditions are when the 

adsorbate is hydrophobic, has high molecular weight and low polarity and the temperature is low. 

However, the adsorbent is sensitive to clogging if there are high levels of suspended materials in the 

liquid or gas. Hence, filtration before adsorption is necessary (Persson and Nilsson, 2011). 

About 100-200 grams per kg of coal can be adsorbed. The activated carbon is commonly used in 

granulated form in columns. When the carbon reaches the saturation point or when it does not 

remove efficient enough, the adsorbent needs to be regenerated. The method for this depends on 

how the adsorbate is bounded. Sometimes, it can be reactivated through pH-changes or addition of a 
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solvent. However, for treatment of water effluents, a thermal regeneration in a furnace is needed 

which is way more costly than the other methods and for small-scale treatment not an option. In 

these cases, the carbon is discarded as waste (Persson and Nilsson, 2011).  

Activated carbon has several applications. It can be used to treat wastewater containing for instance 

pharmaceutical residues, to recycle phenols or as a polishing step to remove small amounts of 

compounds after earlier treatment. It is therefore sometimes used for removal of odour and flavour 

from clean water (Persson and Nilsson, 2011). As stated above, studies have also found activated 

carbon to be an efficient method for removal of PFASs in both leachate (Busch et al., 2010) and 

drinking water (Appleman et al., 2013; Appleman et al., 2014; Shivakoti et al., 2010; Eschauzier et al., 

2012; McCleaf et al., 2017).  

The treatment by activated carbon in the study of Busch et al. (2010) resulted in effluent PFAS 

concentrations between 9.26-4 079 ng/L (mean concentration before treatment of ƩPFAS = 6 086 ± 4 

638 ng/L). Details of the specific properties for all treatment plants were not shared in the 

publication and hence, there is far from an existing standard method for treating PFAS-contaminated 

leachate. However, more details were available in some of the studies on PFAS treatment for 

drinking water. In Appleman et al. (2013), where treatment on PFAAs was conducted, rapid small-

scale columns with a bed volume (BV) of 0.385 cm3 and an empty bed contact time (EBCT) of 0.38 

seconds was used for treatment with granular activated carbon (GAC) (Calgon Filtrasorb® and 

Siemens AquaCarb®). The influent concentration was about 6 500 ng/L. The results showed that after 

up to 125 000 BVs of water without dissolved organic matter (DOM), all PFAAs had reached <20% 

breakthrough, while treatment with DOM reached the same breakthrough at 10 000 BVs (Appleman 

et al., 2013). Other studies have confirmed that the removal efficiency of GAC can be reduced during 

presence of organic matter, such as dissolved organic carbon (DOC), competing for active sites as 

well as preloading or fouling of the GAC (Altmann et al., 2014; Rahman et al., 2014). 

Another study (Appleman et al., 2014), where 23 types of PFASs were analysed in a liquid-

chromatography tandem mass-spectrometry, compared several different treatment technologies 

(e.g. coagulation, filtration, aeration, oxidation and disinfection) on a full-scale level. The study found 

that only GAC, anion exchanger and reverse osmosis efficiently removed PFASs. The GAC treatment 

preferred removal of longer-chain PFASs and PFSAs before PFCAs. The initial concentration range was 

from 25.85 to 339.73 ng/L, the EBCT was approximately 13 minutes and the removal efficiency was 

up to 96% (for PFBS and PFHxS) (Appleman et al., 2014).  

Similarly Eschauzier et al. (2012) compared various treatment technologies including for instance 

coagulation, dune passage, rapid sand filtration, pellet softening and slow sand filtration and came to 

the conclusion that only GAC was effective in removing PFAAs. The treated water contained 26 and 

19 ng/L PFBA and PFBS. Some other types of PFAAs could be detected at concentrations as low as 4.2 

ng/L. A fourth study (McCleaf et al., 2017), performed a column experiment with GAC and anion 

exchanger to investigate how chain length affected the removal. They concluded that the removal 

efficiency was increased with chain length and that PFASs with sulfonate groups (PFSA) had higher 

efficiency than the ones with carboxylate groups (PFCA). Here the EBCT was 6.1 minutes and the 

initial concentration was about 100 ng/L. The average removal efficiency was 62% (McCleaf et al., 

2017). 



8 
 

2.2.2 Ion exchange 

Ion exchange is another treatment method and it resembles adsorption. Instead of pollutants getting 

adsorbed to a surface, ions are removed from the solution and then attached to an ion exchange 

surface which releases another ion at the same time. This surface can be either a cation exchanger, 

an anion exchanger or sometimes both. The cation exchanger is commonly charged with sodium or 

hydrogen ions and the anion exchanger with hydroxide or chloride anions. The process continues 

until breakthrough, when the exchange no longer occurs. Since ion exchange is a reversible process, 

the resin can be reused several times as long as it gets regenerated when no more ions get 

exchanged. The resin can then be washed with the exchange ions that initially was in the resin and a 

reversed exchange will occur. Consequently the pollutant ions will exchange with exchange ions and 

come off the resin to be collected in a more concentrated form (Persson and Nilsson, 2011).  

The resin can be made of both natural materials such as peat or synthetic materials such as styrene 

and acrylate which are the most commonly used. Like treatment with activated carbon, filtration 

before the columns is needed to prevent clogging. Ion exchange is most efficient in a packed bed 

while a fluidised bed or a mixed tank is less sensitive to particles in the water. The capacity for ion 

exchangers depends on different factors such as adsorptivity of the resin, design of the plant, load 

and temperature. However, the capacity range that is true for most resins is 1.3-1.5 equiv/L for 

strong acid cation resins and 0.4-0.9 equiv/L for weak acid cations and base anion resins.  

Due to ion exchange’s relatively low capacity it is mainly used for already quite clean water. It is used 

for desalination of water, treatment of rinse baths within the surface treatment industry and 

recovery of metals from process baths (Persson and Nilsson, 2011). Lately, it has also been used in 

experiments for treatment of PFAS-contaminated water (e.g. Deng et al., 2010; Lampert et al., 2007; 

Appleman et al., 2014; McCleaf et al., 2017). One study by Deng et al. (2010), focused on removal of 

PFOS by anion exchanger resins in a batch sorption experiment. They found that the sorption 

capacity for PFAS on the resins IRA67 and IRA958 was 4-5 mmol/g. Naturally, the anion exchanger 

was the main reason for the sorption but with higher concentrations backbone adsorption and 

multilayer adsorption was partly part of it as well. The initial concentrations of PFOS were 200 mg/L 

and 400 mg/L. They also showed that the resin could be regenerated successfully with a mixture of 

NaCl and methanol (Deng et al., 2010).  

Lampert et al. (2007) compared different treatment methods in a batch test for removal of PFOS 

(3000 mg/L) and PFOA (1000 mg/L) in process wastewater. The resin A-714 showed the highest 

removal efficiency and had after 25 hours reduced the concentration of PFOA to 13 mg/L and PFOS 

to <1 mg/L. They found that ion exchange was the best method compared to activated carbon, 

adsorption to calcium fluorine solids, evaporation and liquid-liquid extraction. Another full-scale 

study by Appleman et al. (2014), which was discussed in Chapter 2.2.1, showed similar results to 

them for activated carbon. Ion exchange was efficient removing PFAS, more efficient for longer 

chains and it preferred PFSA before PFCA. McCleaf et al. (2017), which also was discussed in Chapter 

2.2.1, found that the removal efficiency of PFAS for ion exchange was 66% in their column 

experiment. They used an EBCT of 4.9 minutes and the long-chained PFASs were removed most 

efficient with the PFSAs before PFCAs (McCleaf et al., 2017). 

2.2.3 Peat mixed with ash  

A third way to treat leachate is to use a natural treatment system. The name natural comes from the 

similarity with the systems found in nature. The natural treatment systems are manmade artificial 
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systems with similar material and processes as the ones in nature. Hence, they are usually cheap and 

low-tech options compared to, for example reverse osmosis which is a high-tech system (Kängsepp, 

2008). The process of treatment in natural systems can be described as micro-organisms degrading 

organic matter and pollutants settling in the soil. Nitrogen and phosphorus get consumed by the 

plants as nutrients (Persson, 2011). Peat is one natural material that can be used in a natural 

treatment system. Since peat is a very cheap material that exists in abundance in Sweden it is often 

used and mainly in a filter bed where the purification of the leachate occurs. The actual efficiency of 

the treatment system depends on the composition of the leachate, pH and composition of the filter 

material (Kängsepp, 2008).  

A study by Mårtensson et al. (2007) investigated different treatment methods for landfill leachate. 

For instance, they tried to combine a pre-treatment of aeration and sedimentation with a geo-bed 

consisting of peat and bottom ash with 10% remaining carbon (ratio peat/ash 3:1). The retention 

time was 31 hours. This gave the best cleaning result regarding e.g. BOD, TOC, ammonia and nitrogen 

compared to bioremediation, chemical oxidation and ozonation. In this study peat with and without 

ash was compared and the peat with ash showed a better removal of organic compounds 

(Mårtensson et al., 2007). Another study (Svensson et al., 2011) performed treatment on landfill 

leachate with the same mixture of peat and ash on a full scale. The treatment was efficient for 

removal of several metals and some organic compounds (Svensson et al., 2011). However, PFAS was 

not investigated in these studies. There is one study by Zhi (2017), where treatment of PFAS-

contaminated water in a peat filter (no ash) was performed. This study showed that some sorption 

occurred, especially for the long chains, but soot and charcoal showed better sorption abilities than 

peat (Zhi, 2017). 

There is however one example of an efficient treatment of highly PFAS-contaminated groundwater, 

performed by Laqua Treatment AB. They used the same mixture of ash and peat as Mårtensson et al. 

(2007) in serial columns in combination with a hybrid filter of lightweight expanded clay aggregate 

(LECA) in which Salix was grown. The flowrate was 140L/m2/day and the groundwater was cleaned by 

99.97% (from 170,000 to 48 ng/L). This has been evaluated on both a column, pilot and full-scale 

level (Rosenqvist, 2019b).  
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3. Material and methods  
The column experiment was performed in a container located right next to a leachate pond at Ragn-

Sells’s site Högbytorp, located north of Stockholm. The PFAS analysis was performed by SynLab and 

the metal analysis in a laboratory at Högbytorp. 

3.1 Leachate and materials  
In this section, the properties of the leachate and the different treatment materials are described. 

3.1.1 Leachate  

The leachate used for treatment was a mix of two leachate streams. The first stream originated from 

an old landfill that is now covered and not in use and the other stream came from an active part that 

serves for disposal and non-hazardous waste (mostly contaminated soils). Both streams were treated 

through nitrification and sequencing batch reactors and stored in a sedimentation pond (Blomdahl, 

2017). The leachate used in this experiment was then pumped from a well in the sedimentation pond 

into a 1m3 container. Some properties of the leachate can be seen in Table 2 and Table 3. A figure 

including levels of PFAS for all samples taken after the sand filter can be found in Appendix A. 

Table 2: Properties of leachate determined in the Ragn-Sells laboratory. 

Properties leachate   

pH 7.9-8.0 

Conductivity 6.0-6.2 mS/L 

DOC 80-120 mg/L 

Chloride 2000 mg/L  

 

Table 3: Earlier levels of PFAS. 

Earlier levels of PFAS (ng/L)     

 2016-12-

07a 

2018-03b 2018-06b 2019-

02-11c 

2019-

02-11d 

2019-

02-20d 

2019-

03-13d 

ƩPFAS  18 500 15 500 16 000 15 000 15 000 14 000 

PFOS 127 1 440 650  40 60 50 

PFOA 571 624 730  100 200 100 
aBlomdahl (2017), bAppendix B, cSample from this study, analysed at SLU, dSamples from this study, analysed at 

SynLab. 

3.1.2 Granular activated carbon 

The granulated activated carbon (GAC) used in the experiment was CarboTech Pool W 1-3. The bulk 

density of the GAC was 432 g/L, iodine number 755 mg/g and the particle size was between 0.5-3.35 

mm where most particles were between 1.0-2.5 mm. The GAC was produced from regeneration of a 

used, mineral coal based activated carbon in a fluidised bed oven. Main applications of this GAC is 

treatment of landfill leachate and industrial wastewater (Bongartz, 2019). 

3.1.3 Anion exchanger  

The anion exchanger (AE) resin used for the experiment was Purolite PFA694E. The mean diameter 

was 675 ± 75µm and the polymer structure polystyrene crosslinked with divinylbenzene. The 

application of the resin is removal of PFAS (Purolite, 2019).   
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3.1.4 Peat and ash 

The peat used in the study originated from Markaryd in the south of Sweden. The bottom ash was 

from a pulp and paper industry in Timfors, also in the south of Sweden (Rosenqvist, 2019a). The fly 

ashes were residues from incineration of wood at Enköpings träförbränning. This ash was used based 

on the results from an earlier experiment on PFAS-contaminated soil. In the experiment, several 

materials, such as activated carbon and different types of wastes were used to reduce the soluble 

PFAS that would get into the leachate. In this experiment, the fly ash removed PFAS efficiently 

(Travar, 2019).  

3.2 Lab experiment  
A batch test had been performed with activated carbon, in a first step to determine the sorption 

isotherms and the total capacity of the activated carbon to sorb PFAS, according to standard ASTM 

D3860 (see Appendix C). In the next step, the design of the column test was determined based on the 

method used in McCleaf et al. (2017). However, this method was modified since McCleaf et al. (2017) 

treated drinking water and not leachate. The treatment of leachate in the present study included 

four experiments for treatment (see Figure 2 and Appendix D). All experiments treated the same 

leachate that was taken from the pond and stored in the container of the volume 1 m3.  

  

Figure 2. The design of the experiment. The GAC column contained 0.3 L of material and had an EBCT of 20 

minutes, the AE column contained 0.2 L of material and had an average EBCT of 8 minutes and the peat and ash 

columns contained 10 L of material and had a flow of 1 L/day.  

For the first experiment, the leachate was pumped using a peristaltic pump (Millipore cat no. xx80 

ELO04) from a container to a column filled with sand and stored in a second container before it was 

pumped further to a column filled with GAC (see Figure 2). The second pump was a peristaltic pump 

with two heads (Watson Marlow 505Dz). This discontinuous pump was used because of its ability to 

scale up an optimised process easily compared to a continuous pump (Anderson, 2018). A sand filter 

was used as pre-treatment to remove suspended particles and PFAS bound to particles to prevent 

clogging of the column filled with GAC (following Persson and Nilsson, 2011). The volume of the sand 

filter was 11 L in a column with a diameter of 12 cm. The second experiment was the identical to first 
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experiment with a different sorbent material, AE resin. The amount of GAC was 0.3 L (130.2 g) and 

amount of AE resin was 0.2 L (127.0 g). The volume of sorbents was recommended by the producers 

of these materials.  

To decide the flowrate of the leachate through the GAC and the AE resin columns, a pre-sampling 

was performed with various empty bed contact times (EBCTs) (5, 10 and 20 minutes for GAC and 2, 4 

and 8 minutes for AE). The EBCT can be calculated as following: 

𝐸𝐵𝐶𝑇 =
𝑉𝑙

𝑓𝑟
                                                                                                                                                        (1) 

where      Vl = volume of leachate in bed (mL) 

                   fr = flow rate (mL/min) 

The pre-samling consisted of 20 leachate samples (3 from the untreated leachate, 3 after the sand 

filter, 6 after the GAC and AE column each, 2 for every EBCT) and 1 blank sample (pure water to 

consider any released PFAS from the bottles). The samples were analysed at SLU (Swedish University 

of Agricultural Sciences). This was done to ensure that a realistic EBCT was used where both the 

equilibrium could be reached as well as a breakthrough where saturation of the GAC and the AE resin 

was reached. However, this analysis could only show some of the PFASs (the shorter chains) but for 

these, the longer EBCT gave a higher removal efficiency (e.g. for GAC, PFPeA: EBCT of 5 minutes 

removed 40% and 20 minutes 90%, PFHxA: EBCT of 5 minutes removed 60% and 20 minutes 80% and 

PFHpA: EBCT of 5 minutes removed 60% and 20 minutes 80%). Hence, the longest EBCT was used for 

the rest of the experiment.  

Since the pump for the GAC and AE filters was a batchwise pump the doses were sized to fit the EBCT 

and the bed volume. The GAC bed could hold 200 mL of leachate and hence that became one dose 

that was pumped out every 20th minute. Since the pump could not pump different amounts of water 

to the GAC and AE filter, the same dose was used for AE resin. Backwashing of the GAC and AE filters 

was performed after sampling to prevent clogging. The filters were flushed with Milli-Q water from 

the bottom of the filters to the top. 5 doses of water (1 L) was used at every backwashing. The 

sampling and backwashing schedule can be found in Appendix E. 

In the third treatment experiment, the leachate was pumped through two columns connected in 

series. The first column contained a mixture of 80% peat and 20% bottom ash (residues from 

incineration in a pulp and paper industry) (PBA1) and the second column was composed of 65% peat 

and 35% bottom ash (PBA2). These columns had a diameter of 12 cm and a height of 85 cm. The 

leachate was pumped through the columns by a peristaltic pump of the model Luca IP55 with a flow 

corresponding to 1 L/day (corresponds to 89 mm/day), which was suggested by the provider Laqua 

(Rosenqvist, 2019b).   

In the fourth treatment experiment, the leachate was treated through a column filled with 85% peat 

and 15% fly ash that was created after incineration of wood chips (PFA). The amount of fly ash was 

determined based on the fact that fly ash contains about 30% more Ca than the bottom ash (Latifi et 

al., 2015) and hence would have a significantly higher pH if same amounts of ashes would be used. 

The dimension of this column and irrigation scheme was the same as in the third method.  

For easier comparisons of the results between the columns and with other studies, the unit BVs was 

used to normalise the volume. It can be calculated as: 
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𝐵𝑉𝑠 =
𝑉𝑡𝑜𝑡

𝑉𝑎
                                                                                                                            (2) 

Where: 

BVs = Bed volumes 

Vtot = Total volume of treated leachate for the whole experiment (L) 

Va = Volume of the adsorbent (L) 

 

3.3 Chemical analysis  
The chemical analysis included both analysis of PFASs and metals. 

3.3.1 PFAS analysis 

The pre-sampling of PFASs was analysed in a laboratory at SLU by an online solid phase extraction 

(SPE) (see Figure F1). A sample was injected to a high-volume loop and then went further to a 

trapping column where it was backflushed by an elution gradient (following Schäfers, 2018). 

However, this method did not show enough results and the remaining samples were sent to SynLab. 

At SynLab, 8 samples for GAC and AE were analysed together with the corresponding samples taken 

after the sand filter. The peat-ash columns had only treated around 5.5 bed volumes and is was 

assumed that there would not have been any big changes in the removal efficiency. Therefore only 1 

sample of the fly ash column and 1 sample for the bottom ash column were analysed. The analysis 

was performed by SynLab Analytics & Services Sweden AB with the method DIN 38407-42 mod. In 

the analysis, the PFASs inspected for drinking water, PFAS-11 (Swedish National Food Agency, 2016), 

were analysed. 

3.3.2 Metals analysis 

To investigate if the filter materials have effects on treatment of other substances in the leachate, it 

was decided to perform a metal analysis as well. The metals that were analysed were some that have 

limit values for leachate from landfills according to Swedish EPA (2008). These metals have these 

limits due to risks to human health since they can be e.g. endocrine disruptive, bio accumulative or 

cancerogenic (ibid.). However, some of these could not be analysed with the chosen method and are 

therefore not included.  

The leachate samples were prepared before analysis according to the standard SS-028150 (Swedish 

Geotechnical Institute, 2009), where 4 ml leachate sample were treated with 7M HNO3 and boiled at 

120 oC for 30 minutes. The concentrations of metals in the leachate were analysed with Inductively 

coupled plasma mass spectrometry (ICP-MS) by using high-temperature plasma to produce positive 

ions. The sample was sprayed as aerosols into the base of the plasma. As it moved through the 

heating zones the sample dried, vaporised, atomised and finally ionised (Thomas, 2001). For this 

analysis an Aglient 7500 cx was used in a helium mode. The components of the system were a 

peltier-cooled spray chamber (Quartz Scott-type), high matrix introduction system, MicroMist glass 

concentric nebulizer and nickel sample and skimmer cone. The RF power was 1500 W and the sample 

flow rate was 7 min/sample. 

3.4 Calculations of results 
The removal efficiency was calculated by the following formula: 

 Ƞ = (1 −
𝐶0

𝐶
) ∗ 100                                                                                                         (3) 



15 
 

Where: 

Ƞ = removal efficiency, % 

C0 = concentration of constituents before treatment, mg/L 

C = concentration of constituents after treatment, mg/L  

 

The cumulative normalised adsorption was calculated by the following formulas:  

𝑋𝑛

𝑀
=

𝑋𝑛−1

𝑀
+

𝑉∗((𝐶0𝑛−𝐶𝑛)+(𝐶0𝑛−1−𝐶𝑛−1))/2

𝑀
 for n > 1                                (4) 

 

𝑋1

𝑀
=

𝑉∗(𝐶01−𝐶1)

𝑀
                                                                     (5) 

 

Where: 

Xn = amount of constituent adsorbed for the nth sample, mg 

C0n = concentration of constituents before treatment for nth sample, mg/L 

Cn = concentration of constituents after treatment for the nth sample, mg/L 

V = volume of sample, L 

n = the number of the sample  

M = weight of carbon, g 

X/M = constituent adsorbed per unit weight of carbon, mg/g 
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4. Results  
The experiment lasted for 66 days and treated 570 L water through each GAC and AE column and 55 

L through every peat-ash column. The removal efficiency was calculated from the samples after the 

GAC, AE and peat-ash columns compared to the leachate going through the pump just before the 

columns. After 1000 L of leachate had been treated in total (after 1600 BVs for GAC and 2350 BVs for 

AE), new leachate from the pond was pumped into the container. The levels of PFAS and metals 

varied over time and especially after the refill of leachate (see Appendix A and J). Due to power cuts 

and planning difficulties, the EBCT was not always 20 minutes and 8 minutes, respectively, for the 

GAC and AE columns. These variations can be found in Appendix G. Due to an exceptionally low 

removal efficiency of PFAS in the GAC column after 600 BVs, which was far off the trend curve, this 

sample was not included in results (see Appendix H). The significant figures that have been used 

through the results are based on the measurement uncertainty from the analysis.  

 

4.1 PFAS 
For the analysis, there was an uncertainty of 30% for all results indicated by error bars in Figure 3. 

The concentration of PFAS-11 before and after treatment with error bars can be seen in Figure 3. Due 

to high uncertainties, only for the first sample a removal was certain for GAC (see Figure 3a). 

However, for AE the error bars for the untreated leachate do not cross the error bars for treated 

leachate and hence removal of PFAS-11 occurred in all samples (see Figure 3b). 

  
Figure 3. Concentration of PFAS-11 before and after treatment of a) GAC and b) AE as a function of BVs. 

4.1.1 Granulated activated carbon 
During the experiment out of all PFAS-11 including both linear and branched PFOS, 9 PFASs were 

detected (except from the sample after 1 720 BVs where low values of PFNA were shown and hence 

10 PFASs were detected). During the experiment 1 920 BVs were treated where the last analysed 

sample was taken after 1 720 BVs.  

For the PFSAs, the longer the chain the higher removal was found during the whole experiment (see 

Figure 4a). For example, removal of PFOS was about 60% compared to 10% for PFBS after 1 720 BVs. 

All three PFSAs had similar trends regarding changes in removal. Between the first and fourth point 

(for PFOS the second and the fourth) there was a decrease in removal efficiency. PFBS reached 0% 

removal at this point. Between the fifth and sixth point there was an increase and it was followed by 
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a decrease in removal efficiency. The curve for the changes in removal efficiency of 6:2 FTS is similar 

to the other PFAS’s curves with a decrease to the fourth point, an increase to the sixth and then a 

decrease. For PFCAs, the longer chains were removed more efficient than the shorter chains (see 

Figure 4b). Additionally, there was a similar trend to the PFASs for the first four points, however this 

decrease was steeper. All PFCAs except from PFPeA and PFBA, had an almost identical increase in 

removal of PFSAs. PFBA’s removal efficiency decreased even further with negative removal before it 

increased towards zero. Comparing PFSAs and PFCAs shows that PFSAs were more efficiently 

removed than PFCAs. 

 

Figure 4. Removal efficiency by GAC of a) PFSAs and 6:2 FTS and b) PFCAs as a function of BVs. 

The cumulative adsorption curves for different PFASs have various shapes (see Figure 5a). PFBS is the 
PFSA that had been the mostly adsorbed and its curve has a slightly concave shape. The curves for 
PFHxS, PFOS and 6:2 FTS are more linear and the adsorption did not change with bed volumes. The 
shapes for PFCAs adsorption curves vary as well (see Figure 5b). The curve for PFBA has a negative 
slope from 500 BVs went down to almost half of the cumulative adsorption at the last sample at 
1720 BVs compared to the maximum value. PFPeA’s adsorption curve is almost flat from 500 BVs and 
the last three points are parallel to the x-axis. PFHxA’s adsorption curve is steep at first and then 
takes a more concave shape. The last two PFCAs, PFHpA and PFOA have close to linear curves where 
the slopes do not change notably. A total of 10 000 ng PFAS-11 per g GAC was adsorbed during the 
experiment (see Appendix I). 
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Figure 5. The cumulative adsorption of a) PFSAs and b) PFCAs on GAC measured in ng PFAS per g GAC as a 
function of BVs. 
 
A comparison between linear and branched PFOS can be seen in Figure 6. The two types of PFOS 

followed the same trend. However, the linear PFOS got removed with a higher removal efficiency. 

The difference between the two was in general between 10% and 20%. 

 
Figure 6. Removal efficiency of linear and branched PFOS removed by GAC as a function of BVs. 

As can be seen in Figure 7, there was a general increase in removal efficiency with chain length. The 

removal of PFSAs was higher than the removal of PFCAs and the 6:2 FTS was slightly lower than for 

the other PFSAs. The PFCA of chain length 5, PFHxA, broke the otherwise linear increasing trend for 

PFCAs with a low negative removal efficiency at this point. However, as can be seen in Table 4, its 

average removal efficiency was higher than the shorter chains. 
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Figure 7. Removal efficiency by chain length treated by GAC in the final sample after 1723 BVs. 

4.1.2 Anion exchanger resin 

The analysis of the leachate treated in the AE resin could in total detect 9 PFASs. However, PFOS was 

only detected in the sample after 2550 BVs and PFHxS only in the last two samples. The first two 

sample points could only detect one species of PFAS each (PFHxA after 7 BVs and PFBA after 63 BVs). 

During the experiment, 2 840 BVs were treated, and the last sample was taken at the end point.  

The removal efficiency of PFSAs was close to 100% during the experiment except from 6:2 FTS (see 

Figure 8a). A decreasing trend for PFBS could be observed but the longer chains were mostly not 

detectable. 6:2 FTS was efficiently removed through the experiment with a removal efficiency above 

70%. The removal efficiency decreased initially to 870 BVs where it levelled out with no big changes 

in removal efficiency until 2 550 BVs where it suddenly dropped before it increased again. As can be 

seen in Figure 8b, the PFCAs were removed less efficient than PFSAs (e.g. the best removed PFCA, 

PFOA was removed by 90% in the last sample compared to PFBS with 100%) but PFOA and PFHpA 

had removal efficiencies over 80% at the end. PFBA and PFPeA reached zero removal during the 

experiment, at 870 BVs and 2 550 BVs respectively. All PFCA curves follow the trend of decreasing 

removal efficiency where PFBA has the steepest and PFOA the flattest.  
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Figure 8. Removal efficiency of a) PFSAs and 6:2 FTS and b) PFCAs by AE as a function of BVs. 

The cumulative adsorption of PFSAs increased during the experiment (see Figure 9a). PFBS had been 

adsorbed the most by the filter. The adsorption increased linearly until 2 050 BVs where it slightly 

started to level off. PFHxS and PFOS had a lower linear adsorption that got steeper after 2 050 BVs. 

For 6:2 FTS the adsorption followed a linear increasing trend until 2 050 BVs where it got steeper. For 

the PFCAs, PFPeA and PFHxA the curves start to increase linearly and after 2 053 BVs for PFHxA and 1 

740 BVs for PFPeA, they get flatter (see Figure 9b). The PFHpA and PFOA followed a linear increase 

while PFBA increased to 870 BVs and then it decreased during the rest of the experiment. A total of 

40 000 ng PFAS-11 per g AE was adsorbed during the experiment (see Appendix I). 

  

Figure 9. Cumulative adsorption of a) PFSA and 6:2 FTS and b) PFCA on the AE filter as function of BVs. 

As can be seen in Figure 10, there was an increasing trend of removal efficiency with increasing chain 

length for PFCAs. At this point, there was a large range for the removal of PFCAs. The shortest chain, 

PFBA, had a negative removal of -10% while PFOA still had a high removal of 90%. The PFSAs had an 
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even higher removal efficiency with the shortest chain PFBS at close to 100% and the longest PFOS 

not being detected in the sample. The 6:2 FTS was removed with the same efficiency as the 

corresponding PFCA, 80%. 

 

Figure 10. Removal efficiency by chain length treated by AE in the final sample at 2843 BVs. 

Since the linear and branched PFOS were not detected in more than one sample it was not possible 

to compare the removal of linear and branched PFOS for AE.  

4.1.3 Peat and ash 

For the peat and ash columns, fewer BVs were treated due to a slower flow of leachate as well as 

larger columns (6 BVs for PBA and 5 BVs for PFA). Hence, only a few samples were analysed. In Figure 

11a, the removal of different PFASs as a function of chain length after 2 BVs in the PBA2 filter is 

shown. The removal efficiency for the two longest PFCAs was higher than the three shorter chains. 

However, there is not a visible trend of increased removal by increased chain length since PFBA (C3) 

was removed more efficient than PFPeA (C4) and PFHxA (C5). Comparing the different groups, the 

PFSAs were removed more efficient than 6:2 FTS and PFCAs. . Additionally, it can be seen in the 

figure that PFHxS (C6) and PFOS (C8) were not detected in the sample. Further, PFHpA (C6), PFOA (C7) 

and 6:2 FTS were removed by at least 90% in this initial sample. For the PFA column (see Figure 11b), 

the PFCAs’ removal efficiency increased with chain length. The three shortest chains had less than 

20% removal efficiency while the longest (PFOA) was removed by 90%. The PFSAs did not show the 

same increasing trend since PFHxA (C6) had the highest removal efficiency of 80% while the other 

two were lower. 6:2 FTS had the highest removal efficiency since it was not detected in the sample at 

all.  
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Figure 11. Removal efficiency by chain length treated with a) PBA2 after 1 BV and b) PFA after 2.0 BVs. 

4.2 Metals 
The levels of the metals in the leachate included in Swedish EPA (2008) were mostly below or within 

the limit values already before the treatment (see Table 4). Cr, As, Cd and Pb had concentrations 

below the limit values through the whole experiment while Zn had values both within the range of 

limit values and below. However, for Ni and Cu, some values were above the limits. In the sample 

taken after 950 BVs of GAC, 71 µg/L of Ni and 28 µg/L of Cu was determined (see Appendix J).  

Table 4. Concentrations of metals in untreated leachate compared to limit values. 

Metals Concentration in untreated 
leachate (µg/L) 

Limit valuesa (µg/L) 

Zn 14 – 35  30 – 60  

Cr 7 – 18 20 – 30  

Ni 16 – 71  30 – 60  

Cu 1 – 28  10 – 20  

As 2.8 – 5.0 10 

Cd 0.02 – 0.13 0.2 – 0.5 

Pb  0.3 – 1.2 2 – 3  
aSwedish EPA (2008) 

During the treatment, GAC had the highest removal of metals (for Zn, Ni, Cd and Pb) (see Table 5). It 

also had the highest initial removal of Cu even though PBA had a higher average (however with fewer 

BVs treated). AE had a lower removal efficiency of metals compared to GAC and PBA in general. The 

best removal results for the AE resin were for Cr, Cu and Pb which were removed with at least 70% 

initially. PBA showed a very high removal of Cr initially (95%) and high values through the 

experiment. Zn, Ni and Cu showed removal over 50% initially but they ended up with lower or 

negative removal along the experiment period. No removal was observed for Cd or Pb. PFA did not 

show any removal of metals. Instead the material released all the measured metals. This was 

particularly significant for Cd and Zn. 
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Table 5. Average, start and end removal of metals by GAC, AE, PBA and PFA. 

Metals 

GAC 

start % 

GAC  

end % 

GAC  

ave % 

AE  

start % 

AE  

end % 

AE   

ave % 

PBA 

start % 

PBA 

end % 

PBA 

ave % 

PFA   

start % 

PFA  

end % 

PFA  

ave % 

Zn 91 29 32 41 20 16 58 -160 -140 -100 000 -40 000 -60 000 

Cr 83 -4 35 75 7 24 95 62 80 -1 000 -190 -230 

Ni 87 -4 20 47 3 13 76 -69 2 -6.5 -110 -100 

Cu 86 57 45 71 1 19 70 35 52 -42 -600 -270 

As -83 -1 -17 13 4 4 18 -70 -55 -540 -11 000 -8 000 

Cd 82 0 33 39 0 11 -250 -830 -690 -1 400 000 -170 000 -390 000 

Pb 86 28 30 82 25 20 -2 -110 -46 -1 500 -5 100 -3300 

 

For GAC, most of the metals had reached zero removal at the end point of the experiment or at least 

reduced the removal efficiency significantly. Additionally, most metals had a decreasing removal 

efficiency during the experiment. One exception was after 800 BVs were the efficiency increased 

again. This was especially significant for the removal of Ni and Cu (see Figure 12). Cu and Zn had both 

varied removal efficiencies that did not give a clear trend indication. As only had negative removal in 

all samples and was therefore not included in the figure. 

   

Figure 12. Removal of metals by GAC as a function of BVs. 

For the AE filter, the initial samples had the highest removal efficiencies (see Figure 13). Like GAC, 

there was a decreasing trend during the first 1 200 BVs where all the metals were removed by 

between 0%-10%. After this sample, like GAC, there was an increase in removal efficiency for some 

metals. This was mostly clear for Ni (from -2% to 29%) and Cu (from -1% to 38%). However, the 

results for removal of Cu varied and no trend could be observed. Similar to GAC, As only had negative 

removal in all samples and was therefore not included in the figure. 
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 Figure 13. Removal of metals by AE as a function of BVs. 

Since the PBA column had a slower flow and a larger bed volume than GAC and AE, fewer samples 

were taken. As can be seen in Figure 14, only a few metals were removed during the treatment. Cr 

removal was shown to be the most efficient and the final sample showed a 62% removal. For several 

metals there was a decrease in removal efficiency between 4.4 and 4.8 BVs. As and Cd only had 

negative removal in all samples and were therefore not included in the figure. 

 

    
Figure 14. Removal of metals by PBA as a function of BVs. 

As can be seen in Figure 15, the PFA column had a negative removal efficiency for all metals and 

would hence release metals into the leachate rather than remove them. Cd was the most significant 

example, where the first sample of treated leachate contained 1.3 mg/L compared to the untreated 

with 0.1 µm/L. 
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 Figure 15. Removal of metals by PFA as a function of BVs.   
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5. Discussion  

5.1 Comparison of the materials 
A comparison between the treatment in a GAC and an AE filter shows a similar general trend of a 

decrease of removal efficiency with BVs (see Figures 4 and 8). For PFCAs, this was observed for all 

chains, both for GAC and AE. However, AE was more efficient than GAC. For instance, comparing the 

results from the last sample of GAC after 1 720 BVs and the corresponding sample for AE after 1 740 

BVs, removal of PFPeA was 0% vs 40%, respectively, PFHxA was removed by 0% vs 70%, respectively, 

PFHpA was removed by 10% vs 90%, respectively and PFOA was removed by 20% vs 100%, 

respectively. However, the removal efficiency of PFBA (0% vs -10% removal, respectively), was higher 

for GAC than AE. Nevertheless, both removal efficiencies were below or at zero at this point. 

Additionally, PFBA had a negative removal efficiency after 500 BVs for GAC and after 870 BVs for AE, 

i.e. the removal was in general better with AE than GAC.  

Comparing the removal of PFSAs between GAC and AE (see Figures 4a and 8a), AE was again more 

efficient. After 1 720 BVs for GAC and 1 740 BVs for AE, PFBS was removed by 10% and 100%, 

respectively, PFHxS by 40% and 100%, respectively, and PFOS by 70% and 100%, respectively. 

Additionally, AE was more efficient than GAC for removal of 6:2 FTS after the above-mentioned BVs, 

80% vs 30%, respectively.  

A comparison of GAC and AE and the changes in removal efficiency with chain length could be made 

from Figures 7 and 10. For both materials, it was observed that the longer chains were removed 

more efficiently than shorter chains and PFSAs more efficient than PFCAs. For AE, 6:2 FTS was 

removed less efficient than the PFSA and as good as PFCA with the same chain length (PFHxS and 

PFHpA) (80%, 100% and 80%, respectively) which was different to the GAC column where 6:2 FTS 

was removed more efficient than PFHpA and less efficient than PFHxS (30%, 10% and 40%, 

respectively). 

The cumulative adsorption of PFSAs in the AE filter showed a similar trend to the one for GAC (see 

Figures 5a and 9a). The adsorption of PFBS increased during the experiment but the curve got flatter 

in the later samples in both the GAC and AE filter. For both filters the cumulative adsorption of PFHxS 

and PFOS increased linearly at first and got steeper in the later samples. 6:2 FTS increased linearly for 

both filters. For the PFCAs, the both filters showed again a similar trend for cumulative adsorption 

(see Figure 4b and 8b). The curves for the shortest chains, PFBA and PFPeA, increased initially to later 

flatten out and at last decrease. This behaviour was clearest for the shortest chain PFBA and more 

significant for the GAC treatment than the AE treatment. PFHxA’s cumulative adsorption increased 

initially for both filters to then flatten out in the later samples. Again, this was more notable for GAC 

than AE. The longest chains, PFHpA and PFOA followed a linear increasing curve during the whole 

example for both materials. 

Comparing the results from the peat-ash columns to the results for GAC and AE, the initial removal 

was in general lower. The PFSAs showed a high removal and this was in line with the results from 

GAC and AE. For the longest chains, the PBA column had a high removal efficiency. The removal of 

PFOA, PFHxS, PFOS and 6:2 FTS (all 100%) was slightly higher than or the same as GAC (90%, 100%, 

100% and 100%, respectively) and the same as AE (all 100%). However, it should be noted that the 

samples were taken after 1 (PBA), 60 (GAC) and 60 (AE) BVs and it is therefore not a fair comparison. 

For the PFA column, the removal efficiency was lower and all PFASs except from 6:2 FTS (100%) were 

removed with a lower efficiency than for the other treatment technologies.  
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5.2 Comparison of results with literature 
The removal efficiency for GAC can be compared with the results from Busch et al. (2010). Their 

effluent PFAS concentrations varied between 9.26-4 079 ng/L with a mean inlet concentration of 

ƩPFAS = 6 086 ng/L. This corresponded to a removal efficiency of 33-100%. Comparing these results 

to the present study’s results (0-80% removal efficiency, see Figure I1a) shows that Busch et al. 

(2010) had a greater removal efficiency during their experiment. However, the inlet leachate had a 

lower PFAS concentration (compared to mean concentration of 13 000 ng/L for this study, see 

Appendix A) and the design of the treatment with activated carbon was not specified.  

Comparing the present study’s results with them from McCleaf et al. (2017), the removal efficiency 

followed a similar decreasing trend. McCleaf et al. (2017), found that the AE was more efficient in 

removing PFSAs than GAC was, which is the same results as for this study. However, they also found 

that GAC was more efficient in removing PFCAs which was not the case in the present study where 

AE was more efficient. Hence, the results were similar for PFSAs but for PFCAs, AE was more efficient 

than GAC and that had not been observed in McCleaf et al. (2017).  

In Appleman et al. (2014), where for instance two GAC plants and two AE plants were used for 

removal of PFAS on a full-scale level, the results contradicted the present study’s result. Appleman et 

al. (2014) found that GAC had a higher average removal of PFAS than AE for most PFASs that were 

analysed (PFPeA, PFHxA, PFHpA and PFBS). For the rest, PFBA, PFOA, PFHxS and PFOS, the results did 

not reveal which treatment was better due to e.g. higher than AE removal efficiency in one GAC 

treatment and lower than AE in the other GAC treatment. Another reason was that the PFASs were 

not detected in the samples for any treatment plant and hence they could not be compared. The 

results found in the present study, instead showed the opposite where AE had a higher removal 

efficiency for all PFASs (see Figure 4 and 8). 

For all PFASs treated in the GAC filter, there was an increasing or at least stabilising trend of removal 

efficiency after 800 BVs (see Figure 4a). This could be due to several reasons. Since the leachate 

contained DOC (see Table 2) this could have affected the sorption of PFAS. In Figure 16a, a 

comparison between the cumulative adsorption of DOC on the filter until it reached breakthrough, 

was compared to the cumulative adsorption of PFAS by the GAC filter. After the breakthrough at 500 

BVs, that was observed in measuring removal efficiency, the curve for adsorption of PFAS starts to 

get flatter. After the breakthrough for DOC, the cumulative adsorption followed an almost linear 

increasing trend. However, the breakthrough could not be observed at all in the cumulative 

adsorption for DOC and there are therefore uncertainties within the graph. For the AE resin, the 

trend for the cumulative adsorption seemed unchanged after the DOC breakthrough (see Figure 16). 
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Figure 16. Cumulative adsorption of DOC and PFAS on a) GAC and b) AE. 

The DOC could have affected the adsorption in two ways. First, there is a theory of the DOC 

competing with the PFAS which would lead to reduced adsorption (Rahman et al., 2014). This has 

been observed by Pramanik et al. (2015) and Rahman et al. (2014). However, another possible 

scenario for DOC could be that it was initially adsorbed to the GAC surface and where it competed 

for sorption sites. In a second stage it would have desorbed as it biodegraded and formed a biofilm. 

This would instead have led to an increased sorption surface for the PFASs to adsorb to (Putz et al., 

2005; Gibert et al., 2013). This could have been the case for the GAC filter in this study.  

In Figure 4b, it can be seen how the longer PFCA chains (PFOA and PFHpA) increased while the 

shortest (PFBA) decreased. PFBA showed a desorption behaviour. The increase in PFOA and PFHpA 

removal could hence be due to desorption of PFBA, i.e. the longer chains would replace the shorter 

chains. Higgins and Luthy (2006) found that the chain length of a PFAS was a feature with large 

influence on adsorption, where the longer chains would be preferably adsorbed. These results were 

also confirmed by for instance Gellrich and Knepper (2012), McCleaf et al. (2017) and (Eschauzier et 

al., 2012). It was hence likely that the shortest chains would be replaced by the longer chains when 

the sorption sites got more scarse and competition between chains occurred.  

Comparing the linear and branched PFOS, it was found that the removal efficiency was higher for 

linear than for branched PFOS (see Figure 6). This has been found in other earlier studies (Eschauzier 

et al., 2012; Belfort, 1979; Wang et al., 2011). One reason for this could be the smaller molecular 

volume for branched PFOS which leads to a smaller free energy that can be gained from adsorption. 

Therefore linear PFOS is more easily adsorbed (Wang et al., 2011).  

5.3 Breakthrough predictions 
As can be seen in Figure 4, measures of the removal efficiency with GAC, PFBA, PFPeA, PFHxA and 

PFBS had zero removal during the experiment after 500 BVs, 500 BVs, 700 BVs and 800 BVs, 

respectively. This implies that these PFASs had reached breakthrough. For the remaining five PFASs, 

only estimations could be made from trends in removal efficiency and cumulative adsorption, to 

suggest when breakthrough would occur. For the remaining PFCAs, PFHpA and PFOA, extrapolations 

can be seen in Figure 17. These extrapolations were made from the results seen in Figures 4b and 5b 

and linear extrapolation was used for these two as well as all following extrapolations in this study. 
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Extrapolations from the removal efficiency predicted a breakthrough around 1 700 BVs for PFHpA 

(before the last sample which did not show a breakthrough and therefore not likely) and 2 200 BVs 

for PFOA (see Figure 17a). Using the results from the earlier batch test of the GAC (see Appendix B), 

predicted adsorption capacity of the filter, could give an estimate of when the breakthrough would 

occur. According to Figure 17b, a breakthrough for PFHpA would be at 1 300 BVs (again before the 

last sample) and for PFOA at 4 500 BVs. For PFHpA, the both extrapolations gave similar results while 

for PFOA the extrapolation based on the earlier batch test gave a much later breakthrough. 

 

 

Figure 17. Extrapolation of PFCAs that had not reached breakthrough a) from the last two points of removal 

efficiency and b) from the cumulative adsorption and the maximum capacity found in the earlier batch test (see 

Appendix B). The maximum capacity was 790 ng/g GAC for PFHpA and 600 ng/g GAC for PFOA. 

For the remaining PFSAs, PFHxS and PFOS, a similar extrapolation is shown in Figure 18 based on the 

results from Figures 4a and 5a. From the points of removal efficiency, an estimate was made (see 

Figure 18). This estimate suggested that PFHxS would reach breakthrough after 3 000 BVs and PFOS 

after about 6 000 BVs. A similar extrapolation was made for 6:2 FTS which suggested a breakthrough 

after 3 000 BVs. Since the capacity could not be estimated in the earlier batch test for PFHxS or PFOA 

and the cumulative adsorption curves did not indicate a saturation of the filter (see Figure 5a), an 

estimate could only be made for 6:2 FTS from the batch test (see Figure 18b). This showed that 6:2 

FTS would reach breakthrough after 3 700 BVs. This was quite similar to the first extrapolation of 

3 000 BVs. 
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Figure 18. a) Extrapolation of PFSAs and 6:2 FTS that had not reached breakthrough made from the last three 

point of removal efficiency. b) Extrapolation of 6:2 FTS that had not reached breakthrough from the cumulative 

adsorption and the maximum capacity found in the earlier batch test (see Appendix B). The maximum capacity 

was here 400 ng/g GAC. 

For the AE filter, only PFBA and PFPeA had a removal close to or at zero. This implied that they had 

reached breakthrough at 870 BVs and 2 550 BVs, respectively. Since no batch test was performed for 

the AE, there was no earlier estimated maximum adsorption capacity for the filter. Additionally, the 

cumulative adsorption did not show any trend of reaching maximum capacity. Therefore, no 

breakthrough could be predicted for PFHxS, PFOS, PFHpA and PFOA.  

For the remaining PFBS, PFHxA and 6:2 FTS, extrapolations can be seen in Figure 19. These 

extrapolations were based on the results in Figures 8 and 9. Breakthrough for PFHxA was predicted 

at 5 000 BVs and 6:2 FTS at 12 000 BVs in figure 19a. For PFBS, the breakthrough was predicted in 

Figure 19b at 110 000 BVs. However, the experiment period was such a small fraction of these BVs 

and it is unlikely that the trend observed for 2 840 BVs was representative for 110 000 BVs. Figure 

19c shows the cumulative adsorption with the breakthroughs suggested in figure 19a. This would 

give the AE resin a capacity of 26 000 ng PFHxA/g resin and a capacity of 1 500 ng 6:2 FTS/g resin.  
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Figure 19. Extrapolation of treatment results from AE. Linear extrapolation from removal efficiency points of 

a)PFHxA and 6:2 FTS and b) PFBS. c) Poly extrapolation from cumulative adsorption for PFBS and PFHxA.  

5.4 Cost comparison 
To make the findings more significant, a simple cost comparison was attempted. However, it is 

difficult to estimate the treatment costs since the filters did not get fully saturated during the 

experiment. The price for 1 m3 of GAC would be 425€ (Bongartz, 2019). Excluding the cost for 

regeneration of the GAC and assuming that it cannot be reused, 425€ would be the full cost of a 1 m3 

filter. Since there are no limits today for PFAS in leachate it is hard to predict how long the filter 

could be used. If it was in use until it was fully saturated and it would not remove any PFAS, 

according to the above predictions, it could treat 6 000 BVs before it had to be regenerated (based 

on predicted breakthrough for PFOS, which had the latest breakthrough, see Figure 18a). Since 1 BV 

would be 1 m3 leachate, this would correspond to 6 000 m3 leachate and the cost would be 0.07 €/m3 

leachate. If the limit instead would be where PFBS and PFPeA had reached breakthrough it would be 

after 700 BVs (see Figure 4b). Here, 700 m3 could be treated before regeneration and the price would 

be 0.6 €/m3 leachate.  
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The price of AE resin would be 8 000€ for 1 m3 of material (Nissen, 2019). If the limit would be the 

same as the second one mentioned for GAC (breakthrough for PFBS and PFPeA), the filter would last 

2 550 BVs. This would correspond to 2 550 m3 leachate and a cost of 3.13 €/m3. With these measures 

the GAC would be more cost efficient. However, more data on breakthroughs and PFAS limits are 

needed to predict this. For the AE to be as cost efficient as GAC, it needs to be 19 times better if the 

costs for labour and other costs are similar 

5.5 Metals 
The removal of metals was low during the most part of the experiment. GAC removed all metals 

except from As, by 82-91% in the initial sample and Zn, Cr, Cd and Pb above 50% in the second 

sample after 310 BVs. Cr was removed by 52% in the following sample but the rest of the metals and 

samples had a removal below 50% after that. For AE, removal above 50% was only observed for Zn 

and Pb in the initial sample (75% and 82% removal) and Zn in the second sample (51%). The rest of 

the experiment showed lower removal efficiencies. For PBA, the metals Zn, Cr, Ni and Cu were 

removed by at least 50% (58%, 95%, 76% and 70%, respectively) in the initial sample. For the other 

samples and the rest of the metals the removal was below 50% except for Cr which had removal 

above 61% during the whole experiment. For PFA, the outlet leachate always had higher levels of the 

metals than the inlet leachate. Hence, GAC had the most efficient removal of metals. However, the 

results are probably not good enough for GAC to be recommended as a treatment technology on its 

own for removal of metals. Nevertheless, it could be a positive side effect while removing PFAS. 

Since the levels of metals in the untreated leachate were acceptable to the criteria from Swedish EPA 

(2008) (see Table 4), the results from the last sample of GAC were compared with the lower levels 

from the “Criterias for lakes and watercourses, low values” in Swedish EPA (2008) and are shown in 

Table 9. These criteria represent low limits with small risks for biological effects (ibid.). According to 

these low-level criteria, all metals except from Cr and Ni were within the limits and hence fulfilled the 

criteria. A GAC treatment targeting removal of PFAS would additionally remove metals down to 

acceptable levels. 

Table 9. Levels of metals in the last sample of treated leachate compared to criteria for lakes and watercourses, 

low values. 

Metals Treated leachate after 1 724 

BVs 

Criteria for lakes and 

watercourses, low valuesa 

Zn 11.63 5-20 

Cr 7.45 0.3-5 

Ni 17.88 0.7-15 

Cu 0.6318 0.5-3 

As 3.23 0.4-5 

Cd 0.03 0.01-0.1 

Pb 0.23 0.2-1 
aSwedish EPA (2008) 

5.6 Sources of errors, limitations and future work 
During the experiment, several mistakes were made due to for instance lack of knowledge in an early 

state and time. These mistakes could have affected the results and should be carefully investigated in 

case of future use of this methodology. Other studies had used continuous flow through the columns 

(e.g. McCleaf et al., 2017). In the present study, a batchwise pump was used instead to pump the 
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leachate to GAC and AE columns since a pump that could maintain continuous flow was not 

available. For the ash columns a batchwise pump was recommended, which was reasonable for the 

low flow of leachate. However, for the GAC and AE columns, the doses would make it far from a 

continuous flow. The water would always be in movement but obviously faster when the pump was 

dosing and then slower and slower until the pump started to dose again. Even for the GAC column 

where the dose had the same volume as the volume that was available in the bed, the water would 

have different velocities within the filter during the 20 minutes of EBCT. For the most part the water 

would be almost still. It is not clear how this would have affected the adsorption compared to a 

continuous flow. 

Due to the time limit and again lack of initial knowledge, the experiment was not restarted after the 

pre-sampling. Hence, during the first 400 BVs for GAC and 600 BVs for AE, different EBCTs were used. 

This made it harder to predict breakthrough. The pre-sampling showed how the EBCT had a large 

impact on the removal of PFAS. It is therefore likely that a shorter EBCT would give a later 

breakthrough (in BVs) than a longer.  

On the other hand, during the rest of the experiment period several power cuts occurred and the 

water froze one time due to the former. Hence, there had been long breaks between some doses, 

from a few hours up to days (see Appendix G). In contrast to the above-mentioned issue with shorter 

EBCTs, these long EBCTs would probably give an earlier breakthrough. Since isotherms for the 

adsorption was not explored, the equilibrium for the removal of PFASs in these filters is not known. It 

is therefore not known how much more PFAS that would be adsorbed during the longer EBCT. During 

the experiment of 66 days, only 51% of the period had an EBCT of 20 minutes and 8 minutes for GAC 

and AE, respectively. However, this corresponds to 79% of the doses. If the longer EBCTs had a 

smaller impact on removal this would represent the uncertainty better. Nonetheless, it is difficult, if 

not impossible to use these results to predict a breakthrough.  

Another issue created from the choice of pump was the ratio of AE material and the dose volume. 

The amount of material was decided by recommendations from Purolite. The pump could only give 

the same flow to both columns and therefore one dose was bigger than the volume that would fit in 

the bed. Hence the EBCT for AE was an average of the EBCT for the water that flew through the 

column during the 165 seconds when the pump was dosing and the EBCT for the water that was 

inside the bed during the 1 035 seconds when no water was added. The EBCT was hence based on 

the assumption that the removal efficiency is linear so that the average here actually would 

correspond to the EBCT of 8 minutes.  

As was mentioned earlier, the sample taken after 600 BVs in the GAC column showed very low 

removal efficiency for all PFASs. All PFASs except from PFOS were found in a larger concentration in 

the outlet water than the inlet water, i.e. the removal was negative (see Appendix H). The removal of 

PFOS was notable reduced as well to 40% and the second lowest during the rest of the experiment 

was 70%. No easy explanation for this could be found. This sample was taken more than 100 BVs 

after the last stop in the pump (see Appendix G) and there are therefore many other samples that 

were in a higher risk of being affected. Nothing odd was observed during the sampling and the 

sample taken for AE did not show a low removal of PFASs. There is hence a possibility that there was 

an analysis failure for that sample. 

A sand filter was used during the experiment to remove suspended particles and reduce the risk for 

clogging of the columns. However, it was not fully explored during the experiment whether this was 

efficient or not. To evaluate the importance of a sand filter before the GAC and AE column, the 

removal of suspended particles was measured. Since the samples after the sand filter was taken 
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between the container after the sand filter and the GAC and AE columns (to estimate the right 

removal efficiency for the columns) and not straight after the sand filter the differences in the before 

and after samples did not make sense. As the removal of suspended particles was explored first at 

the end of the experiment, samples taken right before and right after the sand filter were only 

available after 1 580 and 1 920 BVs for GAC, 2 340 and 2 840 BVs for AE or 110 and 120 BVs for the 

sand filter. The first samples showed no sign of removal (12 mg/L before and 12 mg/L after) and the 

second just a slight removal (11 mg/L before and 10 mg/L after). The filter might therefore not have 

worked for the intended purpose but there is also a possibility that it had already got saturated.  

The main limitation for the study with the chosen methodology was time. To reach breakthrough 

several months or up to years would be needed for GAC and AE to become fully saturated for all 

PFASs. A shorter EBCT and larger flow would have given a faster breakthrough but a much lower 

removal efficiency which was not preferable. Less material could have been used for a faster 

breakthrough but that could instead have involved other hydrological issues that would have made it 

harder to scale up and hence made the results less significant.  

Since the first preferred PFAS-analysis method (online SPE at SLU) was not successful and the 

samples had to be sent to an accredited laboratory, the budget did not permit more than 8 samples. 

More samples would have made it easier to draw breakthrough or trend curves. The predicted 

breakthroughs of the study are of low significance since only a few samples were used to create a 

trend. The results showed a far from linear trend which make the predictions very uncertain.  

The results from the PFAS analysis had uncertainty levels of 30%. This means that the variations that 

were shown are not statistically certain and hence interpretations cannot be certain. Many results 

were shown in removal efficiency and that made the uncertainty even bigger due to error 

propagation. This was especially clear for the samples where 0% removal was observed since the 

uncertainty in percentage points was the biggest when the untreated leachate had the same 

concentration as the treated leachate. Therefore, there is a large uncertainty for the observed 

breakthroughs. However, as can be seen in Figure 3, the concentration in the AE treated leachate 

was significantly lower than the concentration in the GAC treated leachate for all samples, if 

comparing the error bars. Even though other uncertainties such as sampling uncertainties or 

uncertainties with the pumps were present, it is highly likely that the removal of PFAS with AE was 

significantly higher than with GAC. 

For future work, an experiment over a longer period of time is needed to find out after what amount 

of BVs a breakthrough for all PFAS would occur. After that the next step would be to treat leachate 

on a full-scale level. A much longer period for treatment in peat and ash columns would also be 

needed to find out more details about that treatment method.    

6. Conclusion  
The treatment experiment was not designed in a way that could fulfil all objectives for the study. 

With the set timeframe for the experiment it should have had a design that favoured a much earlier 

breakthrough and an analysis with less uncertainties.    

The results from the experiment indicated that the removal efficiency decreased with number of 

treated BVs for both GAC and AE. The removal efficiency was higher for AE than for GAC. It was also 

found that the longer PFAS chains were more efficiently removed than the shorter chains. The longer 

the chain the higher removal efficiency. Additionally, the PFSAs were removed preferably before 
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PFCAs. For GAC, both the linear and branched isomer of PFOS were analysed. The results showed 

that the linear PFOS was removed more efficient than the branched PFOS.  

The capacity of the materials could not be determined since breakthrough for all PFASs did not occur 

for any material. However, the extrapolations (with low significance) indicated that the GAC filter 

would reach breakthrough for all studied PFASs after 6 000 BVs. Some of the PFASs could not be 

detected in many of the AE treated leachate samples and therefore extrapolations for the longest 

chains were not possible. PFBS which had the latest breakthrough prediction of the extrapolated 

results for the AE filter, was predicted to reach breakthrough after 100 000 BVs and the longer PFSAs 

without extrapolations, would probably reach breakthrough after PFBS. However, these results are 

very rough estimates.   

There are several uncertainties within these results and they cannot alone be used as a suggestion 

for treatment of PFAS-contaminated leachate. However, the removal efficiency from the treatment 

with AE gave significant better results than GAC for all PFASs and if a more efficient removal is 

required, AE is the preferable option. Additionally, even if the significance was low, the breakthrough 

extrapolations indicated a much higher capacity for AE than GAC which makes AE more preferable. 

Nevertheless, it is not certain how other properties of the leachate affected the result. These results 

could be true for leachate in general or it could be dependent on this specific leachate used in the 

experiment. 

The treatment of the leachate lead to a removal of several metals for GAC, AE and PBA. Treatment 

with GAC showed the highest removal. However, the removal efficiency was low for the most part of 

the experiment (below 50% after 300 BVs for all metals except from Cu) and hence GAC would 

probably not be sufficient to remove metals. Nevertheless, the levels of metals were reduced and 

hence GAC, AE and PBA treatment had a positive side effect of removing metals. 
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Appendix 

Appendix A. Concentrations of PFASs in untreated leachate during the 

experiment 

 
Figure A1. Concentration of PFASs in untreated leachate over GAC BVs. 

 

Figure A2. Concentration of PFASs in untreated leachate over AE BVs.  
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Appendix B. Earlier levels of PFAS in leachate Ragn-Sells 
Table B1. Levels of PFAS in samples analysed at SynLab in March 2018 and samples from batch test to 

determine sorption capacity of GAC in June 2018.  

PFAS Samples March 2018 (ng/L) Samples June 2018 (ng/L) 

PFBA 
 

2 270 
 

1 400 
 

PFPeA 
 

1 650 
 

1 900 
 

PFHxA 
 

4 900 
 

4 600 
 

PFHpA 
 

1 000 
 

700 
 

PFOA 
 

624 
 

730 
 

PFNA 
 

<10 
 

13 
 

PFDA 
 

<10 
 

<10 
 

PFBS 
 

3 120 
 

2 500 
 

PFHxS 
 

2 950 
 

2 600 
 

PFOS 
 

1 440 
 

650 
 

6:2 FTS 
 

572 
 

400 
 

PFAS-11 18 500 
 

15 500 
 

 

Appendix C. Batch test 
Before this study a batch test was performed to determine the sorption capacity of GAC for different 

PFASs. It was designed according to Standard Practice for Determination of Adsorptive Capacity of 

Activated Carbon by Aqueous Phase Isotherm Technique – D3860-98 by ASTM International (2008). 

Different amounts of GAC (1, 2.5, 5 and 10 g) were added to containers filled with 500 mL of 

leachate. They were then shaken for 2 hours before analysis. The analysis was performed by 

EuroFins.  

Further, calculations were made to predict the sorption capacity. The constituent adsorbed was 

calculated by (C1): 

𝑋 =  𝐶0𝑉 –  𝐶𝑉                                                                                                                                                      (C1) 

Where: 

X = amount of constituent adsorbed, mg 

C0 = concentration of constituents before carbon treatment, mg/L 

C = concentration of constituents after carbon treatment, mg/L 

V = volume of sample, L 

The constituent adsorbed per unit weight of carbon was calculated by (C2): 
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𝑋

𝑀
=  

(𝐶0𝑉−𝐶𝑉)

𝑀
                                                                                                                 (C2) 

 

Where: 

M = weight of carbon, g 

X/M = constituent adsorbed per unit weight of carbon, mg/g 

The results were then plotted (see figure C1-C7). 

 

Figure C1. PFBA adsorbed per unit weight of carbon plotted over concentration remaining in leachate. The 
ultimate capacity of the carbon for PFBA was 300 ng/g. 

 

  
Figure C2. PFPeA adsorbed per unit weight of carbon plotted over concentration remaining in leachate. The 
ultimate capacity of the carbon for PFPeA was 1 000 ng/g. 
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Figure C3. PFHxA adsorbed per unit weight of carbon plotted over concentration remaining in leachate. The 
ultimate capacity of the carbon for PFHxA was 3 600 ng/g. 
 

 
Figure C4. PFHpA adsorbed per unit weight of carbon plotted over concentration remaining in leachate. The 
ultimate capacity of the carbon for PFHpA was 790 ng/g. 

 

 

 
Figure C5. PFOA adsorbed per unit weight of carbon plotted over concentration remaining in leachate. The 
ultimate capacity of the carbon for PFOA was 600 ng/g. 
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Figure C6. PFOS adsorbed per unit weight of carbon plotted over concentration remaining in leachate. The 
ultimate capacity of the carbon for PFOS could not be determined. 
 

 
Figure C7. 6:2 FTS adsorbed per unit weight of carbon plotted over concentration remaining in leachate. The 
ultimate capacity of the carbon for 6:2 FTS was 400 ng/g. 

 

0

100

200

300

400

500

0 100 200 300 400 500 600

X
/M

, n
g/

g

Concentration remaining in leachate, ng/l

PFOS

0

100

200

300

400

500

0 100 200 300 400 500 600

X
/M

, n
g/

g

Concentration remaining in leachate, ng/l

6:2 FTS



50 
 

Appendix D. Pictures of column experiment  

 
Figure D1. The GAC and AE columns 

 

 

Figure D2. The PBA and PFA columns (the one furthest to the right was not in use). 
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Figure D3. Comparison of AE resin after 0 BVs and 2 843 BVs 

Appendix E. Sampling and backwashing schedule for GAC and AE 
Table E1. Sampling and backwashing schedule for GAC and AE. 

Days Bed volumes GAC Bed volumes AE Backwashing 
performed 

2 10 7 No 

6 64 63 No 

13 176 231 No 

15 310 433 Yes 

16 401 569 Yes 

22 501 719 Yes 

24 600 868 Yes 

29 700 1 018 Yes 

31 800 1 167 Yes 

36 945 1 385 Yes 

41 1 184 1 743 Yes 

55 1 389 2 053 Yes 

59 1 583 2 341 Yes 

62 1 723 2 552 Yes 

66 1 917 2 843 Yes 
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Appendix F. Picture of SPE 

 

Figure F1. The instrument used for SPE at SLU. 

Appendix G. Variations in EBCT during the experiment 

 

Figure G1. Variations in EBCT during the experiment with EBCT (min) plotted over GAC BVs. The orange lines are 

when samples were taken and the turquoise is from when the leachate froze. 
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Figure G2. Variations in EBCT during the experiment with EBCT (min) plotted over AE BVs. The orange lines are 

when samples were taken and the turquoise is from when the leachate froze. 

Appendix H. GAC sample after 600 BVs 

  

Figure H1. The results including the sample taken after 600 BVs. 

Appendix I. PFAS-11 figures 

  

Figure I1. Removal efficiency of PFAS-11 by a) GAC and b) AE. 
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Figure I2. Cumulative adsorption of PFAS-11 on a) GAC and b) AE 

Appendix J. Levels of metals in untreated leachate 

 

Figure J1. Levels of metals in untreated leachate over BVs treated in GAC. 
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