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Summary 
 
Impacts from mining waste deposits on groundwater resources have been recognized in 
various parts of the world; though varied in scale depending on the composition of minerals 
being mined, the level of technology employed and environmental commitment of the 
developers. Mining activities usually involve milling, concentrating, and processing of ores 
which will result in a huge amount of waste, called tailings, usually deposited in 
impoundments as a slurry, composed of fine grained geological material (uneconomical 
minerals), chemicals utilized in the processs, and water. Oxidation of these deposits, usually 
containing sulphide minerals, may result in generation of an acidic, metal laden leachate, 
callled Acid Mine Drainage (AMD), which may have a devastating impact on the 
surrounding groundwater resources. 
 
In this study, the stochastic LaSAR-PHREEQC reactive transport modeling approach is used 
in order to evaluate the coupled effect of geochemical reactions and physical heterogeneity of 
the subsurface in the breakthrough of acidity and metal downstream of the source while the 
AMD transported in the water saturated zone of an impoundment. The tailings deposit 
called Impoundment 1 at the Kristineberg mining site at the Skellefteå field, in northern 
Sweden, is used as a case study to simulate pH buffering processes and attenuation of Zn. 
The objectives of the study are 1) to evaluate the relevance of different possible geochemical 
processes in pH buffering and Zn attenuation; 2) to evaluate the effect of spatial variability of 
the physical processes of the groundwater system on the breakthrough of contaminants; and 
3) to evaluate the effect of the location and distribution of the source zone in terms of the 
distance from the impoundment boundary. 
 
Simulation results of the presented model revealed that pH buffering from calcite and 
chlorite are important processes capable of counteracting the acidification from AMD. 
Dissolution of secondary Al(OH)3(s) is another important process capable of buffering pH. 
Precipitation of smithsonite, ZnCO3, is an important process for attenuation of Zn2+. 
Moreover, sorption of Zn2+ on ferric iron surfaces is found to be an important process for 
attenuation of the metal, depending on the available sorption surface sites. Flow variability 
highly affects the breakthrough of the contaminants such that with increasing subsurface 
heterogeneity, earlier breakthrough of contaminants occurs. Moreover, increased variability 
results in decreased peak loads, but longer duration of the load.  
 
Key words: Acid Mine Drainage (AMD), reactive transport, geochemical processes, flow variability, 
pH buffering, metal attenuation, groundwater, modelling, LaSAR-PHREEQC.  
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1. Introduction 
 

Sustainable development of the mining industry requires consideration and awareness of the 

long-term impact of mining activities that have been so far undertaken with little concern for 

the environment. Mining and milling operations together with grinding, concentrating ores 

and disposal of tailings, provide obvious sources of pollution in the vicinity of mines. Mining 

by its nature can have a serious impact on the environment as a whole and associated 

activities may generate sources of toxic element contamination that can damage the surface 

and subsurface water resources. 

 

During extraction of metals from sulfide ore, for instance, in the ore-enrichment process, the 

efficiency of modern methods is approximately 90%, which implies that 10% of metals are 

deposited in the tailings (Salmon and Destouni, 2001), which will have a potential to 

contribute pollutants in the form of acidity and heavy metals and metalloids to the 

surrounding water bodies as Acid Mine Drainage (AMD). Additionally, all iron sulfides 

associated with the sulfide ore of the desired element are usually deposited in impoundments. 

It has been estimated that, in 1995, in Sweden, approximately 60% of all lead, cadmium, zinc 

and copper discharged to water in Sweden come from mining and mining waste (SCB, 

2000b). 

 

Changes in laws, technologies and attitudes can address some of the most immediate threats 

posed by mineral development, but there are still many areas of mining practices that should 

be given attention. For instance, according to the 1995 inventory of contaminated land sites in 

Sweden by the Swedish Environmental Protection Agency (SEPA), with the aim to assessing 

the need of remediation measures throughout the country, out of the 1700 sites investigated, 

70 potentially contaminated sites were identified within the mining industry, and 50 of these 

sites were classified as a large to medium risk for health and the environment, (SEPA, 1995, 

1998). Areas of abandoned mines or old operating mines that have been closed several years 

ago can still have a long lasting impact on the environment. Abandoned mine sites often 

contain un mined mineral deposits, mine dumps, and tailings that have a potential to 

contaminate the surrounding watershed and affect the ecosystem.  

 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 2

Along with advancement in mining technology, mining become more mechanized and, 

therefore, able to handle more rock and ore material than ever before, the amount of mine 

waste will be multiplied. Furthermore, as mine technologies are developed to make it more 

profitable to mine low-grade ore, even more waste will be generated in the future. For 

example, in Sweden, although the number of operating mines decreased from about 500 in 

1920’s to 16 in 1999, the total ore production has increased from approximately 4 million 

tones in 1900 to around 45 million tones in 1999 (SGU, 2000). Mining at the current level in 

Sweden produces approximately half of all waste in Sweden (SCB, 2000).  

 

Impacts from mining practices can vary depending on a variety of factors, such as the 

sensitivity of local terrain, the composition of minerals being mined, the type of technology 

employed, the skill, knowledge and environmental commitment of the developers, and our 

ability to monitor and enforce compliance with environmental regulations. Acid Mine 

Drainage (AMD) is considered to be the number one environmental problem facing the 

mining industry (Couturier, 1995). For instance, according to the 1993 British Colombia State 

of the Environment Report, mine drainage is reported to be "one of the main sources of 

chemical threats to groundwater quality in the province" (ECMBC, 2001). 

 

AMD can be formed when sulphide minerals in rocks are exposed to oxidizing conditions, 

such as dissolved oxygen and dissolved ferric iron, in the presence of water, during mining or 

after the completion of mining. According to Swedish Environmental Protection Agency 

(SEPA), the largest Swedish environmental concern associated with mining is oxidation of 

sulphide wastes after closure of the mines, and in particular discharge of Hg, Cd, Pb, Cu, Zn, 

As, Fe, Al, and acidity (SEPA, 1995). As sulfide minerals are generally associated with large 

quantities of economically undesirable iron sulfides, such as pyrite (FeS2), the iron sulfides 

often comprise a large fraction of waste as do the so called ‘gangue’ minerals, that host the 

ore, typically (alumino-) silicate and carbonate minerals (Salmon and Destouni, 2001). 

Studies showed that, in 1996, over two-thirds (35Mt) of the mining waste produced in 

Sweden was from mining of sulphide ores (SEPA, 1998) such as chalcopyrite (CuFeS2) and 

sphalerite (ZnS). Due to relatively low metal concentrations in the two major types of ores 

mined in Sweden (ferrous and non-ferrous sulfide ores), approximately 99% of the mined 

volume of sulfides ores becomes waste, with the corresponding figure for iron ores being 30% 

(SEPA, 1998). 
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Geochemical reactions, which are responsible for generation of toxic chemicals that might 

have an adverse impact on the environment, in mine areas are more rapid than in natural 

weathering processes because of greater accessibility of air through mine workings; greater 

surface area of wastes and tailings resulted from mine workings, wastes and especially 

tailings; and due to different compositions of tailings as a result of mineral processing 

(Nordstrom and Alpers, 1999). In Sweden, mill-tailings waste products from the crushing and 

floatation process used to extract the economically desirable minerals have been deposited 

since the 1920’s. The deposits are fine-grained (e.g. 0.001- 2 mm diameter) particles, with a 

consequently high surface area for mineral reaction (Salmon and Destouni, 2001). 

 

Oxidative weathering of various sulphide minerals may result in the generation of Acid Mine 

Drainage (AMD), characterized by net acidity, a pH as low as 2-4, and high concentration of 

dissolved, potentially hazardous metals such as Zn2+ and Cu2+, as well as sulphate, which can 

have a devastating environmental impact on the receiving environment, such as surface and 

subsurface water, over extended periods of time (Salmon, 2000; Malmström et al., 2001). In 

Sweden, for instance, annual deposition of Cu, Pb, Zn, and Cd in tailings is estimated to be 

approximately 9.2, 12, 21, and 0.06 thousand tones, respectively, and the total amount of 

these metals accumulated in sulfide bearing tailings is estimated to be 600,000 tonnes 

(Salmon and Destouni, 2001, and references there in). The presence of such heavy metals in 

the aquatic environment can have a serious effect on the plants and animals in an ecosystem. 

Furthermore, uptake of the metals by plants can result in transfer of the pollutants to animals, 

including human beings, through food consumption (Kelly, 1988). 

 

Many metals are essential to life in small amounts. For instance, Zn can maintain senses of 

taste and smell, and healthy immune system and growth, protects liver from chemical 

damage. However, such metals become toxic when absorbed in excessive amounts. The fact 

that the level of toxicity for metals is commonly only a few to several times the level 

necessary to sustain life in humans demands for serious consideration of their fate of 

distribution in the environment. For example, while the recommended daily ingestion of zinc 

for humans is 12-15mg, it has been stated in literatures (see, for instance, Smith and Huyck, 

1999) that the daily intake of as little as 18.5 or 25mg zinc causes decreased retention of 

copper (an essential metal in adult metabolism). The bioavailability of any metal, that is the 

fraction available to be absorbed and ready to interact in organism metabolism, is a function 

of geoavailability (e.g., natural abundance of the metals), their distribution in the 
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environment, mobility, speciation, pathway of exposure, biological make up, and individual 

susceptibility of an organism (Duffus, 2001). In addition, bioavailability depends on the 

physicochemical properties of the metals, their ions, and their compounds (Duffus, 2001). Zn, 

for instance, is found in many different minerals in the world. A small quantity of zinc is 

present in almost every volcanic rock. It is estimated that Zn constitutes 0.013 % of earth’s 

crust. Fig. 1, below, shows pathways and relationships between total metal in earth material 

and toxicity. Toxicity of a metal will depend on each of the indicated factors and the 

pathways. 

 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

 
Fig. 1   Pathways and relationships between total metal in earth material and toxicity 
(modified from Smith & Huyck, 1999).  
 

Complex biological, geochemical and physical processes determine the mobilization and 

distribution of contaminants from mining wastes and from remediated waste deposits 

(Nordstrom and Alpers, 1999). Factors like hydrologic variability, mineralogy of waste 
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materials, physical structure of waste, geological structure and setting of mine site, historical 

evolution of mineral processing, geomorphology of terrain, and vegetation are some of the 

factors to be considered (Nordstrom and Alpers, 1999). Moreover, it has been stated that 

among the set of complex environmental factors that should be considered in the production 

of AMD, oxygen diffusion rate and bacterial mediation are the most important ones (Salmon, 

2000 and the references therein). The timing of the potential onset and duration of acid mine 

drainage generation at a particular site will be a function of the physical and (bio) 

geochemical characteristics of the site. These, in turn, determine the rate of and the balance 

between sulphide oxidation and natural attenuation of contaminants such as acidity, metal and 

metalloid ions, within the deposit (Salmon and Malmström, 2004). 

 

Development of effective mining, environmental prediction, mitigation, and remediation 

practices requires good understanding of the geochemical processes and physical environment 

around mineral waste deposits. In particular, reactive transport modelling of pollutants in acid 

mine drainage requires assessment of extensive reaction systems that involve complex 

geochemical conditions (Malmström et. al, 2003) and also consideration of the heterogeneity 

of the flow medium with other parameters like the surrounding geology and mineralogical 

composition of the mine wastes. In this regard, understanding and prediction of the spreading 

of acid mine drainage (AMD) in groundwater, in particular, and the breakthrough of acidity 

and heavy metals downstream of waste deposits will be very important for environmental 

impact assessment and evaluation of mitigation measures of acid mine drainage from mining 

sites. 

 

Due to the complex geochemical characteristics of AMD and the heterogeneity of the 

subsurface, quantification of both multi-component reactions and spatially variable 

groundwater flow is required. The newly developed LaSAR-PHREEQC approach 

(Malmström et al., 2004; Berglund et al., 2003), which combines stochastic modelling of 

transport with detailed quantification of geochemical processes, seems promising for 

addressing these kinds of problems. In this study, the stochastic LaSAR-PHREEQC reactive 

transport modelling approach will be used to investigate the effect of spatially variable flow 

and geochemical reactions on the spreading and attenuation of pollutants within the saturated 

zone of a tailings deposit. The natural attenuation of acidity to limit the impact of AMD, 

percolating down from the unsaturated zone of a mill tailing deposit, which will be 

conceptualised as a source zone of AMD, and the attenuation of contaminants due to 
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precipitation and adsorption processes in the saturated zone will be evaluated. Special focus 

will be on the processes that affect spreading of Zn and relevant major ion geochemistry. 

Significance of the pH buffering reactions will also be evaluated in the model. For simplicity, 

the transport zone will be assumed anoxic, such that sulphide oxidation (primary pollutant 

source) can be excluded from the model.  

 

A tailings deposit called Impoundment 1 (e.g., Malmström et al., 2001) at the Kristineberg 

mining site at the Skellefte field in northern Sweden will be used as a case study. This deposit 

contains sulphide rich tailings from base-metal mining and is one of the main study objects 

within the Swedish research programme “MiMi” (Mitigation of the environmental impact of 

mining waste, 1998-2003; funded by MISTRA; e.g. MiMi, 2002). In comparison to previous 

similar modelling (Malmström et al., 2003; Berglund et. al., 2003), an attempt will be made to 

extend the reaction model and transport mechanism to include pH buffering from 

aluminosilicate minerals, chlorite in particular,  and assessment of effects of an elongated 

impoundment. 

 

The specific objective of this study will be  

 

1) To evaluate the relevance of different possible geochemical processes in pH buffering 

and attenuating Zn in the saturated zone of the mill tailing impoundment. 

2)  To evaluate the effect of spatial variability of the saturated tailings zone, with respect 

to transport properties on the resulting breakthrough concentration of the 

contaminants. 

3) To evaluate the effect of the location of the source zone in terms of the distance from 

the impoundment boundary, as evaluated particularly at the downstream contact of the 

impoundment with the surrounding aquifer. 
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2. Overview of Geochemical Processes in Mill Tailing Deposits 
 
2.1  Oxidation of sulphide minerals 

 
A complex series of chemical weathering reactions will be initiated when mine wastes get 

exposed to an oxidizing environment such as potentially occurring in waste deposits. The 

mineral assemblages contained in the waste are not in equilibrium with the oxidizing 

environment and begin weathering and undergo mineral transformations. The reactions are 

orders of magnitude faster than in "natural" weathering systems mainly due to large surface 

area of the waste material. The accelerated reactions can release considerable quantities of 

acidity, metals, and other soluble components into the environment. 

 

Oxidation of various sulphide minerals such as pyrite (FeS2), pyrhotite (Fe 1-x S)  , sphalerite 

(ZnS), Chalcopyrite (CuFeS2), and Arsenopyrite (FeAsS) can result in acid mine drainage 

production (Nordstrom and Alpers, 1999 ; Nicholson and Scharer, 1994;  Rimstidt et. al, 

1994). Since it is the most abundant sulphide mineral in the earth and due to the fact that it 

has a potential to release high proton per mole of the mineral, as compared to all other 

sulphide minerals, pyrite oxidation is the most important to consider while dealing with 

environmental impacts of mining and mining wastes.  

 

The pyrite oxidation process has been extensively studied and has been major focus of 

investigation by many investigators ( Nordstrom, 1977 and 1982; Nordstrom et al., 1979; 

Ritcey, 1989; Jambor and Blowes, 1994; Alpers and Blowes, 1994; Morin and Hutt, 1997; 

Jambor and Blowes, 1998; Nordstrom and Alpers, 1999 ).The most important reactions 

related to weathering of sulphide minerals and, particularly pyrite, and hence generation of 

acidity in waste deposits is summarized below.   

 

Pyrite oxidation initiates the AMD generation process, with ferric ion (Fe3+) and atmospheric 

oxygen (O2) being the major oxidants. In the low pH environment of AMD, the oxidation of 

pyrite by Fe3+can become the main mechanism for acid production as the oxidation rate due to 

Fe3+ is much faster than due to O2 at high availability of dissolved Fe(III).  Hence, the 

conversion of ferrous to ferric ion by dissolved oxygen (particularly in presence of microbes)  

and the subsequent oxidation of pyrite by ferric ion together with the release of additional 

ferrous ion results in a rapid AMD generation cycle.. 
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The first reaction in the weathering of pyrite involves oxidation of pyrite by oxygen. Sulphur 

is oxidized to sulphate and ferrous iron is released. This reaction generates two moles of 

acidity for each mole of pyrite oxidized as shown in equation (1) below. 

 

2 FeS2 (s) + 7 O2 (aq) + 2 H2O →  2 Fe2+ + 4 SO4
2-  +  4 H+    (1)  

 

The second reaction involves the oxidation of ferrous iron to ferric iron as shown in equation 

(2) below. The oxidation of ferrous iron to ferric iron consumes one mole of acidity for each 

mole of ferrous iron. Certain bacteria increase the rate of oxidation from ferrous to ferric iron 

(Singer and Stumm, 1970). This reaction rate is pH dependant with the reaction proceeding 

slowly under acidic conditions (pH 2-3) with no bacteria present and several orders of 

magnitude faster at pH values near 5.  

 

4 Fe 2+ + O2 (aq)  + 4 H+ →  4 Fe3+ + 2 H2O                                              (2) 

 

The third reaction, which may occur, is the hydrolysis of iron as shown below in equation (3). 

Three moles of acidity are generated as a by-product per each mole of ferric iron hydrolysis.  

 

 Fe3+ + 3 H2O →  Fe (OH) 3 (s) + 3 H+                 (3)  

 

Equation (4) below describes further oxidation of additional pyrite by ferric iron generated in 

reactions (1) and (2) shown above. This is the cyclic and self propagating part of the overall 

reaction and takes place very rapidly, about ten to hundred times faster than by oxygen at 

about pH 3, and continues until either ferric iron or pyrite is depleted (Ritchie, 1994). 

 

FeS2 (s)  + 14 Fe3+ + 8 H2O →  15 Fe2+ +2 SO4
2- + 16 H+                          (4)  

 

An overall summary of the above reactions can be written as shown in equation (5) below: 

 

FeS2 + 15/4 O2 + 7/2 H2O →   Fe(OH)3 (s) + 2SO4 
2-

 + 4H+ 
   (5) 
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As can be depicted from equation (5), net reaction of oxidation of pyrite, hydrolysis of ferric 

iron and precipitation of iron hydroxide produces 4H+ per moles of pyrite. That is the reason 

to consider oxidation of pyrite as the most significant acid generation processes among other 

common sulphide minerals. It is important to note that although reaction 5 describes the 

overall process, the individual reactions are spatially decoupled such that net ferrous iron 

oxidation (reaction 2) and subsequent precipitation of secondary Fe (III) phases (reaction 3) 

may not occur until mixing with oxic surface water outside the waste deposit. 

 

2.2  Metal ions mobilization in mine waste deposits 

 

Mobilization of heavy metal ions can result from transition to low pH due to generation of 

acid mine drainage and can cause transport of metal species of environmental concern. Iron, 

aluminium, and manganese are the most common heavy metals, which can contribute to 

adverse effects of mine drainage (Smith, and Huyck, 1999). Heavy metals are generally less 

mobile and occur in lower concentrations at circum neutral pH. However, below neutral pH, it 

is generally accepted that metal ions will become more mobile and soluble with decreasing 

pH. Trace metals such as zinc, cadmium, and copper, which may also be present in mine 

drainage, are toxic at extremely low concentrations (Hoehn and Sizemore, 1977). These 

metals can exist initially in tailings piles as sulphides  (e.g., covellite (CuS,) and sphalerite 

(ZnS)) which undergo oxidation in much the same way as pyrite, or as trace elements in the 

much more abundant iron sulfides, such as pyrite (FeS2 (S)) and pyrrhotite (Fe1-x S). They may 

also exist as carbonates or sulfates or even oxides or oxyhydroxides (Berglund et. al., 2002). 

These minerals may also dissolve (or, in some cases, precipitate) in conjunction with acid 

mine drainage. Moreover, desorption reactions involving the exchange of H+ ions and metal 

ions on mineral surfaces can also play a role in influencing the mobility of these metals in 

such environments.  

 

2.3  pH buffering process in mine waste deposits 

Alkalinity is the ability to consume or neutralize acidity. It is the sum of all concentrations of 

species able of consuming acidity , e.g., hydroxide [OH-], carbonate [CO3
2-], and bicarbonate 

[HCO3
-]  (Schnoor, 1996).  

Alkalinity ≅  [OH-] + 2[CO3
2-] + [HCO3

-] - [H+]    (6) 
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The approximation sign in equation (6) is due to the fact that alkalinity in AMD will be 

affected also by other species, such as Al 3+. 

An increase in the number of H+ ions or a decrease in alkalinity in tailing impoundment will 

lower the pH of the impoundment water, sometimes drastically. However, if a chemical 

species that can consume or tie up H+ ions is present in the water or the surrounding, drastic 

changes in the pH may be avoided. Thus, the interaction of this low-pH, metals and sulphate-

contaminated water with tailings and aquifer minerals initiates a sequence of pH-buffering 

reactions. The resulting increase in pH is often accompanied by the precipitation of metal-

bearing hydroxide and hydroxysulfate minerals that can remove dissolved metals from the 

migrating plume from mineral waste deposits and minimize contamination on the receiving 

water bodies. Some of the most important pH buffering mechanisms are briefly discussed 

below. 

2.3.1 Buffering by Carbonates 

 
Alkalinity can results from the dissolution of calcium carbonate (CaCO3) from limestone 

bedrock that might be eroded during the natural processes of weathering. Carbonate (CO3
2-) 

and/or bicarbonate (HCO3
-) systems are the most important pH buffering systems in 

nature. The source of CO3
2- and HCO3

-  is carbonate containing minerals in the earth, 

limestone being the most common. If sufficient limestone (CaCO3) has dissolved into a 

system, it will contain adequate amount of carbonate (CO3
2-) and bicarbonate (HCO3

-) ions 

that are in turn capable of consuming hydrogen ions and maintaining a fairly constant and 

nearly neutral pH.  Such buffering reactions protect the deposit from having low pH and can 

reduce the impact of AMD.  However, if more H+ ions enter the system or are produced 

within the deposit than there are carbonate and bicarbonate ions to counteract them, the buffer 

becomes overwhelmed and is no longer effective, resulting drop in pH. 

The primary mechanism of calcite dissolution in the presence of acidity (H+), forming 

alkalinity in the form of bicarbonate (HCO3
-),  is as follows : 

CaCO3 (s) + H+ 
(aq) →  Ca2+

(aq)  +  HCO3
-
(aq)     (7) 

When bicarbonate is the predominant carbonate species and the carbondioxide pressure is 

close to that in the atmosphere, the water is buffered at a pH close to 7.    
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As depicted in the set of reactions, shown below, carbonate (CO3
2- ) and bicarbonate (HCO3

-) 

ions act as proton “absorbers”. The buffering capacity of bicarbonate system will enable the 

reactions to proceed left or right while maintaining a relatively constant pH. If protons are 

added to the solution, they combine with available bicarbonate or carbonate ions, causing the 

reactions to shift to the left and eventually liberate carbon dioxide and water molecules.  

CO2 (s) + H2O H2CO3 (aq) H+ + HCO3
- 2H+ + CO3

2-   (8) 

 

Once exposed to acid mine drainage, the affected carbonate buffering system is not able to 

control changes in pH as well. When calcite dissolves to buffer pH, it eventually gets 

depleted. The buffering system is completely destroyed below a pH of about 4, where all 

carbonate and bicarbonate ions are converted to carbonic acid. The carbonic acid readily 

breaks down into water and carbon dioxide. 

 

H2CO3 (aq)↔  H2O + CO2 (g)       (9) 

 

The presence, composition, distribution and potential depletion of carbonate minerals are 

important factors in determining the acid neutralizing capacity of unexploited mine deposits 

and mine wastes.  

 

2.3.2 Buffering by dissolution of metallic hydroxides  

 
Precipitation of metal hydroxides or hydroxide sulphates such as gibbsite, amorphous 

Al(OH)3, amorphous Fe(OH)3, ferrihydrite, and goethite may happen in mill tailing 

impoundments due to down ward increase in pH.  Precipitated secondary phases may 

redissolve and buffer pH upon depletion of minerals that more readily buffer pH. Blowes and 

Ptacek, (1994) have shown that there is an ideal pH buffering sequence of gibbsite followed 

by ferric hydroxide and goethite after depletion of calcite (buffer to pH 6.5 - 7.5) and other 

carbonate minerals like siderite (pH 5.0 - 5.5). The most important buffering reactions of 

these phases, due to dissolution of the secondary precipitates, are shown in equations 10-12 

below. 
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Al(OH)3(s) + 3H+ →Al 3+ + 3H2O this reaction buffers the pH to 4.0 - 4.3      (10) 

        

Fe(OH)3(s) + 3H+ →  Fe 3+ + 3H2O this reaction buffers the pH to below 3.5    (11) 

 

FeO(OH)(s) + 3H+ →  Fe 3+ + 3H2O this reaction buffers the pH to below 3.5   (12) 

 

2.3.3 Buffering by silicates 

  

Dissolution of most aluminosilicate minerals can also consume H+ ions and contribute base 

cations (Ca, Mg, Fe (II)), alkali elements (Na, K), and dissolved Si and Al to the tailing pore 

water (Blowes and Ptacek, 1994). For instance, dissolution of chlorite (Chlinochlore) may 

consume acidity according to the reaction  (see, for example, Malmström et. al., 2002; 

Salmon, 2003, and references therein) 

 

(Mg 4.5 Fe 0.2 II Fe 0.2 III Al) AlSi3O10 (OH)8 (s) +16H+  →   4.5 Mg 2+  +   0.2 Fe 2+   + 

0.2 Fe 3+    + 2Al 3+ + 3SiO2(s)+ 12 H2O     (13) 

 

Though dissolution of aluminosilicate minerals is slower than of metal hydroxides and much 

slower than that of carbonates (Brown et. al., 1998), it will provide acid neutralising capacity 

through release of oxide ions from the crystal lattice of the minerals (Banwart and 

Malmström, 2001).Two examples of pH buffering by dissolution of feldspar minerals are 

shown below:  

2KAlSiO3O8 + 9H2O + 2H+ 
→ Al2Si2O5(OH)4 + 2K+ + 4H4SiO4 (aq)  (14) 

K-feldspar    kaolinite 

 

NaAlSi2O3 (s) + H+  + 7H2O → Na+ + Al(OH)3(s) +3H4SiO4 (aq)  (15) 

   Plagioclase feldspar   

In these reactions, K, Na, and Si enter the solution, while protons are consumed.  
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2.4 Metal immobilization processes 
 
Immobilization of metal ions in AMD affected areas can result from different geochemical 

processes, including precipitation of secondary phases, co-precipitation by isomorphous 

substitution, sorption by surface complexation and ion exchange reactions. 

 

Precipitation of metal ions may be result when a solution is oversaturated with respect to a 

solid phase, due to change in chemical conditions, for instance pH and redox conditions 

(Berglund et. al., 2002). For instance, metals like Fe can precipitate directly from solution as 

the pH gets increased, as shown in reaction (16) below. 

 

 Fe 3+ + 3 H2O  →  Fe(OH)3 (s)  +  3H+     (16) 

 

Another important process that might limit metal mobility in natural aqueous systems is 

sorption. Sorption is a common name for adsorption, absorption, and ion exchange. The 

sorption processes take place at the mineral-water interface and are controlled by the 

reactivity of surface functional groups.  

 

Whether or not a mobilized element will be adsorbed depends on the redox conditions 

resulting from specific speciation of the metal complexes and on the pH dependent reactivity 

of the surface functional groups of the adsorbent. Generally, low pH conditions, reducing 

conditions, low particulate loads, and (or) high dissolved concentrations of a strong 

complexing agent cause metals to be present in the solution phase (Smith, 1999). For instance, 

adsorption of metal ions on Fe(III)hydroxides is a function of pH, temperature, surface area of 

sorbent, dissolved metal concentrations, and reaction time (see, Dzomback and Morel, 1990). 

A sorbent’s capacity to bind metals depends both on the number of metal- binding sites 

present, “binding-site density”, and on the amount of metal accessible surface (specific 

surface area),  (see, for e.g., Smith and Huyck, 1999). The pH at which metal sorption 

becomes significant varies with the particular sorbent, the solid solution ratio, the specific 

surface area of the sorbent, the total metal-cation concentration, and the concentration of other 

competing or interacting species. In sorption processes, the sorbent mineral can act as a sink 

for metals to the surrounding solution. When the metal desorb, the sorbent mineral can act as 

a source of metal to the surrounding solution. (Smith and Huyck, 1999). 
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3. Transport of Contaminants 
 
Reactive transport can  occur, for example, in the subsurface ground water environment, over 

a wide range of spatial and temporal scales. Understanding how the various subsurface 

processes interact to yield predictable behavior in system with spatially variable material 

properties will be very important. Assessment of the hydrological conditions around tailing 

impoundments is important in predicting mine drainage transport mechanism.  If we assume 

an analogy in groundwater flow system in fine grained soils described in literatures, such as in 

Freeze and Cherry, (1997) with that of tailing impoundments, it is most probable that the flow 

system is a function of the topography of the impoundment area, hydraulic gradient along the 

water flow direction, porosity of the impoundment materials and lithology of the rocks around 

the impoundment. In addition, groundwater recharge mechanisms and availability of 

structural discontinuities may influence the flow system. For instance, topography will 

influence groundwater flow in mill tailing impoundments, as it will directly influence the 

hydraulic gradient. Therefore, it can be said that, in general, the water table tends to reflect the 

overlying topography. In fact, other factors such as permeability variations and local structure 

will influence the orientation of the water table (see, Freeze and Cherry, 1997).  

 

Determination of groundwater velocity is also important in mine drainage prediction because , 

in addition to geochemical processes, it will have a direct influence on contaminant transport 

rates and dispersion in groundwater. The groundwater flow velocity will be influenced by the 

heterogeneity of the subsurface materials, in addition to other hydrologic factors. 

 

Impoundment heterogeneity, particularly that of the saturated zone, can be brought about due 

to grain size grading during milling, latter segregation while transported with the slurry, and/ 

or, owing to the different origin of the waste. Such heterogeneity in grain size in mill tailing 

impoundments can be conceptualized in analogy with the heterogeneity of natural subsurface, 

such as explained in Dagan, (1989). 

 

In the subsurface, and presumably in tailing impoundments, flow tend to move principally 

along preferential paths, isolating portion of subsurface from bulk system fluxes and resulting 

in non uniform flow fields (e.g., Yabusaki et. al., 1998; Berglund, 1997). Residence times for 

chemical components can also be spatially variable. Concentration of chemical components 

can be very sensitive to the spatial distribution of reactive mineral surfaces in addition to the 
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advective and diffusive processes. This reveals the fact that, due to complexity of the 

interaction between aqueous species and the geochemical environment is so complex that 

thermodynamic relationships and rate laws are necessarily multi component, multi species, 

and as a result, non linear (Yabusaki et. al., 1998; Malmström et. al., 2004). 

 

The common way of conceptualizing contaminant transport in AMD affected areas is 

considering the subsurface hydrology as comprising two different zones, characterized by 

different water contents and availability of oxygen, see, for example, Destouni et. al, (1998). 

Hence, the transport problem, in this study, will be simplified by conceptualizing the flow in 

two contrasting zones of the impoundment. The unsaturated zone, where oxidizing conditions 

prevail and vertical downward transport of acidity and metal ions is assumed, will be the 

source zone for the contaminants. The saturated zone, where anoxic and full saturation 

condition prevails, will be considered as the sink. The lower boundary of the unsaturated 

zone, including the capillary fringe, will be conceptualized as a horizontal injection plane 

where contaminants enter the saturated zone subject to reactive-transport modeling in this 

study (see Fig. 2). 

 

 

 

 

 

 

 

 

 

 

 

Fig. 2  Conceptual model of unsaturated and saturated zones  of mill tailing impoundments. 
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4.  Generalized conceptual Model of AMD generation  
 

Mining activities usually  involve  milling, concentrating, processing of ores which will result 

in a waste, usually called tailings, which will be deposited in impoundments as slurry, 

composed of fine grained geological materials, chemicals utilized in the processs, and water. 

After deposition of taillings biogeochemical processes may result in development of  

characterstic zones in the deposit. A conceptual model of an ideal taillings impoundment is 

shown in Fig. 3, below. 
 

 

 

 

 

       

 

        Oxygen inflow   water inflow   out gassing  

 

     Oxidized mine waste     

     Oxidation front 

                 M+z       Oxidation zone      H+ 

      Saturated zone           Impoundment boundary 

 

Underlying Aquifer  

             
 

Fig. 3  Schematic representation of an idealized tailing impoundment 

            
The primary hydrological input is coming from the precipitation in the area. The other source 

for the incoming water can be recharge, for instance, from the high land areas. 

 

An ideal impoundment might consist of the following zones developed in a course of time: 

  

i) The oxidized mine waste zone comprise the upper most part of the mine waste 

where oxygen diffuses with rates that vary depending mainly on water saturation 

Precipitation + 
inflow of oxygen 
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and where sulphide minerals would be effectively depleted due to extensive 

oxidation reactions.  

ii) The oxidation front is a zone where sulphide minerals have not been depleted and 

where oxidation starts to appear. This zone is responsible for generation of acidity 

and mobilization of metal ions, and hence, contains large concentration of 

dissolved contaminants, which might have a potential threat on the environment. 

iii) The unoxidized, unsaturated zone is the part in which molecular oxygen has been 

depleted, and where sulphide minerals thus can only weather through the ferric 

iron path. 

iv)  The water-saturated zone is a zone that normally contains unoxidized mine waste. 

However, due to the interaction of the groundwater with the minerals of this zone, 

there may be a chemical reactions acting to attenuate/retard the pollutants. This 

zone, as well as zone described in (iii), may be characterized by steep pH and 

redox gradients and the precipitation and adsorption of metals. Calcite (CaCO3), 

and aluminosilicates as well as secondary mineral phases react with and neutralize 

acidic groundwater. Metals such as Cu, Co, Ni, and Zn may be adsorbed to Fe 

hydroxide, if present, and possibly other surfaces in the saturated zone because of 

the increase in pH. 
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5. Site Description 
 

The Kristineberg mining area is situated in the western part of the Skellefteå district, about 

175 km south of Luleå, in northern Sweden (see Fig. 4) 

 

 

 

 

 

 

 

 

 

 

 

 

  

Fig. 4  Location map of the Kristineberg mining area 
 

The geological map of the area is shown in Fig. 5, below. The area is characterized by 

regionally metamorphosed metallic ore bearing volcanic rocks, which are overlain by 

sedimentary rocks .The metamorphosed volcano-sedimentary rocks display a marked foliation 

and sericitization (du Rietz, 1953, and references therein).  

 

The central complex, of probably predominantly volcanic rocks, originally consist of sodic 

quartz porphyry or albite porphyry (sodic rhyolite with phenocrysts of albite). Most of this 

complex is now altered to quartizitic schists. The volcanic complexes have been interfolded 

with the overlying slates (in the west) and the Jörn granite complex (in the east). Isoclinal 

folding with westerly pitching axes dominate. In the South, the younger archean Revsund 

granite intrudes these rock complexes. There are a few small areas with dacitic rocks in the 

northern part of the region. These rocks are generally chloritized, though less sericitized than 

the surrounding rocks, evidently due to their originally more basic composition. The primary 

volcanics have comprised both lavas and tuffs. The least altered remnants of volcanics are 

Kristineberg 
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acid flows with well-developed albite phenocrysts. Within the Kristineberg area, several 

greenstone dykes have been observed cutting the volcanics and Jörn granite  (du Rietz,1953) 

 

 
Fig. 5  Geological map of Kristinberg area (modified from Axelsson et. al., 1994) 
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The annual precipitation in the area varies between 400 and 800 mm/year. A large part of the 

precipitation is in the form of snow, which accumulates until the snowmelt season in late 

April and/or early May. The vegetation consists of mostly of coniferous forest with some 

deciduous types. Boglands are common in the area. The major soil type in the area is podzol 

weathered till (du Rietz, 1953, and references therein ). 

 

The area is known for its long history of mining for metal ores dating back to 19th century 

(Carlsson, 2000). The mine and the former enrichment plant at the site is owned and operated 

by Boliden Mineral AB. The Kristineberg ore body is a copper- and zinc-bearing pyritic ore 

and it is the first sulphide ore discovered in Sweden by electrical prospecting survey. 

Kristineberg Impoundment 1, the case study site for this modelling, is one of five 

impoundments that were used as deposits for fine fraction of the mill tailings in Kristineberg 

(see Fig. 6). The impoundment is situated in a valley surrounded by steep slopes. The 

impoundment area is drained by Vormbäcken stream. Before remediation, it was surrounded 

by intercepting ditches in the south and draining ditches in the north. 

 

 
 
Fig.6   Overview of the mill tailings impoundments in Kristineberg  (modified from Werner 
and Salmon, 2001) 
 
 

 Several researchers conducted geological, hydrogeological and geochemical investigations 

on the Kristineberg mill tailing impoundment 1 since several decades and most of the 

available information up to 1998 is compiled by Malmström et. al., (2001) and briefly 

summarized below. Since then, extensive field investigations have been conducted within the 

Imp. 2 

Impoundment 1 

Imp. 3

Imp. 1B 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 22

MiMi research programme (see, for example, Ebenå,2003, Carlsson, 2002; Holmström,et. al., 

2001). Modelling has been performed, for example, by Werner (2000) and Salmon (2000, 

2003), mainly with the objective of evaluating effect of remediation measures taken. 

 

The impoundment had been used as a deposition site for the mill tailings since 1940. It has 

been remediated by means of dry cover application and sealing of some intercepting and 

draining ditches in 1996. However, since most of the available data are on the pre-remediation 

condition, for this modelling work pre remediation conditions are considered. 

 

The top of the impoundment is at an altitude of 365m above mean sea level and is bounded by 

earth dam. The total area of the impoundment is about 0.11km2, with an average depth of 

about 6m, and a maximum of 10m. The total volume of the impoundment is 5.5 x 105 m3 and 

its catchment area is approximately 0.6 km2.  

 

The impoundment is underlain by sand to fine sand sized moraine layer that overlay the 

granite rocks. Presence of two layers of moraine deposits, beneath the waste, has been 

interpreted, but neither detailed description about the layers is provided nor confirmed by 

latter drilling. Lenses of peat were also reported to exist in few locations beneath the 

impoundment at the tailings material/moraine interface. 

 

It has been stated that the Kristineberg mine consists of ore minerals dominated by pyrite 

(FeS2), chalcopyrite (CuFeS2), sphalerite (ZnS) and rutile (TiO2) with relatively lower 

amounts of galena (PbS), arsenopyrite (FeAsS), pyrrhotite (Fe 1-x S) and magnetite (Fe3O4). 

(see, Gleisner et. al., 2003)Other minerals like tetrahedrite, molybednite, limonite and 

scheelite are also reported to exist in subordinate amount. Quartz, sericite and chlorite are the 

dominant gangue minerals followed by cyanite, actinolite, tourmaline, talc and apatite with 

rather low amount of biotite, tremolite, epidote (zoisite), zircon, and calcite (du Rietz, 1953). 

However, it should be noted that, since the concentrator at Kristineberg treated ores from 

mines in the surrounding areas (Rävliden, Näsliden, Holmtjärn. Rakkejavr, Kimheden and 

Laivijaur) the tailing mineralogy may differ from that reported by du Rietz (1953). 

 

The saturated hydraulic conductivity, K, of the impoundment varies with depth from 2.4 x 10-

6
  - 1.5 x 10-4 m/sec. In this study, since the groundwater flow is supposed to be perpendicular 

to the vertical layering in the impoundment, a value of 3.6 x 10 -6 m/sec, which is equivalent 
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to the harmonic mean of the conductivity measurements at different depths, is taken as the 

effective hydraulic conductivity. The infiltration capacity and storage coefficient of the tailing 

material in impoundment is estimated to be, 5 x 10-5
  - 2 x 10-4 m/sec and 0.017, respectively. 

The total and effective (kinematic) porosity of the impoundment is estimated to be 0.25 and 

0.15 respectively. In the presented model the total porosity value is used. The tailing materials 

in the impoundment are well sorted and classified as silty fine sand or fine sand with 

relatively larger fine fractions at depth. The particle density of the materials is calculated by 

Malmström et. al, (2001) to be 3.3 – 3.4 g/cm3. 

 

Assuming uniform infiltration rate on the whole catchment, an annual discharge of 39,000 

m3/year is estimated from the impoundment. The annual fluctuation of the ground water is 

estimated to be about 1m, related with the normal seasonal trend for the region due to the 

snow melt during April- May. It has also been interpreted that the impoundment probably 

constitute its own hydraulic unit and, hence, the water level in the impoundment might not be 

greatly affected by water level fluctuation in the surrounding geological formation. 

Geophysical study around the impoundment revealed that there are two fracture zones in 

Northwest – Southeast direction that might have resulted in hydraulic conductivity of 3 x 10-7 

– 5 x 10-5 m/s in bedrocks. 

 

As described in Malmström et. al., (2001), pervious investigators [Ekstav and Qvarfort 

(1989)] had conducted monthly groundwater sampling of impoundment 1 during the years 

1983-1988, prior to remediation. They collected ground water samples at two different depths, 

1.5 and 7 m below the groundwater level, at each of the sampling points. They found that the 

groundwater is slightly acidic, with an average pH of 4.8- 5.5 and an average acidity of 75-

166 mg/l. The main dissolved components were sulphate and iron, followed by Zn, Mg, and 

Ca and the conductivity was on the average 375-600 mS/m.  It has also been stated that the 

concentration of dissolved ions was found varied between the sampling locations and over the 

years, however, the solute concentrations differed more between sampling points than 

between the two sampling depths at the same location (Salmon et. al., 2002). Table 1, below 

shows the average composition of the groundwater in impoundment 1. 

 

 

 

 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 24

Table 1. Field data of groundwater composition in impoundment 1, Kristineberg.  
  Modified  from  (Ekstav & Qvarfort, 1989) by Malmström et. al, (2001). 

 
 

 Average field values 

Concentrations (mol/l) 

pH 

K+ 

Mg2+ 

Fe (tot)* 

SO4 
2- ** 

Al+3 

Zn+2 

Cu2+ 

4.87 

6 x 10-5 

0.011 

0.080 

0.10 

0.002 

0.006 

6 x 10 -5 

 

* In this study taken to be Fe2+ 

** In this study taken to be total sulphur  
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6. Modeling Methodology 

 
Evaluation of the impact of AMD in groundwater requires modelling of the fate of the 

contaminants, in this case acidity and heavy metal, coming from the unsaturated zone of the 

mill tailing impoundment and transported in the saturated zone. This requires adequate 

conceptualization of the prevailing geochemical processes and the subsurface transport 

mechanism. 

 

In order to model the geochemical processes in this study, simple equilibrium condition is 

assumed between the minerals in the saturated zone and the aqueous phases in the 

groundwater system. pH buffering by calcite and chlorite will be compared independently and 

also in combination to evaluate the significance of each of the minerals in counteracting the 

adverse impact of the AMD. In addition, metal attenuation due to precipitation of secondary 

phases and sorption on ferric oxide surfaces in the saturated zone will be modeled, taking 

Zn2+ as an example. 

 

6.1 Simulating geochemical reactions 

 

The well established and widely used PHREEQC (version 2) model (Parkhurst, 1995) will be 

used to simulate the geochemical processes along the groundwater flow direction. PHREEQC 

is a computer programme, written in the C programming language, capable of simulating a 

variety of geochemical reactions for a system including: mixing of waters, addition of net 

irreversible reactions to solution, dissolving and precipitating phases to achieve equilibrium 

with the aqueous phase, and effects of changing temperature, ion-exchange equilibria, 

surface-complexation equilibria, fixed-pressure gas-phase equilibria, and advective transport 

(Parkhurst, 1995).  

 

The PHREEQC model requires knowledge of the type and concentration of the minerals in 

the receiving compartment, in this case the saturated zone, and the concentration of each of 

the contaminants percolating down from the source zone, the unsaturated zone in this case. 

The model considers the lateral extent of the impoundment as comprising a stream tube, 

consisting a series of boxes along which chemical reactions undergo, with different phases 

precipitating or dissolving and solution transferred to the next cell for each step in the 
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simulation to model advective transport. In this model, (bio)geochemical reactions can be 

simulated with various spatial resolutions and concentration of each of the contaminants can 

be evaluated at specified location along the water flow direction. In the specific case study 

investigated here, fate of the contaminant (Zn2+) will be evaluated at the impoundment 

boundary in the downstream direction.  

 

 The PHREEQC modelling technique used here is in analogy with that used in pervious 

studies of modelling geochemical reactions and transport in AMD affected areas (see, Brown 

et. al., 1998; Berglund et. al., 2003, and Malmström et. al., 2004). Accordingly, geochemical 

reactions are simulated along a flow path, conceptualized as containing a series of sequential 

cells (see, Fig. 7). The water residence time in each of the cell, ∆τ, can be evaluated as ∆τ = 

(V/Q)/ncell, where Q is the total water flow, V is the flow volume, and ncell is the number of 

cells. Since the movement along the flow path is assumed to be purely advective, the travel 

time along a specific path is related to the position of the cell such that τn = n∆τ, where n 

denotes the number and thus the location of the cell. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
Fig. 7   Schematic representation of PHREEQC model along a single stream tube, with 500 
equal volume boxes in which geochemical reactions occur. Advective transport is modelled as 
transfer of aqueous phase (mobile) species consecutively to the next cell in line. 
 
 

The PHREEQC model resulted in an array of values that depict the concentration of each of 

the components, Ci, at time, t, for each. To evaluate the breakthrough concentration of a 

specific species (contaminant) obtained from PHREEQC is later used in LaSAR model as 

input.  
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6.2 Simulating transport of contaminants 
 

The LaSAR (Lagrangian Stochastic Advection Reaction) is a stochastic approach of 

modeling coupled transport reaction system in a heterogeneous flow media (Dagan and 

Cvetkovic,1996; Destouni and Graham, 1997). The approach has been shown successful in 

characterizing solute transport both in surface and subsurface environments (Simic, 2001, and 

references there in). The main advantage of using the stochastic lagrangian travel time 

approach (for example, in acid mine drainage modelling) is due to the possibility of 

decoupling  physical transport and chemical transformation processes along flow paths 

(Simic, 2001). 

 

In this LaSAR modelling application a transport where the solute (contaminant) enters the 

transport system at an injection plane (IP) normal to the flow direction of water along a 

stream line of tubes to a control plane (CP) at distance X=L from the IP (Dagan and 

Cvetkovic, 1996) is assumed. Furthermore, uniform injection of solute at the IP is assumed 

such that C(t=0) = C0.  Solute transport between IP and CP is conceptualized as occurring along 

individual and independent flow paths (streamlines), which are non-interacting (see Fig. 8). 

Due to heterogeneity of the subsurface medium, some of the particles have the probability to 

reach the CP earlier than others. Thus, flow variability of the subsurface can be modelled by a 

travel time variability between individual stream tubes, where the statistics of the residence 

time can be represented by a pdf  (Probability Density Function) that can follow one of the 

common statistical distributions (e.g., lognormal or bimodal), so that the over all transport 

equations can be formulated in terms of travel time to some control plane in space (Cvetkovic 

and Dagan, 1994). In this study, a lognormal travel time distribution, as commonly suggested 

by researchers in pervious subsurface water transport studies, e.g., Cvetkovic et. al., (1996), is 

used.  

 

The water flow is assumed to be steady and unidirectional. Moreover, advection is considered 

to be the dominant hydrological transport mechanism and diffusion and pore scale dispersion 

are generally neglected (see, Dagan, 1989). Subsurface heterogeneity will cause random 

advection variability due to the underlying spatial variability, for instance, in hydraulic 

conductivity (K), regional hydraulic gradients and recharge from the unsaturated zone 

(Destouni and Graham, 1995).  
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Fig. 8   Conceptual model of AMD transport through a bundle of stream tubes from the 
injection plane (IP) to a control plane (CP) located at distance L from the injection plane 
perpendicular to the water flow direction. Each of the stream tubes will have different travel 
time, due to flow heterogeneity.  
 

. 
6.3 Coupling geochemical reaction and transport  
 

The foregoing discussion shows how geochemical processes in AMD and transport of 

pollutants can be modelled independently. However, in reality the two processes occur 

simultaneously. Therefore, coupling of these two modelling tools will be an important step in 

dealing with environmental problems of AMD generation and transport. Accordingly, with 

the objective of understanding the breakthrough of the reacting chemical components across 

down gradient boundary of the problem domain, Malmström et. al, (2004) proposed the 

LaSAR- PHREEQC model, which combines reaction path chemistry and transport in 

nonuniform velocity fields using ensemble averages of advecting stream tubes.  

 

Numerically, change in concentration of contaminant, such as due to attenuation of metals, in 

this case Zn2+, for example, by precipitation or sorption reactions, as the contaminant 

transported from IP to CP can be calculated applying the governing equation for reactive 

transport, such as described in Dagan et. al., (1996) as 

Mean water flow direction 
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where C = total concentration of metal in the aqueous phase 

 t = time  

 τ =  water residence time 

R = the rate of removal of solute from the aqueous phase, due to geochemical or other 

processes. 

 

 

Obviously, the resulting contaminant concentration from each of the stream tubes depends on 

the water travel time along individual stream tubes, in addition to the encountered mineral 

concentrations in the receiving environment. The integrated effect of flow along each of the 

conceptualized stream tubes, which are characterized by a probability density function (PDF) 

of the travel times to the down gradient boundary of the transport domain, at a specified 

control plane at a time of interest can be determined by averaging of individual stream tubes 

concentration. Thus, the overall breakthrough of the contaminant as the plume moves between 

the injection plane (IP) and the control plane (CP) is obtained by summing up the resulting 

concentration from each of the stream tubes at the CP.  

 

In the coupled model, the PHREEQC out put will be used as an input, to the transport model 

(LaSAR) and the flow variability is quantified applying the relevant pdf with different 

standard deviation of travel time, in order to characterize flow variability, to get time 

dependent concentration of each component at a given location of the CP.The concentration 

of a spreading contaminant, i, at time t, at a control plane (CP) located at distance x from the 

upstream boundary of the impoundment (IP) can be numerically calculated from the 

following equation as discussed in Malmström et. al., (2004) and references therein. 
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where: 
);,( xtCi τ  = is the local concentration at time t along a stream tube with water travel 

time, τ x  at CP position at distance x along the flow direction. 
 

),( xg τ  is the probability density function (pdf) of travel time for all stream tubes in 

the flow system. 

Ci (m, n) is an out put from the PHREEQC simulation, where m is the time and n is 

the number of the cell. 
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7. Site-specific Model  
 
7.1. Geochemistry 
 
The Kristineberg mill tailing impoundment 1 is one of the few mining sites well studied and 

described in Sweden. A conceptual model, describing the processes thought to be responsible 

for controlling the chemistry of the water as it moves through the saturated zone of the tailing 

impoundment is presented in Fig. 9, below. The inflow from the unsaturated zone is 

conceptualised as containing weathering products from oxidation of sulphide minerals. Thus, 

the inflowing groundwater is acidic, with pH of about 4.9, and has dissolved metals of Al, K, 

Mg, Cu, Zn and Fe (total) with concentrations shown in Table 2. The composition of the 

groundwater percolating down from the unsaturated zone is obtained from the field data by 

(Ekstav & Qvarfort, 1989), shown in Table 1, on page 24. Pervious modeling work, on the 

unsaturated zone, of the same impoundment by Salmon (2000, 2003) and, Salmon and 

Malmström, (2002) was targeted to model the geochemical processes assumed to be important 

for the proton balance and metal concentration observed in field.  
 

 

 

 

 

 

 

 

 

 

 

 

Fig  9.  Conceptual model of AMD attenuation in the saturated zone of mill tailing 
impoundment 1; Kristineberg, Northern Sweden 
 

The available information, as described in the site description section, is used in the model, 

with simplification of mineralogical information on the primary and secondary minerals that 

were supposed to be initially present in the impoundment. The geochemical and physical 

parameters used in the base case model are shown in Table 2. However, due to simplification 

of those parameters used in the model and, more importantly, assumption of exclusively 

equilibrium reactions, the model should be considered as a simplified one but still considers 
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some of the most important parameters. Those components that may precipitate or dissolve as 

the acidic mine water from the unsaturated zone percolates through the saturated zone are  

assumed and, therefore, may not necessarily represent the actual conditions in the 

impoundment under consideration. However, various possible geochemical scenarios, which 

can be of practical importance, are simulated. In the base case model, calcite is considered to 

be the major mineral responsible to buffer pH. A model scenario which considers chlorite as 

additional buffering mineral will also be tested. In addition, precipitation of Al(OH)3 (s) is  
included in the model with the assumption that it will be another important processes in pH 

buffering with subsequent dissolution of the mineral phase. Processes assumed to be 

responsible for attenuation of Zn metal, in particular, precipitation of smithsonite and sorption 

on iron hydroxide surfaces are also included. 

Table 2.  Input Parameters for the Base case model  
 
Input parameters for the groundwater in the saturated 

zone 
Input parameters for inflow coming from the 

unsaturated zone 
pH = 5.0 pH = 4.9 

Temperature = 4°C Temperature = 1°C 

Equilibrium phases in the saturated zone 

Calcite (0.3 mol)/assumed originally present in the 

zone) 

Smithsonite (allowed to precipitate) 

Al (OH)3(s)  (allowed to precipitate) 

Gypsum (allowed to precipitate) 

 Partial pressure of CO2 (g) = 3 x 10-4 atm.  

Equilibrium phases in the unsaturated zone 

Partial pressure of CO2 (g) = 3 x 10 –4 atm. 

Concentration of metals in the incoming water 

(mol/kg water) 

K+   = 6 x 10-5 

Mg2+ = 0.011 

Fe (tot)* = 0.080 

SO4 
2- ** = 0.10 

Al+3 = 0.002 

Zn+2  =0.006 

Cu2+ = 6 x 10 –5 

* taken as Fe(II) in the model 
** taken as S in the model 

Water flow rate = 1.08 x 10 –7 m/sec  

Porosity = 0.25 

Flow variability cases (σ = 1; σ = 0.3 and σ = 0.1) 

Distance from the control plane (20m, 60m, 100m, 

140m and 180m) 

 

Number of cells in PHREEQC/ LaSAR- PHREEQC  = 500 

Number of shifts in PHREEQC/LaSAR = 2500 
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7.2. Water and pollutant transport 
 
The mean groundwater flow rate, Q, is calculated from Darcy’s equation as Q = k ∆h/∆l, 

where k is the hydraulic conductivity of the deposit which is taken to be 3.6 x 10 –6 m/sec and 

∆h/∆l = 6m/200m =0.03 is the gradient along the flow direction (see Fig. 10) Hence, the mean 

water flow rate = 1.08 x 10 –7 m/sec, which is about 3.4 m/year. The porosity of the tailing in 

the impoundment is taken to be 0.25 and, hence, the effective pore water velocity will be 

about 13.6 m/year. 

 

 

Groundwater flow direction  
 
Fig. 10  Interpreted groundwater levels in Impoundment 1 and the surrounding moraine 

 (modified from Axelesson and Karkvist, 1986,  by Malmström et. al., 2001) 
 

In modeling the transport of the contaminant, the injection plane will be taken to be the lower 

boundary of the unsaturated zone of the impoundment and the control plane will be the 

contact between the impoundment boundary and the regional aquifer so that the out put of the 

model can express the pollution load on the surrounding ground water system. The total 

lateral extent of the injection plane is taken to be 200meters, which is approximately equal to 

the width of the impoundment perpendicular to the water flow direction. 

380 
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The flow is conceptualized as occurring in heterogeneous media, represented by several 

stream tubes with different variability in water travel time. Travel time variability effects will 

be evaluated applying pdfs with three different flow variability cases, represented by different 

standard deviation of water travel time distribution such as low (σ = 0. 1), medium (σ = 0.3) 

and high (σ = 1). For each of the cases of heterogeneity, the travel time distribution is 

assumed to follow a unimodal lognormal pdf, such that: 
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In order to evaluate the effect of source zone location and distance to the edge of the 

impoundment, the lateral extent of impoundment is subdivided in to 5 independent sub areas, 

located at equal intervals (each 40m apart) from the control plane (see, Fig.11). 

 

     

 

 

 

 

Distance from the control plane (meters) 

Fig 11.  Conceptual model of the impoundment. The injection of pollutants is considered to 

occur in independent sub areas along the center of which (along the broken lines) the 

contaminants enter the transport system. 

 

200 180 140 100 60 20 0

Sub area 1 Sub area 2 Sub area 3 Sub area 4 Sub area 5 
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The change in pH and concentration of the contaminants, due to contribution from all the 

‘‘sub areas’ is integrated at the impoundment boundary by summing up the resultant 

breakthrough concentration from each of the ‘sub areas’. Fig. 12, below, shows how the 

transport of contaminant from each of the sub areas is conceptualized.  

 

  IP 
                 180                 140                 100                60                  20 (meters) 

 

 

 

Total distance from the IP plane to the CP= 200meters 

 

CP 

Fig. 12    Conceptual model of pollutant transport in the saturated zone of mill tailings 

impoundment 1, Kristineberg. Flow from the center of each of the sub areas (considered as 

sections of the injection plane (IP) to the control plane (CP)) is conceptualized as occurring 

along several stream tubes with different travel time (here only two from each is shown.  
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8. Results 
 

A site specific reactive transport model of AMD for tailing impoundment 1 at the 

Kristineberg mine site, northern Sweden, is developed to simulate the pH buffering and metal 

attenuation by different mineral phases, while the drainage transported through the saturated 

zone of the impoundment. The extent of the impoundment is about 200m along the mean 

water flow direction and simulation results in all settings of the model would depict the 

resultant contaminant concentration in the groundwater at the downstream boundary of the 

impoundment, just where it enters the regional groundwater system. Geochemical processes 

are modelled using the PHREEQC code whereas transport is by the lagrangian stochastic 

method (LaSAR). The coupled PHREEQC-LaSAR, proposed by Malmström et. al., (2004) 

and Berglund et. al., (2003), is applied to evaluate the effect of geochemical reactions and 

variability of the subsurface flow on the breakthrough of pollutants. In addition, effect of the 

aerial extent of the impoundment is analyzed by assuming the impoundment laterally 

comprise five independent sub areas. The unsaturated zone is the principal source of 

contaminant drained in to the saturated zone thus the presented model concerns natural 

attenuation of pollutant within the impoundment. In all settings of the model the saturated 

zone is assumed to be in equilibrium with atmospheric CO2 pressure.  

 

8.1 Evolution of the geochemistry downstream of the AMD source 
 

As described in the site description section, the tailings impoundment 1 at the Kristineberg 

mining site contains a lot of minerals capable of buffering pH. Among all these mineral 

phases, calcite (reaction 7, on page 11) and chlorite (reaction 13, on page 13) are considered 

in the presented model as the principal buffering minerals. Several field investigations, for 

instance, Berger et. al., (2000, 2003 and Malmström, 2004), showed that calcite is the most 

effective mineral to buffer pH in AMD affected areas The impoundment under consideration 

consist of a subdued amount of calcite (less than 1% by volume). Pervious geochemical 

modelling works in the case study site, identified chlorite as the most important mineral of all 

the aluminosilicate minerals found in the impoundment (see, for example, Salmon, 2003; 

Salmon and Malmström, 2004). In addition, as precipitation of secondary metal oxide 

minerals and their subsequent dissolution will affect the geochemistry of the tailing 

impoundment, effect of precipitation and dissolution of Al (OH)3(s) (reaction 10, on page 13) 

will also be discussed. 
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In all cases presented in this section, the contaminated inflow, from the unsaturated zone, is 

assumed to be injected at the center of the impoundment (center of sub area 3 in the model 

setting, see, Fig. 11). Thus, a contaminant transport distance of about 100 meters, to the 

downstream boundary of the impoundment, is considered. Therefore, the breakthrough curve 

of pH and Zn show the temporal change in groundwater pH when it just leaves the 

impoundment and enters the surrounding groundwater system, after transported for about 

100m from the contaminant source zone. 

 

8.1.1 pH buffering  
 

An equilibrium geochemical model for pH buffering by calcite and chlorite is presented 

below in order to compare the significance of each of the minerals in buffering pH. A calcite 

content of about 0.3mol/kg of water, equivalent to 1% by volume in the impoundment, is 

considered to present in the saturated zone during the onset of simulation. Whereas chlorite is 

assumed to occur in excess amount and hence the maximum allowed amount in the model is 

considered to present in the saturated zone initially.  

 

In order to show the significance of the pH buffering processes, the groundwater flow is 

simulated using the same setting of the model as described above but without calcite and 

chlorite. The resulting pH and Zn breakthrough curves are shown in Fig. 13, below. 

 

 

 

 

 

 

 

 

 

 

   (a)      (b)  

Fig. 13   Breakthrough curves of (a) pH and (b) Zn for non-reactive model setting at 100 

meters downstream of the AMD source (τwater = 7.4 years) 
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As can be seen from the pH and Zn breakthrough curves, (Fig.13), in absence of both of the 

buffering minerals, the pH of the groundwater and the concentration of the metal leaving the 

impoundment will be almost the same as in the inflowing water from the unsaturated zone, 

just at the breakthrough time of the contaminant. This situation implies a theoretical case 

scenario in AMD affected areas. In such theoretical cases, the groundwater will become 

highly contaminated by drainage from the impoundment and may result in devastating impact 

on, for instance, the fauna in the surrounding water bodies. This case might be assumed to 

happen in areas where highly concentrated mining wastes are discarded, for instance due to 

low efficiency of mineral processing, where buffering minerals are completely consumed too 

early (such as due to low volume of the mineral) and no remediation action is taken for long 

period of time. Similar situation might also be assumed to happen where surface and 

subsurface water resources are situated very close to extremely concentrated AMD, where 

effect of mixing phenomena is neglected. Comparison of the buffering of calcite and chlorite 

minerals in the impoundment is shown by presenting breakthrough curve of pH obtained from 

simulation of geochemical equilibrium models containing a) only calcite b) only chlorite and 

c) both calcite and chlorite (see Fig. 14 (a-c)). 

 

  

  

  

 

 

 

(a) (b) 

 

 

 

 

 

 

( c )  

Fig. 14   Breakthrough curves of pH, 100m downstream of the AMD source, obtained from 

the geochemical equilibrium model containing a) only calcite b) only chlorite and c) both 

calcite and chlorite  
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Fig. 14 shows that calcite is the most efficient mineral in buffering pH. Despite the relatively 

low amount of the mineral in the impoundment, calcite is capable of buffering the pH to about 

8.1 for about 200 years. On the other hand, the chlorite, which is assumed to occur in excess, 

buffers pH to about 6.8 throughout the simulation period. The relatively longer period of pH 

buffering by chlorite, as compared to calcite, is due to its higher abundance. The effect of 

simultaneous presence of both of the buffering minerals (as shown in Fig. 14c) is such that 

slightly higher pH (7.6), as compared to 7.5 when only calcite is considered, results after 

depletion of calcite and, importantly, the period for which the calcite buffers pH is prolonged. 

For the presented model scenario, calcite-buffering time is prolonged for about 80 years due 

to presence of chlorite in addition to the calcite. Buffering at pH 7.5-7.6 is brought about by 

redissolution of the precipitated smithsonite (see section 8.1.2). 

 

The pH buffering through dissolution of calcite and chlorite is associated with release of base 

cations. As an example, breakthrough curve of Mg for different cases (buffering by calcite 

and chlorite dissolution) is shown in Fig. 15. As can be seen from the breakthrough curves, 

chlorite dissolution has affected concentration of Mg, as opposed to its non-reactive character 

in impoundments containing only calcite. In the calcite case, Mg breaks through at τ = 7.4 

years at the concentration leaving the unsaturated zone (0.011M; non reactive tracer, Fig. 

15a). In the chlorite case, the Mg concentration increases to 0.0003M from the start of the 

simulation, due to chlorite dissolution. At about τ = 8.5 years, the Mg concentration increase 

to 0.013M. 

 

 

 

 

 

 

 

(a)       (b) 

Fig.15   Breakthrough curve of Mg for cases buffering pH by  (a) Calcite and (b) Chlorite at 

100 meters downstream of the AMD source. 
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unsaturated zone, after breakthrough of the AMD is associated with consumption of the 

acidity of the AMD. Thus, the increased concentration of Mg in the effluent reflects the 

effective solubility of chlorite, and thus its buffering, at various conditions. 

 

The comparison of the buffering capacity by the minerals showed the importance of 

dissolution of aluminosilicate minerals, at least chlorite, in buffering pH in AMD affected 

areas, in addition to the well recognized effect of carbonate minerals. In the above-discussed 

results, it was assumed that chlorite dissolution is fast and maintained at geochemical 

equilibrium. However, chlorite dissolution is generally regarded as a slow geochemical 

process as discussed in pervious studies, see for instance, Salmon, (2000). Thus, dissolution 

of chlorite should basically be quantified as a kinetic process. Alternatively, two limiting 

cases can be addressed; (i) Chlorite dissolution is so slow that it does not affect the 

geochemistry and thus can be excluded from the model (base case) and (ii) Chlorite 

dissolution is fast, such that equilibrium with aqueous phase is maintained. In order to be 

conservative, case (ii) is used to evaluate pH buffering by chlorite and case (i) is used as a 

base case in the following. 

 

Simulation results of the base case model, containing calcite as a major buffering mineral, are 

presented below. In the model, smithsonite (ZnCO3), Al (OH)3 (s) and gypsum (CaSO4.2H2O) 

are allowed to precipitate. The AMD is assumed to enter the saturated zone at the center of 

the impoundment (center of sub area 3) and the simulation result show the groundwater 

composition at the downstream boundary of the impoundment, thus located at 100 meters 

from the AMD source. As shown in Fig. 14(a), the pH at the control plane was initially, when 

the solution is unaffected by the AMD, around 8.3. At  τ =7.4 years, the AMD breaks 

through, but the pH is maintained at a high level, pH = 8.1, through buffering by calcite. 

Gradually calcite is consumed and a depletion front moves forward, as shown in the mineral 

profile below, Fig. 16. At 200 years, all the calcite up to the control plane has been consumed 

and the pH drops to 7.5, now buffered by dissolution of smithsonite. After depletion of 

smithsonite, the pH further drops to about 5.7, as shown on breakthrough curves for source 

located at shorter distance (see section  8.3.2). 
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 (a) 

    (b) 

     ( c)  
 
Fig. 16  Mineral profile at 4, 40 and 400 years for each of the buffering minerals in the base 

case model a) calcite b) smithsonite c) Al (OH) 3 (s) at a distance of 200meters (for calcite and 

smithsonite) and 100meters (for Al(OH)3(s)) doenstream of AMD source. 
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Fig. 16, above shows profile of the mineral phases responsible for pH buffering for the time 

period of 4, 40 and 400years. As shown on the profiles calcite is continuously dissolving in 

the course of buffering the pH. Both the smithsonite and Al(OH)3 show  initial precipitation 

and subsequently dissolution with time. At t= 400years the calcite depletion front will reach 

about 200meters (as shown in Fig. 14, a the calcite was depleted at about 200 years, for the 

distance of 100years). 

 

Precipitation and subsequent dissolution of secondary mineral dissolution may also be 

important in the geochemical modelling of AMD. The base case model shown above 

considers precipitation of Al(OH)3 (s), as one example. To show the significance of this phase 

in buffering pH, simulation result of the base case model where Al(OH)3 (s) precipitation is 

neglected and also considered, with source distance of 60meters, is shown below in Fig. 17, 

below. The result revealed the fact that Al(OH)3 (s) buffers pH to about 5.7 that would drop to 

about 4.9 otherwise. Such capacity of Al(OH)3 to buffer pH in AMD affected areas was 

discussed in Blowes and Ptacek (1994).  
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Fig.17   Breakthrough curve of pH (a and c) and Zn (b and d), at 60m downstream of the 
AMD source,  from the geochemical model where precipitation of Al(OH)3(s) is not considered 
(i) and (ii) included in the model. 
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As shown above, in Fig. 17, precipitation and redissolution of Al(OH)3 (s) resulted in pH 

buffering to about 5.7 (fig. 16c) , once the smithsonite has been consumed, which would 

otherwise drop to 4.9 (fig. 16a). Moreover, in absence of Al(OH)3 (s) precipitation,  due to drop 

in pH , Zn mobility will become higher with shorter peak concentration time and  earlier 

breakthrough of the input concentration. 

 

8.1.2 Attenuation of Zn  
 
8.1.2.1 Attenuation of Zn due precipitation of secondary minerals 
 
Metal attenuation, due to precipitation of secondary mineral phases has been identified to be 

an important processes in AMD affected areas (see  Brown et. al., 1998, and elsewhere). In 

this modelling work, effect of precipitation of smithsonite, a mineral phase reported to be 

oversataurated in AMD areas (see Nordstrom et. al., 1999), is considered as the major 

Zn2+attenuating mechanism.  
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Fig. 18     Breakthrough curve of (a) SO4 –2  b)  Fe(II) and (c) Zn from the base case model 
with a source zone located at 100 meters upstream of the control plane. 
 

d =100m

0
0.02
0.04
0.06
0.08
0.1

0.12

0 100 200 300 400 500

Time (years)

SO
4 

2-
 (m

ol
/l)

d= 100m

0
0.002
0.004
0.006
0.008
0.01

0.012

0 100 200 300 400 500

Time (years)

Zn
 (m

ol
/l)

d =100m

0
0.02
0.04
0.06
0.08
0.1

0.12

0 100 200 300 400 500

Time (years)

Fe
 (I

I) 
(m

ol
/l)



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 46

Fig. 18, above, shows the breakthrough of SO4 2- , Fe (II) and Zn for a contaminant entering 

the transport system about 100 meters from the downstream boundary of the impoundment 

(from center of sub area 3). The Fe (II) concentration is, as expected, kept similar during the 

whole simulation period, due to the fact that no iron containing phases included in the model 

and thus Fe is transported non-reactively. The SO4 2- concentration is initially reduced (to 

about 0.09M) as compared to 0.1M (input concentration) and latter increased, after the 

depletion of calcite, signifying formation of gypsum (CaSO4.2H2O) during the buffering by 

calcite and its latter dissolution with drop in pH according to. 

 

H+ + CaCO3(S)  +  SO4
2-  + H2O  → CaSO4 .2H2O(s) + HCO3

-  (17) 

 

CaSO4 .2H2O(s)    → Ca 2+ + SO4
2- + 2 H2O    (18) 

 

It can be observed that the Zn has a first breakthrough at about 7.4 years, which is equivalent 

to the mean water travel time. The concentration at the breakthrough is about 10 % of the 

input concentration (0.0006M), indicating immobilization of the metal ion. Attenuation of the 

metal was due to precipitation of smithsonite, ZnCO3, before the calcite has got completely 

consumed in the course of buffering the pH. 

 

In the model, smithsonite, one of the minerals identified by Nordstrom and Alpers (1999) to 

occur in AMD affected area, is allowed to precipitate. The precipitation of this phase occurs 

due to the fact that the librated HCO3 -, during dissolution of calcite, reacted with the influent 

containing Zn 2+ according to  

 

Zn 2+ + HCO3 -   →  ZnCO3(s) +  H +    (19) 

 

 

 After about 200years, high concentration of Zn, which is about 160% of the input 

concentration (0.0095M), has occurred continuously for the remaining simulation time. Such 

high concentration indicates remobilisation of the metal ion due to pH drop to about 7.5, as 

shown above in Fig. 14 (a), which initiated subsequent dissolution of the initially precipitated 

smithsonite.After the available calcite has been completely consumed, the pH drops to about 

7.5 and dissolution of the precipitated smithsonite is initiated, as discussed by Berglund et. al., 

2003 and Malmström et. al., 2004. This results in the second breakthrough of Zn 2+ at t = 
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200years. It is important to note that the concentration of Zn +2 now is higher at the CP than at 

the IP and that this condition remains throughout the simulation period (450 years), for a 

source at distance of 100m from the impoundment boundary. Thus, while smithsonite 

formation delayed the Zn +2 breakthrough with several hundred years, it also resulted in an 

increased pollutant loading over longer times. The result shows the importance of identifying 

the appropriate secondary minerals phases, which would determine the temporal mobility of 

the respective metal ions, in modelling attenuation mechanisms. 

 

In the base case model, precipitation of Al(OH)3 (S) found to affect mobility of Zn. The 

breakthrough curve of Zn (Fig. 17, b), obtained after removing Al(OH)3(s) precipitation from 

the model, showed that remobilization of Zn will occur slightly earlier and will reach too 

about 175% of the input concentration, as opposed to that of about 160% in the base case 

model. This result, due to the pH effect, on smithsonite solubility, causes the reverse of the 

reaction shown in reaction 19, above. 
   

8.1.2.2  Attenuation of Zn by sorption   
 

Sorption of Zn on ferric hydroxide surface is reported to be an important process capable of 

attenuating Zn (see, Malmström et. al., 2004). Sorption on ferric hydroxide surface with a 

surface site concentration of 0.006 mol/l results in Zn retardation to about 14.6 years, while 

the breakthrough time is about 7.4 years as shown in Fig. 19 below. 

 
 

 
 
 
 
    
 
 
 

(a)       (b)   
  

Fig. 19    Breakthrough curves of (a) pH and (b) Zn, where sorption of the Zn on iron oxide 
surface (with surface concentration of 0.006) is considered, for a source at 100m upstream of 
CP.  
 

d = 100m

0
0.001
0.002
0.003
0.004
0.005
0.006
0.007

0 100 200 300 400 500

Time (years)

Zn
 (m

ol
/l)

d =100m

4
4.5

5
5.5

6
6.5

7
7.5

8
8.5

9

0 100 200 300 400 500

Time (years)

pH



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 48

Competitive sorption of Ca, Fe (II), and Mg with Zn showed similar result with the pure 

sorption case, indicating a higher surface affinity of Zn in sorption process as compares to the 

other metals. 

 
8.2 Effect of lateral extent of the impoundment 
 
8.2.1 “Edge effect” 
 
The preceding discussion has shown that considerable attenuation of acidity and Zn 2+ can 

occur in the saturated zone of the tailings provided that the transport length from the AMD 

source to the boundary of the impoundment is long. This situation might be quite different for 

AMD source locations close to the edge of the impoundment, which thus may require special 

attention in remediation of a the environmental impact of AMD.  

In order to account for the effect of the lateral extent as well as the effect of pollutant source 

zones close to the edge of the impoundment on the resulting groundwater pH and 

concentration of Zn at the downstream boundary, the whole lateral extent of the 

impoundment, which is 200m, is subdivided in to 5 sub areas, each 40 meter wide, and 

assumed to be independent of each other. AMD migration, emanating from the center of each 

of the areas, is simulated and the resultant breakthrough curve for pH and Zn are evaluated 

(see, Fig. 21). 

As an example of a source zone closer to the edge of the impoundment, breakthrough of pH 

and Zn for the distance 1, 5 and 10 meters are compared below in Fig. 20, below. As shown in 

the breakthrough curves, as the AMD source is located closer to the edge of the 

impoundment, the impact on the groundwater quality will become rigorous, such that the 

contamination start earlier, due to weaker natural attenuation of the pollutants. This is due to 

the fact that geochemical process that would be effective to buffer pH and attenuate metal 

ions will become less effective, as the source zone becomes closer to the CP, due to the short 

water travel time. This fact is further shown in the pH drop to about 4.9, 5.7, and 7.5 (within 

20 years) for sources located at 1m, 5m, and 10m distances from the impoundment boundary, 

respectively (Figures 20 a, c, and e). In effect, attenuation of Zn2+ occurs for about 2 years, for 

the source at 1m distance, zone to about 10 and 20 years for the contaminant source distance 

of 5 and 10 meters, respectively (Figures 20 b, d, and f). In fact, as will be shown in more 

detail below, the farthest source location will have a long lasting and high metal load effect, 
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though immobilization of the metal may occur for appreciable time during buffering by 

calcite and precipitation of smithsonite. 

  

  

 

 

 

    (a)      (b) 

  

  

 

 

 

(c)        (d) 

   

 

 

 

(e)                                                                                    (f) 

Fig. 20  Edge effect on breakthrough  pH (a, c, e) and Zn (b, d, f ) for transport distances of 

1m, 5m, and 10m, from the AMD source.  
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8.2.2 Effect of source distance on pollutant concentration  

Consideration of the impoundment extent is also relevant in understanding metal mobility in 

AMD affected areas. Since, as discussed in previous sections, mobility of Zn in the base case 

model is a function of precipitation and subsequent dissolution of smithsonite, which in turn 

depends on the pH, the timing and duration of the Zn +2 pollutant load from each of the sub-

areas will be affected by the corresponding pH-buffering trend.  

As would be expected, for the base case scenario, the resultant pH at the downstream 

boundary (CP) is a function of the groundwater travel time between the source and the control 

plane. As the source gets closer to the impoundment boundary, the resulting pH will drop 

progressively from about 7.5 (for the farthest, for travel distance equal to or longer than 

100m) to about 5.7 (the closest, travel distance shorter or equal to 60m). The time at which 

the pH drops to the minimum and the length for which the highest pH sustain also depend on 

the position of the source, with that from nearest sub area shows several pH buffering levels, 

due to less amount of reactive minerals between the IP and the CP, than the farthest ones (see 

Fig. 21 a-e). As shown, the duration of the time period at which the pH sustain to about 

8.1,due to buffering by calcite, is 364, 280, 200, 120 and 34 years for sub-areas 1, 2, 3, 4, and 

5, respectively, while the corresponding mean water travel to the CP from each of the sub-

areas being 13.2, 10.2, 7.4, 4.4, and, 1.4 years respectively. 

One peculiar feature of the curves is that for those with source distances of 60m and 20 

meters, the drop in pH is as low as 5.7, before the end of the simulation, and consequently, the 

breakthrough for Zn finally drops to the input value, as the mineral phase capable of 

attenuating Zn, smithsonite, totally dissolved before the end of the simulation. For the farthest 

sources, the cumulative effect from the influent and that from the dissolution of smithsonite 

increase the Zn concentration for longer time. 
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(a) (f) 

  

 

 

(b) (g) 

  

 

 

   ( c )          (h) 

    

 

 

(d)      (i) 

 

   

(e) (j) 

Fig. 21   Breakthrough of Zn 2+ (a-e) and the corresponding pH (f-j), for different distances 
from the AMD source to the control plane. 
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The aforementioned results, signifies the importance of the lateral extension and zones near 

the edge of the impoundment on buffering reactions and metal mobility. As discussed above, 

consideration of different contaminant sources will result in different timing, concentration 

levels and duration of pollutants for pH and Zn, depending on the water travel time required 

to reach the control plane. In order to visualize the cumulative effect of these ‘point sources’, 

an attempt is made to sum up the contribution from each of the sub areas, at the control plane. 

The resulting breakthrough curves are shown in Fig. 22, below. The cumulative breakthrough 

curves show a stepwise drop in pH with time and the corresponding increase in metal 

concentration. This stepwise behavior is due to the rough discretisation of the presented 

model (5 zones for 200m). Upon adding more zones to the model thereby increasing the 

discretisation of the model, it is expected that the curve would become smoother, at the same 

time, however, demanding more simulation time and computer capacity.  

 

 
 

 
 
 
 
 
 
 
 
 
 

(a) (b) 
 

Fig.  22   Break through curves for Zn (a) and pH (b) obtained by summing up contributions 
from each of the sub areas at the impoundment boundary. 
 
 
Although the curves are stepwise, they can be used to indicate the general trend of water 

composition at the CP, with monotonously decreasing pH (Fig. 20b) and on average 

increasing Zn 2+ concentrations over time (Fig. 22a). 
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8. 3   Effect of flow Variability 
 

The above results show that the PHREEQC model is efficient in modelling geochemical 

processes and is an easy tool to test different geochemical scenarios without considering other 

factors that might affect the processes. However, in reality, there are other factors that should 

be considered, in addition to geochemistry of the deposit, while dealing with AMD transport. 

One important factor that may affect the breakthrough of contaminants is flow variability of 

the subsurface system (see, e.g., Cvetkovic and Dagan, 1994; Berglund et. al., 2003 and 

Malmström et. al., 2004; and many others). 

In order to appreciate the effect of variability of the flow system, breakthrough curves of Zn, 

for a contaminant transported from the midpoint of the impoundment, as evaluated at the 

impoundment boundary (after travelling for 100meters) are shown in Fig. 23 below, for three 

different flow variability cases. For the sake of understanding, the deterministic 

(homogeneous) breakthrough curve (where variability is neglected) is also shown. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Fig. 23   Zn 2+ breakthrough curve, 100 meters downstream of the AMD source, for different 

flow heterogeneity (log normal distribution with high (σ=1) medium (σ= 0.3) and low 
(σ = 0.1)) flow variability, and the deterministic (homogeneous) cases. 

 
 
From the shape of the breakthrough curves shown in Fig. 23, the effect of introducing the 

flow variability factor in the transport problem can be well appreciated. In the homogeneous 

flow case, it is not possible to observe the breakthrough concentration of Zn, before it reaches 

about 10% of the input concentration (at t = τ water). When flow heterogeneity is considered, 
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increasing concentration from the commencement of the simulation is observed (early 

breakthrough of pollutant). This is due to the fact that some of the water parcels, along stream 

tubes with shorter travel time, will reach the control plane soon after the commencement of 

the simulation. This will have relevance with respect to environmental mitigation measures, 

as it will enable the model users to know how early they need to take measures, particularly in 

situations early actions even at subdued concentration are mandatory. 

 

Comparison of the stochastic and deterministic model (with the same discretisation and the 

same setting), as shown above, revealed the fact that the breakthrough curve of Zn obtained 

from stochastic modelling shows continuously increasing metal concentration with time. On 

the other hand, the deterministic breakthrough curve portrays only few concentration levels.  

The general effect of increasing flow heterogeneity is thus smoothening of the breakthrough 

curve (see also, Berglund et. al., 2003 and Malmström et. al., 2004), early arrival of the 

pollutants, lower Zn 2+ peak concentration and longer pollutant load. In fact, since the 

stochastic approach couples the effects of both geochemical processes and the spatial 

variability, it is difficult to understand the relevant geochemical processes, such as dissolution 

front, responsible for getting a certain concentration during defined time of simulation; hence, 

the importance of deterministic approach. However, the results shown above, as an example, 

show the importance of considering the combined effects of flow heterogeneity and 

geochemical processes for appropriate modelling of the pollutant transport. The peak 

concentration obtained from the deterministic (homogeneous) case is by far higher (by about 

50%) than the one obtained, for example, from the high variability case.  

 

The above result shows the breakthrough of Zn obtained from a single source located at the 

center of the impoundment (100 meters from the impoundment boundary). However, in the 

conceptual model, the source zone is considered to be multiple over the impoundment, which 

in the mathematical model is represented by five independent sub areas. The breakthrough 

curves (BTC) for Zn, for all flow variability cases, from each of the sub areas, are shown 

below in Fig. 24, in order to appreciate the effect of the source location on the resultant of the 

breakthrough curves.  
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 (d) 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 (e) 
 
Fig. 24   BTC of Zn at the boundary of the impoundment for transport distance of (a)= 20m 
(b)= 60m (c)=100m (d)=140m and (e)=180m from the impoundment boundary. Three flow 
variability cases of high (σ=1) medium (σ= 0.3) and low (σ = 0.1) are shown for each of the 
transport distances considered and compared with the deterministic (homogeneous case). 
 
 
Fig. 22 (a-e) shows the significance of the transport distance, in addition to the already 

discussed flow variability on the shape of the resulting breakthrough curve. As discussed 

before, for all flow variability cases, as the source gets closer, the time for the first 

contaminant breakthrough will be shorter and the peak concentration will be reached earlier.  
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Comparing the effect of the same flow variability between the distances (which is not 

theoretically fully correct as σ, standard deviation of the travel time, will increase with 

transport length), it is evident that the effect increases with increasing transport length. Thus 

the BTC gets smoother and smoother the farther away the CP is located from the source. Fig. 

25, below, shows this fact for effect of distance on the breakthrough of Zn for different source 

distances. 
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Fig. 25 . Breakthrough curves of Zn for a highly variable flow system (σ =1), with AMD 

source distances of  a)180m  b)140m  c) 100m d)60m and e)20m. 
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While Fig. 25 shows the breakthrough curves from  assuming independent source areas, in 

reality, the contaminant may have different source area and thus may travel from all these 

sources simultaneously. Therefore, for evaluation of the pollutant situation at a certain 

compliance boundary, such as at the impoundment boundary with the surrounding aquifer, it 

is important to consider the cumulative effect. Therefore, breakthrough curves of Zn obtained 

from each of the areas are summed up in order to get the cumulative effect and are shown 

below in Fig. 26 

 

 

 

 

 

 

 

 

 

 

 

 

 

Fig. 26   Cumulative breakthrough curve of Zn at the impoundment boundary for different 

flow variability cases ( high (σ=1) medium (σ= 0.3) and low (σ = 0.1); compared with the 

cumulative deterministic (homogeneous) case.  
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mobilization for long period of time is indicated, provided that flow variability effects 

ignored. The steps would become finer if more source areas were included in the model. For 

the case with other flow variability cases, the curves become smoother and have similar shape 

to those from the individual source areas. The initial breakthrough time will be shorter and 

also lower peak concentration will be reached as the flow variability is increased, but with 

longer period of relatively high contaminant load,  as compared to lower variability cases. 
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From the forgoing discussion, it has been shown that in both the homogeneous and 

heterogeneous flow cases, the position of the contaminant source and, hence, the transport 

distance will have influence on the shape of the breakthrough curves of Zn. Then, determining 

the optimal level of discritization of the source term might be of interest. That is, for instance, 

increasing the number of sub areas, as described in this modelling work,  would be an 

important step in developing more relevant predictive models. Despite the resulting 

complexity of the model and the time of simulation required to get the results, from the very 

nature of the modelling approach, discretization of the system parameters may increase the 

reliability of the output of the model.. Such work demand longer simulation period, high 

computer capacity and management (book-keeping) of several model outputs.  

 

Fig. 27 shows breakthrough curves, from each of the source locations along with the 

cumulative one for the high variability flow case. As shown in the plot, the breakthrough 

curve from the sub area located at the mean distance, sub area 3, will best approximate the 

cumulative breakthrough curve. Hence, it can be concluded that, the mean distance can be 

taken as a good approximation in modelling contaminant transport in highly variable flow 

system (see Fig.28a). 

 

 

 

 

 

 

 

 

 
 
 
 
 
 
 
Fig.27 Comparison of breakthrough curve of Zn from all sub areas and the cumulative BTC 
for a highly variable ,(σ =1), flow system(”slices” means the respective sub areas) 
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Fig. 28 (a), below shows how the cumulative breakthrough curve for a high variability case 

resembles that from sub area 3. However, it is not always possible to say that the 

breakthrough curve from the mean transport distance would suffice to be taken as the 

representative contaminant breakthrough curve for multi-source cases. As, the shape of the 

breakthrough curves for both the cumulative and the mean distance will be affected by the 

flow variability, the above shown relation may not be extended to all flow variability cases. 

Accordingly, in order to further appreciate what will be the effect of the flow variability in 

approximating the whole contaminant source area with that mean distance far from the CP, 

breakthrough curves of Zn for a high- and low-variability flow system are compared below in 

Fig. 28 (a and b). 
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Fig. 28  Breakthrough curve of Zn obtained from the mean distance (100m) and from 
combination of all source zone for (a) high variable flow and (b) low variable flow systems. 
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From the comparison of the breakthrough curves shown above, in fig. 25 (a and b), it is 

possible to observe that approximation of the location of the contaminant source as from the 

mean distance from CP will be possible with reasonable deviation for a highly variable flow 

system. However, as the flow variability gets less variable, approximating the source location 

by the mean distance will not be possible.  



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 62



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 63

9. Discussion and Conclusion 

 
Modelling transport of AMD from mill tailings impoundment is essential in characterizing the 

impacts on groundwater resources and evaluation of mitigation measures. The resulting 

concentration of contaminants, as evaluated at a defined boundary of interest and as function 

of time, depends on the geochemical reactions involved, on transport processes and on the 

degree of flow heterogeneity of the subsurface system. Accordingly, a reactive transport 

model of AMD is presented with the objective to evaluate the significance of the geochemical 

reactions considered and the flow heterogeneity of the tailings impoundment.. 

 

In this study, tailings impoundment 1 at Kristineberg, northern Sweden is used as a case study 

and the developed model is devoted to simulate pH buffering and metal attenuation by 

different mineral phases, while the drainage is transported through the saturated zone of the 

impoundment. The extent of the impoundment is about 200m along the mean water flow 

direction and simulation results in all settings of the model would depict the resultant 

contaminant concentration in the groundwater at the downstream boundary of the 

impoundment, just where it enters the regional groundwater system. 

 

A simplified geochemical model consisting few mineral phases, and where all reactions are 

assumed to maintain at equilibrium condition is used (compare, Berglund et. al., 2003; 

Malmström et. al., 2004) in order to simulate pH buffering and metal attenuation, by using Zn 

as an example is used. Calcite is considered as the major pH-buffering mineral and its 

buffering action is compared with that of chlorite, a major aluminosilicate mineral in the 

impoundment. Relevance of Al(OH) 3 (s) precipitation and dissolution both in pH buffering 

and attenuation of metal is also evaluated. 

 

A systematic approach by which geochemical processes are decoupled from transport is 

followed so that the complex phenomena can be understood in a better way is used. The 

PHREEQC model is used to simulate the geochemical processes. The effect of flow 

variability is modelled applying the lagrangian stochastic reactive transport (LaSAR) 

formulation by comparing four flow cases; high (σ = 1), moderate (σ = 0.3) and low (σ = 0.1) 

flow variability, assuming a lognormal pdf for the water residence time, as well as a 

homogeneous model (σ = 0). The PHREEQC-LASAR model proposed by Malmström et. al., 
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(2004) is used in this study as the tool is proposed to be effective in handling both 

geochemical complexities, such as in mill tailing impoundments, and physical variability of 

the subsurface. 

 

The presented geochemical base case model contains calcite as the major buffering mineral 

with concentration of about 0.03 mol/kg of water. Precipitation of smithsonite (ZnCO3), 

Al(OH)3 (s) and gypsum (CaSO4. 2H2O) is allowed in the model. Dissolution of calcite 

resulted in pH buffering to about 8.1, until the depletion of the mineral. The increase in pH 

resulted in immobilization of Zn to a subdued level, thus suggesting effective attenuation of 

heavy metal in areas characterized by underlying calcareous geological materials, as 

previously widely described in scientific literatures, (see, for instance, Berger et. al., 1999; 

Berglund et. al. 2003; and Malmström et. al., 2004).  

 

After depletion of calcite, the initially precipitated secondary mineral, smithsonite, will start 

to dissolve and will buffer the pH to about 7.5 until the total available amount gets consumed 

simultaneously resulting in remobilization of Zn 2+. After all smithsonite is dissolved, the pH 

is buffered to about 5.7 due to dissolution of Al (OH) 3 (s). The sorption of Zn2+, in the absence 

of smithsonite, on hydrous ferric oxide, with surface concentration of 0.006 mol/l, resulted in 

attenuation of the metal for about 7.2 years, equivalent to the water travel time for the 

considered distance, indicating effective sorption of the metal on the available sorption 

surface. The result is well comparable with that reported by Malmström et. al., (2004). 

Furthermore, it was found that competitive sorption of other metals (Ca, Mg, and Fe (II) ) did 

not affect the attenuation of Zn. Dissolution of the initially precipitated Al(OH)3(s) resulted in  

pH buffering to about 5.7, without affecting mobility of Zn2+.  

 

The results show that Zn 2+, as one example of a heavy metal from AMD, can be substantially 

attenuated within the impoundment by reactions such as precipitation and sorption. They also 

show that Zn 2+ can be remobilised up on drop in pH. Model results, thus, indicated that 

contaminant transport in the saturated zone of tailing impoundments could continue for very 

long time, with potential threat on groundwater resources, unless mitigation measures are 

taken so early before the concentration of pollutants become above threshold limits. The 

remediation measures that would be taken need to prevent primary release of Zn 2+ from the 

unsaturated zone of the impoundment and/or drop in pH in the saturated zone. Both these 
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effects can be achieved by e.g., preventing oxygen diffusion, such as commonly aimed for, 

e.g. in cover techniques.  

 

As different field situations are characterized by heterogeneity of the subsurface such as due 

to difference in grain size distribution in clastic sediments, variable flow pattern in karstic 

rocks, structural and textural variations in volcanic and metamorphic rocks, and, particularly, 

tailings mineralogy and grain size in tailing impoundment; consideration of flow variability 

will important for realiable modelling of contaminant transport. 

 

Effect of flow variability on the timing, maximum concentration and duration of the pollution 

peak for Zn was shown to be important in the presented model. In all model settings the flow 

variability highly affect the resultant breakthrough concentration of Zn downstream of the 

pollutant source. Therefore, consideration of the heterogeneity of the flow media will be 

important in modelling contaminant transport in subsurface system as discussed in Berglund 

et. al., (2003) and Malmström et. al., (2004).  

 

In general, as the flow variability increased, both pH buffering and metal attenuation capacity 

will be less effective at the beginning, during dissolution of calcite. This is due to early 

depletion of calcite along streamlines with low residence time and results in higher mobility 

of metals and faster drop in pH at the control plane, as compared to the homogeneous or low 

flow variability cases. After depletion of calcite, the peak breakthrough concentration will be 

lower and also the time to reach that peak will be longer for a case with high flow variability 

as compared to cases of homogeneous or of low flow variable system. 

  

For representing the field condition with the contaminant source in tailing deposits, 

considered as non point sources, the attenuation of pollutants will depend on the travel 

distance from the source to the control plane, thus, the effects of zones located close to the 

boundary of the impoundment is different to those of the interior.  

 

The aerial extent of the contaminant source, conceptualised as set of sub areas, was 

introduced in the model. Hence, breakthrough curves of Zn will differ based on the location of 

the source with respect to the plane of interest at which effects are monitored. Model results 

show that the effect from contaminant sources located far from the control plane will occur 

latter than those located at shorter distances. An additional effect is that up on remobilisation, 
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due to change in geochemical conditions, such as drop in pH, the source located at longer 

distance will contribute with more pollutants than that at shorter distance. 

 

If one ignores the heterogeneity of the subsurface, the resultant breakthrough curve obtained 

by summing up the contribution from each the different source zones, a gradually decreasing 

water quality with time at the CP, and a smoother change in concentration than when only one 

source considered was observed. Model results indicated that representation of the whole 

impoundment by the center source area alone was a good approximation for cases with large 

flow variability. Decreasing degree of flow variability and/or transport length increased the 

need for considering the lateral extent of the impoundment in order to correctly quantify 

contaminant concentration at the CP. 

 

Possible mitigation measures to minimize the impact of AMD on groundwater resources, 

thus, should start from proper site selection for tailings impoundment. Both the distance from 

sensitive sources and topographical position with respect to the groundwater flow direction 

should be properly considered.  The other and may be more appropriate mitigation measure is 

getting rid of the contaminant generation by covering the impoundment by soil so that oxygen 

diffusion, which is responsible for oxidation of sulphide minerals and generation of acidity 

and metal ions, can be prevented. Mitigation measures that could be taken to minimize the 

adverse impact of AMD on the surrounding groundwater system also includes constructing a 

cut-off trench across the valley below the tailings impoundment and collection of the resulting 

water and direct it to a treatment pond where the pH can be raised by reacting with buffering 

minerals, such as limestone and aluminosilicate minerals. Metals can also be substantially 

attenuated due to precipitation in wetlands. 

 

The above facts, namely pH buffering and metal attenuation by various geochemical 

processes, revealed the importance of understanding the geochemistry of the tailings in the 

impoundment as a whole for assessing the associated environmental impact such as metal 

mobility in AMD affected areas. The shortcoming of various modelling approach to 

characterize field condition is usually due to the difficulty to get detailed geochemical and 

transport data and inability to properly quantify such processes. Therefore, future 

development on modelling geochemical processes should look for methods where by the 

complex natural conditions can be conceptualized with appropriate, yet efficient, 

simplifications.  
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The presented model is simplified in terms of geochemical processes, such as for example 

there is no distinction of the slow and fast reactions in the system. Moreover, not all relevant 

reactions have been considered. Rather a few selected important pH buffering and trace metal 

attenuating processes have been studied in detail to show the coupled effects of flow 

heterogeneity, extent of the impoundment and geochemical processes. Therefore, future 

modelling work should include kinetic quantification of those slow processes. Improved 

modelling of field scale spreading of contaminants will require detailed data on subsurface 

variability, for instance, from tracer tests and core sampling. 

 

 

 

 
 
 

 

 

 

 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 68

 
 

 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 69

References 
 

Adriano, D. C. 1986. Trace Elements in the Terrestrial Environment. New York: Springer-

Verlag. 

 

Alpers, C.N. and Blowes, D.W.1994. Environmental Geochemistry of Sulfide Oxidation. 

ACS Symposium Series, Washington, DC, v. 550, 661 p. 

 

Alpers, C.N., Nordstrom, D.K., 1999. Geochemical modelling of water-rock interactions in 

mining environments. In: G.S.Plumlee and M.J. Logsdon (Editors), The environmental 

geochemistry of mineral deposits. Reviews in Economic Geology, vol.6A., Soc. Ec. 

Geologists, Chelsea, USA,pp.289-323. 

Banwart S.A., and Malmström, M. E.,  (2001),  Hydrogeochemical Modelling of preliminary 

asssesment of minewater pollution, Journal of Geochemical Expolration 74(2001), p 73-97. 

Berglund, S. (1997), Groundwater contamination: Significance of hydrochemical processes 

for remediation and impact evaluation. Ph.D. thesis TRITA-AMI PHD 1013, Dept. of Civil 

and Environmental Engineering, KTH, 1997. 

 

Berglund S., Malmström M.E., Jarsjö J., Destouni G. 2003, Effects of Spatially Variable Flow 

on the Attenuation of Acid Mine Drainage in Groundwater. Sudbury 2003 Mining and the 

Environment, Sudbury, Canada. 

 

Blowes, D.W. and Ptacek, C.J. (1994): Acid-neutralization mechanisms in inactive mine 

tailings. In: Jambor, J.L. and Blowes, D.W. (eds.): Short Course Handbook on Environmental 

Geochemistry of Sulfide Mine Waste. Mineralogical Association of Canada, Nepean, v. 22, p. 

271-291. 

 

Brown, J.G., Bassett, R.L., and Glynn, P.D., 1998, Analysis and simulation of reactive 

transport of metal contaminants in ground water in Pinal Creek Basin, Arizona, Journal of 

Hydrology, 209, 225–250. 

 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 70

Bryner, L. C., Walker, R. B. and Palmer, R. (1967): Some factors influencing the biological 

and non-biological oxidation of sulfide Minerals.- Transact. Soc. Minig Eng., A.I.M.E., 

V.238: p.56-65 

 

Carlsson E., 2002, Sulphide Rich Tailings Remediated by soil cover- Evaluation of cover 

efficiency and tailings geochemistry, Kristineberg, northern Sweden. Doctoral thesis. Luleå 

Tekniska Universitet: ISSN:1402-1554 

 

Couturier G., Canadian Minerals Yearbook 1995, Natural Resources Canada, Ottawa 1996 p 

 

Cvetkovic, V. and  Dagan G., 1994 Transport of kinetically sorbing solute by steady random 

velocity in heterogeneous porous formations, Journal of Fluid Mechanics 265, 189-215. 

 

Cvetkovic, V.,  Cheng H., and Wen X.H., 1996. Analysis of nonlinear effects on tracer 

migration in heterogeneous aquifers using Lagrangian travel time statistics, Water Resources 

Research 32, 1671-1680.  

Dagan, G.  1989. Flow and Transport in Porous Formations, Springer-Verlag, New York. 

Dagan, G. and Cvetkovic V., 1996. Reactive transport and immiscible flow in geological 

media. 1 General theory, Proceedings Royal Soc. London A 452, 285-301 

 

Destouni G., Malmström M., Berglund S. and Lindgren M., 1998. Modelling Acid Mine 

Drainage from Waste Rock and Mill Taillings : State of the Art Report. Technical report 3057 

ISSN 1400-10-306, KTH; Stockholm, Sweden. 

Destouni, G. and W. D. Graham, 1995. Solute Transport Through an Integrated 

Heterogeneous Soil-Groundwater system, Water Resources Research, 31(8), 1935-1944. 

Dold, B., 2000. Basic concepts in environmental geochemistry of sulfide mine-waste. In: 

Memorias de XIX Curso International de Postgrado en Metalogenia. International UNESCO 

& SEG Short course in Metalogenesis., Quito, Ecuador, p. 113 – 151. 

 

Duffus J. H., 2001, “Heavy Metals”- a meaningless term, Chemical International, 23(6),   

163-167. 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 71

 

du Rietz, T., 1953. Geology and ores of the Kristineberg deposit, Vesterbotten, Sweden. 

Sveriges Geologiska Undersökning, Ser C. 524,Årsbok 45(5) (1951). 

 

Ebenå G., 2003. Sulfidic Mine Waste Micro-organisms in an Ecological Context, Dissertation 

No. 841. Linköping University, Sweden. 

Ekstav A., and Qvarfort U. (1989) Metallbalans Kristineberg. Kvartärgeologiska avd., 

Uppsala Universitet, Uppsala, Sweden (in Swedish). 

 

Environmental Mining Council of British Columbia (EMCBC), 2001, Acid Mine Drainage: 

Mining and water pollution issues in British Columbia; brithish Columbia, Canada. 

 

Freeze R. A., J. A. Cherry, 1997.  Groundwater.  Prentice Hall Inc. Englewood, NJ. 

Gleisner, M., Herbert, R., Salmon, S.U. and Malmström, M.E. (2003) Comparison of sulfide 

oxidation in unweathered pyritic mine tailings. In: Proc. ICARD 2003, 6th Int. Conf. on Acid 

Rock Drainage, Cairns, Australia, July 14 – 17. 2003, pp. 1027 – 1030.   

Hoehn, R.C. and D.R. Sizemore, 1977. Acid mine drainage (AMD) and its impact on a small 

Virginia stream. Water Res. Bull. 13, 153-160 

 

Holmström, H., Salmon, U.J., Carlsson, E.,Paraskev, P., Öhlander, B., 2001.Geochemical 

investigations of sulfide-bearing tailings at Kristineberg, northern Sweden, a few years after 

remediation. Sci. Tot. Environ. 273, 111-133. 

 

Jambor, J.L. and Blowes, D.W. 1994. Short Course Handbook on Environmental 

Geochemistry of Sulfide Mine-Wastes. Mineralogical Association of Canada, Nepean, v. 22, 

438p. 

 

Jambor, J.L., Blowes, D.W. 1998. Theory and applications of mineralogy in environmental 

studies of sulfide-bearing mine waste. In: Cabri, L. J. and Vaughan, D.J. (eds.): Short Course 

Handbook on Ore and Environmental Mineralogy. Mineralogical Association of Canada, 

Nepean, v. 27, p. 367-401. 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 72

 

James G. Brown, Pierre D. Glynn, R.L. Bassett, 1999. Geochemistry and Reactive Transport 

of Metal Contaminants in Ground Water, Pinal Creek Basin, Arizona US. Geological Survey 

Toxic Substances Hydrology Program--Proceedings of the Technical Meeting Charleston 

South Carolina March 8-12,1999--Volume 1 of 3--Contamination From Hard-Rock Mining, 

Water-Resources Investigation Report 99-4018A 

 

Kelley, M., 1988, Mining and the fresh water environment: New York, Elsevier Science 

Puplishers, 231p. 

 

Kepler, D. A., E. C. McCleary. 1994. Successive alkalinity-producing systems (SAPS) for the 

treatment of acidic mine drainage. Proceedings of the International Land Reclamation and 

Mine Drainage Conference and the Third International Conference on the Abatement of 

Acidic Drainage, Pittsburgh, PA, April 24 – 29, 1994.Vol. 1, 195-204. 

 

Malmström M., Werner K., Salmon U., Berglund S. (2001) Hydrogeology and Geochemistry 

of Mill Tailings Impoundment 1, Kristineberg, Sweden: Compilation and Interpretation of 

Pre-Remediation Data. Report in series of the MISTRA research programme: Mitigation of 

the environmental impact from mining waste, Stockholm, Sweden, MiMi 2001:4. 

 

Malmström M.E., Destouni G., Martinet P. (2004) Modelling Expected Solute Concentration 

in Randomly Heterogeneous Flow Systems with Multi-Component Reactions, Environmental 

Science and Technology, vol.38, No.9, 2673-2679. 

 

MiMi (2002) Programme plan for the year 2003 - Mitigation of the environmental impact 

from mining waste. Report in series of the MISTRA research programme: Mitigation of the 

environmental impact from mining waste, Stockholm, Sweden. 

 

Mok, W.M., Wai, C.M. (1994): Mobilization of arsenic in contaminated river waters. In: 

Nriagu, J.O. (Ed.): Arsenic in the environment. Part I Cycling and characterization. John 

Wiley Interscience, New York, p. 99-108. 

 

Morin, A.K. Hutt, N.M. (1997): Environmental geochemistry of minesite drainage. Practical 

theory and case studies. MDAG Publishing, Vancouver, 333 p. 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 73

 

Moses, C.O., Nordstrom, D.K., Herman, J.S. and Mills, A.L. 1987. Aqueous pyrite oxidation 

by dissolved oxygen and by ferric iron. - Geochimica et Cosmocimica Acta, v. 51, p. 1561-

1571. 

 

Nicholson, R.V. and Scharer, J.M. 1994. Laboratory studies of pyrrhotite oxidation kinetics. 

In: Alpers, C.N. and Blowes, D.W. (eds.): Environmental Geochemistry of Sulfide Oxidation. 

ACS Symposium Series, Washington, DC, v. 550, p. 14-30. 

 

Nordstrom, D. K. 1977. Hydrogeochemical and microbiological factors affecting the heavy 

metal chemistry of an acid mine drainage system. Diss. Stanford University, Standford, Calif., 

190 p. 

 

Nordstrom, D. K., Jenne, E.A. and Ball, J.W. 1979. Redox equilibria of iron in acid mine 

waters. In: Jenne, E.A. (Ed.): Chemical modelling in aqueous systems. Am. Chem. Soc. 

Symp. Washington, D.C., Series 93, p. 51-79; 

 

Nordstrom, D.K.,  Alpers, C.N. 1999. Geochemistry of acid mine waste. In: Plumlee, G. S. 

and Logsdon, M.J. (Eds.), Reviews in Economic Geology, The environmental geochemistry of 

ore deposits. Part A: Processes, techniques, and health issues, v. 6A, p. 133-160. 

 

Parkhurst, D.L., 1995, User's guide to PHREEQC--A computer program for speciation, 

reaction-path, advective-transport, and inverse geochemical calculations: U.S. Geological 

Survey Water-Resources Investigations Report 95-4227, 143 p. 

 

Ptacek, C.J., Blowes, D.W., Moncur, M., McGregor, R.M. 2001. The Hydrogeology and 

Geochemistry of the Sherritt Gordon Mine Tailings Pile, Sherridon, Northern Manitoba, 

Report to the Province of Manitoba, 31 pp. 

 

Rimstidt, J.D., Chermak, J.A. and Gagen, P.M. 1994. Rates of reaction of galena, sphalerite, 

chalcopyrite and arsenopyrite with Fe(III) in acidic solutions. In: Alpers, C.N. and Blowes, 

D.W. (eds.): Environmental Geochemistry of Sulfide Oxidation. ACS Symposium Series, 

Washington, DC, v. 550, p.2-13 

 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 74

Ritcey, G.M. (1989): Tailings management. Elsevier Science Publ, New York, p. 969. 

 

Ritchie, A.I.M. (1994): The waste-rock environment. In: Jambor, J.L. and Blowes, D.W. 

(eds.): Short Course Handbook on Environmental Geochemistry of Sulfide Mine Waste. 

Mineralogical Association of Canada, Nepean, v. 22, p. 133-161. 

 

Salmon, S.U., 2000. Biogeochemical processes in mill tailings: Modelling and assessment of 

remediation effects. Licentiate thesis TRITAAMI LIC 2053, Water Resources Engineering, 

Dept. Civil and Environmental Engineering, Royal Institute of Technology, Stockholm, 

Sweden. 

 

Salmon, S.U, 2003 Geochemical modelling of acid mine drainage in mill tailings: 

Quantification of kinetic processes from laboratory to field scale, PHD dissertation, KTH, 

TRITA-LWR PHD 1009, Stockholm, Sweden. 
 

Salmon, S.U., Malmström, M., 2002. Steady state, geochemical box model of a tailings 

impoundment: Application to Impoundment 1, Kristineberg, and prediction of effect of 

remediation. MiMi 2002:2, Mitigation of the environmental impact from mining waste 

programme (MiMi), Stockholm, Sweden. 

 

Salmon , S.U and Destouni G., (2001)Environmental Regulation of Mine waters in the 

European Unioun: National Case studies- Sweden.. European Commission Fifth Framework 

Programme (ERMITE) report, contract no. EVK1-CT-2000-078,  University of Oviedo. 

 
SCB, 2000a. Naturmiljön i siffror 2000. Statistics Sweden, Stockholm (in Swedish). 

 

SCB, 2000b. Vattenräkenskaper. Rapport 2000:6. Statistics Sweden, Stockholm (in Swedish). 

 

Schnoor, J.L. 1996. Environmental Modeling: Fate and Transport of Pollutants in Water, Air, 

and Soil. Wiley, New York  

 

Smith, K.S., Huyck, H.L.O., 1999. An overview of the abundance, relative mobility, 

bioavailability, and human toxicity of metals.In: G.S. Plumlee and M.J. Logsdon (Editors), 



Modelling Reactive Transport of AMD: Effect of geochemical reactions, spatially variable flow, source location and distribution 

Tegenne T. Geberetsadike  KTH, 2004 75

The environmental geochemistry of mineral deposits. Reviews in Economic Geology, vol. 6A,  

pp.29-70. 

 

Swedish Environmental Protection Agency (SEPA) 1995. Branschkartläggningen: En 

översiktlig kartläggning av efterbehandlingsbehovet i Sverige. Rapport 4393, Stockholm 

 

Swedish Environmental Protection Agency (SEPA),  SEPA, 1998. Gruvavfall - Miljöeffekter 

och behov av åtgäder. Rapport  4948, Stockholm,(in Swedish) 

 

Sato, M. 1960. Oxidation of sulfide orebodies, II. Oxidation mechanisms of sulfide minerals 

at , Economic Geology, v. 55, p. 1202-1231. 

 

Singer, P.C. and Stumm, W. (1970): Acid mine drainage: the rate determinating step. Science 

v. 167, p. 1121-1123. 

 

Simic, E.  2001. Solute transport in the integrated soil-groundwater system: quantification of 

dominant process impacts and coupling to surface water, TRITA-AMI 1037 PHD thesis, 

KTH, Stockholm, Sweden. 

 

Stumm, W., Morgan, J.J. 1996: Aquatic chemistry (3rd Edition). New York, Wiley, 

 

Werner, K., Salmon, S., 2001. Mine waste deposits and mines in Kristineberg, Sweden: 

Summary of remediation programme and identification of potentially critical assumptions. 

MiMi 2001:3, Mitigation of the environmental impact from mining waste programme (MiMi), 

Stockholm, Sweden 

 

Werner K. (2000) Soil-cover remediation of tailings deposits: Effects on oxygen transport and 

hydrological conditions. Licentiate thesis. Dept. of Civil and Environmental Engineering, 

Div. of Water Resources Engineering, Royal Institute of Technology, Stockholm, Sweden. 

 

Yabusaki, S.B., Steefel, C.I., Wood, B.D., 1998.  Multidimensional, multicomponent 

subsurface reactive transport in non uniform velocity fields: Code verification using an 

advective reactive streamtube approach. J. Contam. Hydrol. 30, 199-331. 

 



 



TRITA-KET-IM  2004:14 
 
ISSN no. 1402-7615 
 
 
 
www.ima.kth.se 
 




