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SUMMARY IN SWEDISH  

Spridningen av vattenburna föroreningar i landskapet är ett problem knutet till 
hydrologiska transportprocesser, där förhöjda koncentrationer av 
näringsämnen (kväve och fosfor) och förekomsten av antropogena substanser 
(såsom läkemedelsrester) är exempel på aktuella problem. Transporten av 
föroreningarna inom ett avrinningsområde kontrolleras av belastningen (d.v.s. 
den temporala och rumsliga fördelningen samt magnituden av källan) på 
landskapet samt fördelningen och egenskaperna hos de hydrologiska 
transportvägar varmed de lösta ämnena förflyttas. För att kunna utvärdera en 
förorenings utbredning i tid och rum, och följaktligen dess påverkan på 
nedströms recipienter måste kvantitativ kunskap om både belastningen och de 
dominerande transportprocesserna från källan till den punkt som utvärderas 
finnas tillgänglig. Denna kunskap kan användas, t.ex. i fysikaliskt baserade 
matematiska modeller, för att designa lämpliga åtgärdsprogram med syftet att 
minimera oönskade ekologiska effekter av specifika föroreningar, eller för att 
analysera olika scenarier vad gäller vilken påverkan en förändring i 
källfördelningen (t.ex. markanvändning) eller i drivande transportprocesser 
(t.ex. klimatet) har för vattenkvaliteten. 

Det övergripande syftet med avhandlingen är att öka den mekanistiska 
förståelsen för de dominerande hydrologiska transportprocesserna och deras 
koppling till geomorfologiska och biogeokemiska processer som leder till 
retention (kvarhållning) och attenuering (nedbrytning) av vattenburna 
föroreningar. Specifikt syftar denna studie till att kvantifiera de processer som 
kontrollerar spridningen på olika skalor (både temporala och rumsliga) genom 
att utvärdera tidsserier erhållna från väldesignade spårämnesförsök eller från 
kontinuerlig övervakningsdata av vattenkvalitetsparmaterar. 
Kvantifieringsmetodiken bygger på härledningar av analytiska ekvationer som 
beskriver ett ämnes viktigaste transportegenskaper, såsom de centrala 
temporala momenten och den spektrala skalningsfunktionen, vilka tillskriver 
ämnestransporten i Laplace och Fourier domänerna till dominanta processer 
och specifika miljöer i avrinningsområdet. Resultaten visar att förutom 
hydrologiska och biogeokemiska processer är belastningens fördelning i 
landskapet och transportvägarnas geomorfologiska egenskaper, specifikt den 
rumsliga fördelningen av transportvägarnas längd, viktiga för ett ämnes 
spridning. Dessutom påverkar variabiliteten mellan och längs transportvägarna 
transporten avsevärt. Studien indikerar att områden med hög retention och 
attenuering, såsom ytvattendrag med påtagliga hyporheiska zoner, ofta kan ha 
en betydande effekt för ämnestransporten ut från ett avrinningsområde, särskilt 
för reaktiva ämnen. Det mekanistiskt baserade metodiken för hantering av 
transporten längs en fördelning av transportvägar beskriver tillsammans med 
de utvärderingsmetoder som presenteras i denna studie hur resultaten kan 
generaliseras i termer av modellparametrar som representerar de hydrologiska, 
geomorfologiska och biogeokemiska förhållandena i avrinningsområdet. 
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ABSTRACT  

The intra-continental movement of waterborne contaminants is governed by 
the distribution of solute load in the landscape along with the characteristics 
and distribution of the hydrological pathways that transport the solutes. An 
understanding of the processes affecting the transport and fate of the 
contaminants is crucial for assessments of solute concentrations and their 
environmental effect on downstream recipients. Elevated concentration of 
nutrients and the presence of anthropogenic substances, such as 
pharmaceutical residues, are two examples of the current problems related to 
hydrological transport. The overall objective of this thesis is to increase the 
mechanistic understanding of the governing hydrological transport processes 
and their links to geomorphological and biogeochemical retention and 
attenuation processes. Specifically, this study aims to quantify the processes 
governing the transport and fate of waterborne contaminants on the point, 
stream reach, and watershed scales by evaluating time series obtained from 
stream tracer tests and water quality monitoring data. The process 
quantification was achieved by deriving formal expressions for the key 
transport characteristics, such as the central temporal moments of a unit solute 
response function and the spectral scaling function for time series of solute 
responses, which attributes the solute response in the Laplace and Fourier 
domains to the governing processes and spatial regions within the watershed. 
The results demonstrate that in addition to the hydrological and 
biogeochemical processes, the distribution of the load in the landscape and the 
geomorphological properties in terms of the distribution of transport pathway 
distances have defined effects on the solute response. Furthermore, the spatial 
variability between and along the transport pathways significantly affect the 
solute response. The results indicate that environments with high retention and 
attenuation intensity, such as stream-reaches with pronounced hyporheic 
zones, may often dominate the solute flux in the watershed effluent, especially 
for reactive solutes. The mechanistic-based framework along with the 
evaluation methodologies presented within this study describes how the results 
can be generalized in terms of model parameters that reflect the hydrology, 
geomorphology and biogeochemistry in the studied area. This procedure is 
demonstrated by the parameterization of a compartment-in-series model for 
phosphorous transport. 

Key words: Solute transport modeling; Transient storage; Tracer test; 
Central temporal moments; Spectral analysis; Parameterization 

1. INTRODUCTION  

This section provides a brief introduction to some of the current 
problems that are associated with the transport and fate of 
waterborne contaminants in ground and surface waters. This 
general introduction of the hydrological system also includes the 
hyporheic zone and its specific relevance to contaminant transport. 
Finally, the motivation and scope of the study and the outline of 
the thesis are presented. 
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1.1. The groundwater-surface water continuum and its relevance 
to contaminant transport 

Anthropogenic pollution of water bodies may cause severe 
environmental problems, and there is a large body of historical 
evedicen of such activities. Excess concentrations of nutrients and 
heavy metals dates back to pre-industrial times (Schelske et al., 
1983; Renberg et al., 2001; Galloway and Cowling, 2002; Bindler et 
al., 2009) and continues to be a global environmental issue 
(HELCOM, 2007; Diaz and Rosenberg, 2008; Galloway et al., 
2008). In addition, more recent pollutants such as pesticides, 
polychlorinated biphenyls (PCBs), pharmaceuticals, and personal 
care products, have been introduced over the last 100 years 
(Tanabe et al., 1994; Breivik et al., 2002; Boxall et al., 2012). These 
waterborne contaminants are commonly transported and dispersed 
in the biosphere with the movement of water, and the surface 
water and groundwater are the two environmental systems that 
primarily control the dynamics of the contaminants in the 
landscape. However, these two hydrological domains have 
different characteristics regarding e.g., flow regimes, residence 
times, chemical composition, temperature and light availability; 
therefore, they exert different effects on the fate of contaminants. 
Historically, groundwater and surface water have been approached 
as two separate domains (Minshall et al., 1985), but extensive 
research over the last three decades has increased the qualitative 
and quantitative knowledge of the interactions between these 
domains, and an understanding that they are integral components 
of a continuum with strong mutual influences has emerged 
(Vannote et al., 1980; Boano et al., 2014). Such a holistic view of 
the hydrological system is crucial when addressing the problems of 
contaminant transport, its ecological effect and the planning of 
remediation actions. An illustrative example of the groundwater-
surface water interaction is provided by numerous monitoring 
studies in which pharmaceutical residues from waste water 
treatment plants that were discharged into rivers have been 
detected in groundwater wells (Heberer, 2002). Other examples 
include the detection of arsenic-rich groundwater that has 
discharged into surface water and resulted in high concentrations 
of arsenic in surface waters utilized for human consumption and 
agriculture (Caceres et al., 1992; Smedley and Kinniburgh, 2002). 

Groundwater and surface water are interconnected through the 
hyporheic zone, which is defined as the saturated interstitial areas 
beneath the stream bed and in the stream banks (White, 1993). 
Fluxes of mass, energy, and heat through the hyporheic zone are 
governed by topography and current-driven flow at a variety of 
spatial scales that range from regional groundwater circulation to 
hyporheic exchange in streambed riffles (Boano et al., 2014). This 
mixing zone of water, wherein water from different origins in 
space and time and different chemical compositions converge, is a 
hot spot for biogeochemical processes. The resulting steep 
gradients of concentrations and redox potentials creates a dynamic 
ecotone (Gibert et al., 1990; Vervier et al., 1992) with specific 
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abiotic factors that govern a rich and diverse organismal ecology in 
which hyporheic fauna (Boulton, 2000; Hakenkamp and Palmer, 
2000) and microbial communities (Findlay and Sobczak, 2000) 
greatly influences the fluxes of mass between the groundwater and 
surface water and play a significant role in contaminant transport. 

1.2. Research motivation 

The primary scientific question within this thesis addresses how 
the different hydrological, geomorphological and biogeochemical 
processes govern the retention and attenuation of waterborne 
contaminants in watersheds. An understanding of the processes 
affecting the contaminant composition and transport times along 
their transport pathways is crucial for the evaluation of their spatial 
and temporal distributions and, consequently, their environmental 
effects. To reduce the environmental impact and restore/ensure a 
good ecological status of our water bodies, governmental and 
intergovernmental commitments have been implemented, such as 
the National Environmental Quality Objectives of Sweden 
(Government Bill 1997/98:145, Government Bill 2000/01:130, 
Government Bill 2004/05:150) and Baltic Sea Action Plan 
(HELCOM, 2007). In these documents specific reduction targets 
have been set to remediate problems related to specific objectives, 
such as zero eutrophication and non-toxic environments. To 
achieve these environmental objectives, uniform targets translated 
into the form of input load reductions are necessary; however they 
only reflect a limited part of a complex problem. To understand 
the entire problem of pollution by waterborne contaminants and 
implement meaningful remedation strategies, spatially 
differentiated actions in which knowledge of the retention and 
attenuation processes affecting the contaminant from its source to 
recipient is required. The importance of surface water in water 
quality problems in the oceans is emphasized by the fact that 
approximately 75% of the nitrogen load and at least 95 % of the 
phosphorus load enters the Baltic Sea via the surface water 
networks or as direct waterborne discharge (HELCOM, 2007). 
Therefore, the transport dynamics within the network of surface 
water pathways is crucial for determining the ecological effect of 
the contaminant on the surface waters within the network and on 
the final water body recipient. Hence, quantitative knowledge of 
the governing attenuation and retention processes in streams is 
essential not only to understand the processes governing the 
dynamics of contaminant transport but also to plan and control 
possible mitigation actions for the remediation of excess 
contaminant concentrations and restoration or improvement of 
their ecological status. 

1.3. Scope and focus of the study 

As discussed in section 1.2, the dynamics of the waterborne 
contaminant transport are complex and depend on the 
biogeochemical behavior of the contaminant as well as the 
properties of the environment in which the contaminant is 
transported. To address this diverse transport problem, this thesis 
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focuses on methods of evaluating the retention and attenuation 
processes in streams and groundwater. An implicit assumption of 
the study is that the model parameters are time invariant within the 
time scale of the evaluation, which means that transient effects are 
assumed to occur on a longer time frame than the parameter 
evaluation. Within the thesis, the word “solute” refers to any 
substance that is transported with the flowing water in an ionic 
(dissolved) form or is adsorbed to particles that are stationary or 
moving with the water. Hence, the methodologies within this 
thesis are applicable to solutes that may appear as pollutants, such 
as organic contaminants and pesticides, or naturally occurring 
substances, such as nutrients and trace elements. 

The overall objective of this study was to increase the mechanistic 
understanding of the linkage between the hydrological and 
biogeochemical processes, which in the context of this thesis, 
relate to the key processes governing the transport and fate of 
waterborne contaminants. This study includes phenomenological 
investigations of the hydrological, geomorphological, and 
biogeochemical processes on different scales that include the 
following: i) point or cross-sectional scale within a stream, ii) 
stream reach scale, and iii) watershed scale. Quantitative 
knowledge of these processes is fundamental to understanding the 
contaminant fluxes governing the transport of waterborne 
contaminants and is necessary for site-specific remediation 
measures that address existing contaminant problems. Hence, one 
of the purposes of the processes-based frameworks developed in 
this study is the potential for generalizing the model framework 
with regards to the model parameters representing 
geomorphology, hydrology and biogeochemistry, which are key 
features that can be observed independently of the modeling 
exercise. This process-based parameterization could be utilized in a 
variety of applications, including investigations of the relative 
significance of different processes or remediation actions and for 
scenario analyses that investige the effect of different 
geomorphological settings, hydrological conditions, or load 
distributions. The specific aims for the included papers are as 
follwos: 

 derive in‐stream response functions for reactive solutes in stream 
networks using a compartmental and a distributed stream network 
model, and provide formal expressions for translating the 
parameters between the two model frameworks (Paper I); 

 develop a methodology based on temperature time series that 
enables an estimation of the groundwater-surface water 
interactions over a long time period, thus enabling a description of 
the variations in the parameters over time with controlling factors 
(Paper II); 

 investigate the impact and relative significance of the major 
hydrological and biogeochemical retention and attenuation 
processes that are relevant to six reactive solutes that undergo 
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chemical adsorption and biodegradation during stream transport 
(Paper III); and 

 quantify the mechanisms contributing to the dispersion of solutes 
on the watershed scale using the spectral decomposition of long-
term high-frequency time series of concentrations for both 
conservative and reactive solutes (Paper IV). 

1.4. Disposition of the thesis 

After the introductory chapter, the theoretical background for the 
appended papers will follow in chapter 2. This chapter includes a 
description of the key processes governing the fate and transport 
of waterborne contaminants in watersheds, and a review of the 
mathematical models used to evaluate the attenuation and 
retention processes that are important for conservative and 
reactive solutes. Chapter 3 includes descriptions of the three 
different case studies (Säva Brook, Sweden; Heåkra Stream 
Network, Sweden; and Upper Hafren Watershed, UK), the 
availability and acquisition of the data time series from these study 
areas, and the methodologies and theoretical developments 
formulated within the thesis. Thereafter, chapter 4 describes the 
results compiled from the thesis papers and a discussion of their 
significance, and chapter 5 provides the main conclusions. The 
four papers on which the thesis is based are attached in the 
appendix. 

2. PROCESSES GOVERNING SOLUTE TRANSPORT  

In this section, a process-based introduction to the key 
mechanisms governing the transport and fate of waterborne 
contaminants in watersheds is provided. The common 
parameterization equations of these mechanisms, both physical 
and biogeochemical, are also discussed along with certain 
mathematical frameworks used to represent solute transport in 
watersheds. The approach used in this thesis is based on the 
continuity equation of mass for a control volume that is fixed in 
space relative to the coordinate system (     ) and a system that is 
defined to contain the same water particles and move relative to 
the fixed coordinate system. The continuity of mass states that the 
total rate of change of mass in a system is balanced by the time 
rate of change within the control volume,   , and the net rate of 
mass flux over the control surface,   , which on an integral form 
becomes as follows (Fox and McDonald, 1994): 

  

  
|
 

 
 

  
∫    
  

 ∫     
  

 (1) 

where   is the total mass of the system [M],   is the time [T],   is 
the solute concentration [ML-3],   is the volume of the control 
volume [L3], and   is the surface area vector of the control volume 
[L2]. Equation (1) introduces the solute mass flux  , which is a 
central concept in the quantification of solute transport and 
defined as the mass crossing a unit surface area per unit time  
[ML-2T-1]. Bold symbols denote a vector quantity. 
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2.1. Physical transport processes 

The primary process by which solutes are transported in nearly all 
of the hydrological domains is advection, which is the movement 
of mass with the bulk motion of a fluid. Although advection has a 
different relative significance in different hydrological systems, it 
largely controls the transport processes of solutes. The advective 
mass flux for a conservative solute can be expressed as follows: 

      (2) 

where    is the advective flux [ML-2T-1] and   (     ) is the 
velocity vector [LT-1]. Using the perturbation theory (e.g., Clark, 
1996), the instantaneous components of any variable   (scalar or 
vector quantity) can be decomposed into a temporal average, 
which is denoted by an over bar, and its temporal fluctuations, 
which is denoted by the prime symbol, according to the following 
equation: 

   ̅     (3) 

where the mean value over an appropriate time scale,   becomes: 

 ̅  
 

 
∫    
 

 (4) 

Thus, the time averaged continuity equation for the advective flux 
under the assumption that the total rate of mass change does not 
differ in the system (i.e., no sources or sinks) can be derived by 
applying Gauss’s divergence theorem on the combination of 
equations (1)-(3) and time averaging according to equation (4), 
which gives the following equation: 

  ̅

  
   ( ̅ ̅      ̅̅ ̅̅ ̅̅ ) (5) 

where   is the Nabla differential operator. It should be noted that 
the time-averaged fluctuations over   with respect to a single 
variable must be zero, and they do not contribute to equation (5). 

The first term on the right-hand side of equation (5),  ̅ ̅, 
represents the time-averaged translation of mass, whereas the 

second term,     ̅̅ ̅̅ ̅̅ , represents the time-averaged turbulent mass 
flux. The latter term originates from the covariance between 
velocity and concentration and depends on the ratio of inertial 
forces to viscous forces; therefore the trubulent mass flux 
becomes zero for laminar flows when the water flows in parallel 
layers and becomes larger than zero for turbulent flows. The 
diffusion that results from the turbulent mass flux is referred to as 
the turbulent or eddy diffusion and may be represented by an 
equation, which is analogous to Fick’s law (e.g., Fischer et al., 
1979) and can be expressed as the following: 

        ̅ (6) 

where    is the diffusive flux [ML-2T-1] and    is the turbulent 
diffusion tensor [L2T-1]. Fick’s law applies specifically to molecular 
diffusion that originates from the random motion of the 
contaminant molecules, which is in contrast to turbulent diffusion 
in which the mixing occurs because of the random motion of the 
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fluid. Molecular diffusion describes the net flux of molecules from 
a region of higher concentration to a region of lower concentration 
and its diffusion coefficient,   , has a constant value in all 
directions. Because the motion of the fluid itself is often 
significantly larger than the motion of the molecules within the 
fluid, turbulent diffusion may occur much more rapidly than 
molecular diffusion; therefore, molecular diffusion is mostly 
important when the liquid medium is otherwise stagnant. 

Spatial averaging of the time-averaged variable   and its temporal 
fluctuations (equation (3)) are defined as follows: 

〈 〉  
 

 
∭        

 

 (7) 

which leads to the formation of another decomposition according 
to the following equation: 

 ̅  〈 ̅〉     ̅̅ ̅̅  (8) 

where 〈 〉 denotes spatial averaging and the double prime symbol 
denotes the deviations around the spatial-average. This double-
averaging over both space and time provides the solute transport 
equation for an advective-diffusive mass flux. Volume-averaging in 
the cross-section and over a longitudinal distance    along the  -
direction (primary transport direction) reduces the mass balance 
equation to its one-dimensional (1D) form (see Figure A1 of the 
Appendix A): 

 〈 ̅〉

  
 

 

  
(〈 ̅〉〈 ̅〉  〈      ̅̅ ̅̅ ̅̅ ̅〉  〈    ̅̅ ̅̅ ̅̅ 〉    

 〈 ̅〉

  
)  

 

 
      (9) 

where   [L] and   [L2] are the circumference and cross-sectional 
area, respectively, and     is the flux over the permeable 
boundaries [ML-2T-1]. Once again, it should be noted that the 
deviations from the mean values (in this case, the deviations from 
the volume-average) of single variables are zero and, hence, not 
included in equation (9). The additional term originating from the 

deviations from the cross-sectional-average, 〈      ̅̅ ̅̅ ̅̅ ̅〉, represents the 
covariance of the velocity and concentration fluctuations in the 
cross-section. This mechanical (Taylor) dispersion may be 
expressed by a dispersion coefficient,  , which is analogous to 
diffusion according to the following equation (Fischer et al., 1979): 

       ̅ (10) 

where    is the mechanical dispersive flux [ML-2T-1]. Because the 
the contributions of diffusion (molecular and turbulent) and 
mechanical dispersion of the longitudinal transport may be 
difficult to separate and have analogous mathematical 
representation, these mechanisms are often lumped together and 
form a term called the hydrodynamic dispersion. By introducing 
this lumped coefficient, equation (9) can be simplified to: 

 〈 ̅〉

  
 〈 ̅〉

 〈 ̅〉

  
   

  〈 ̅〉

   
  

 

 
    (11) 

where    is the hydrodynamic dispersion coefficient [L2T-1]. This 
form, referred to as the 1D advection-dispersion equation (ADE), 
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is used in all of the papers upon which this thesis is based and is 
the governing equation in the description of the mass transport of 
solutes in streams (Papers I-IV) and in groundwater (Paper IV), 
although with different representations of the transversal mass flux 
   . 

For the cross-sectional-averaged 1D transport equation, 
fluctuations in time and over space that result from variations in 
the stream geometry in the  -direction induce local deviations 
from the mean value that may lead to a significant mass flux over 
the boundaries according to the following equation (see Appendix 
A): 

    ((〈 ̅ ̅〉  〈    ̅̅ ̅̅ ̅̅ 〉)
  

  
 (〈 ̅ ̅〉  〈    ̅̅ ̅̅ ̅̅ 〉)    (

 〈 ̅〉

  
 

 〈 ̅〉

  
))|

    

    

 (12) 

where   is the vertical direction and    and    are the vertical 
position of the lower and upper boundary, respectively. Hence, the 
transversal flux that is averaged over the boundary consists of 
three mechanisms: (i) form-induced mass flux caused by the 
correlation between the concentration and velocity that results 
from the variations in the geometry over the spatial averaging area, 
(ii) turbulent-induced mass flux caused by the correlation between 
the concentration and velocity that results from local temporal 
fluctuations, and (iii) pure molecular diffusive flux that results 
from the random molecular motion. 

2.2. Transient storage 

The transversal mass flux over a stream tube’s permeable 
boundary,    , has been shown to be of great importance to the 
fate of waterborne contaminants in natural hydrologic systems. 
This flux induces an exchange that occurs between the main 
transport pathway and zones of stagnant (immobile) or slowly 
moving water and increases the dispersion of the solute and 
prolongs the solute transport time. The exchange results in a 
temporal trapping of a portion of the solutes, which is often 
referred to as transient storage, and is most strongly manifested by 
an increased skewness and longer tails for the solute response (an 
increase in the late time arrivals of the solutes), which has been 
shown by observed breakthrough curves (BTCs) in numerous 
tracer tests in streams (Thackston and Schnelle, 1970; Nordin and 
Sabol, 1974; Day, 1975; Nordin and Troutman, 1980) and in 
column experiments of aggregated porous media (Biggar and 
Nielsen, 1967; Green et al., 1972; McMahon and Thomas, 1974). 
The transversal mass flux,    , that governs the exchange between 
the main transport pathway and adjacent transient storage zones 
occurs both in groundwater and surface water systems, although 
with different relative importances of the three flux terms 
(equation (12)) due to differences in the hydrologic, geologic, and 
morphologic properties. A common representation to include the 
transient storage is to conceptualize the solute transport in a 
system with two interacting regions that have a different porosity 
(or permeability), with one mobile (conductive) zone associated 



Solute Transport Across Scales 

 

9 

with the main stream channel/macro-pores/fracture system and 
one slow moving or immobile (transient storage) zone inside 
streambed sediments/soil aggregates/rock matrix. The mass flux 
between these zones is often conceptually (rather than 
mechanistically) described with a mass transfer between the zones 
that is proportional to the difference between the solute 
concentrations, assuming a uniform concentration in the storage 
zone (Bencala and Walters, 1983; van Genuchten and Dalton, 
1986; Gwo et al., 1995; Simunek et al., 2003). 

A storage zone that has a significant effect on contaminant 
transport is the hyporheic zone, which is the interface wherein the 
groundwater and surface water are mixed. This zone has been 
studied extensively in recent decades, primarily from the 
perspective of the stream or streambed interface (as defined by 
Packman and Bencala (2000)). Different representations of the 
physical description of transverse mass flux,    , have been used, 
including turbulence-induced mass flux (Richardson and Parr, 
1988; Packman et al., 2004; Marion and Zaramella, 2005) and 
form-induced mass flux (Elliott and Brooks, 1997b; Marion et al., 
2002; Wörman et al., 2002). It is now known that in natural 
channels, geomorphological features such as dunes and ripples 
(Elliott and Brooks, 1997a; Elliott and Brooks, 1997b; Packman et 
al., 2000a; Cardenas and Wilson, 2007a; Cardenas and Wilson, 
2007c), sequences of riffle-pool characteristics of the streambed 
(Bencala and Walters, 1983; Käser et al., 2009), stream curvature 
(Arntzen et al., 2006; Boano et al., 2006; Revelli et al., 2008; 
Cardenas, 2009; Gomez et al., 2012), and obstacles (e.g., weirs or 
beaver dams) positioned on the streambed (Hutchinson and 
Webster, 1998; Hester and Doyle, 2008; Briggs et al., 2012) creates 
a pressure-induced exchange over the streambed that forces 
stream water into the streambed at high-pressure zones and 
subsequently releases it back to the stream at low-pressure zones 
(Elliott and Brooks, 1997a; Packman et al., 2000a; Wörman et al., 
2002). This pressure-induced exchange results in an advective 
transport along a distribution of flow paths within the hyporheic 
zone that is referred to as “pumping”, and it increases the solute 
residence time in the watershed because of the markedly decreased 
transport velocity in the hyporheic zone (Elliott and Brooks, 
1997b; Packman et al., 2000b). In addition, turbulent diffusion may 
further increase the exchange mainly within the upper part of the 
streambed sediment; this phenomenon has been observed in 
laboratory flumes with coarse sediments for beds with and without 
bedforms (Packman et al., 2004). 

From the perspective of the subsurface, investigations of the 
hyporheic zone are often related to the superposition of the flow 
fields induced by various topographic features and its 
consequences for the transport of mass and energy (Wroblicky et 
al., 1998; Cardenas and Wilson, 2007b; Wörman et al., 2007; 
Bottacin-Busolin and Marion, 2010). 
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2.3. Reactive mixing processes 

Reactive substances may also be affected by substance-specific 
retention and attenuation processes that may or may not be 
reversible, (i.e., the total rate of change of mass     ⁄ |  in 
equation (1) may or may not be zero, and acts as a sink or source if 
it is different from zero) Generally, the reactive processes can be 
divided into chemical processes, such as oxidation, photolysis, 
chemical adsorption and absorption, biological processes, such as 
biodegradation and biotransformation, and physical processes, 
such as radioactive decay, physical adsorption and absorption. The 
nature and rate of the reactions depend on the type and 
concentration of the contaminant as well as the prevailing 
hydrological and biogeochemical conditions. However, by 
comparing the time scale of the reaction,   , with the time scale of 
the physical transport processes,   , (in the context of this thesis, 

advection, dispersion, and transient storage), the relative 
significance of the kinetics of the processes can be assessed and 
the reactive mixing can be divided into the following two 
categories: 

      , which implies that the mixing is controlled by the 

transport processes and reaction kinetics; and 

      , which implies that the mixing is controlled by the 

transport processes. 

A general form of the rate law for a given concentration of 
contaminant A,    [ML-3], with the total mass     [M] is as 
follows: 

 
    

  
    

   (13) 

where   denotes the order of the reaction [-] and   is the reaction 
rate constant [L3(n-1)M-(n-1)T-1)], whose dimension depend on the 
order of the reaction. The reaction rates are often experimentally 
determined; in solute transport studies, however, assumptions of 
zero- or first-order reactions are often made (e.g., Nielsen et al., 
1996; Alexander et al., 2000; Darracq et al., 2008; Destouni et al., 
2010). In this study, the attenuation in the main channel and in the 
transient storage zone are defined as first-order losses (Paper III), 
whereas sorption is described as a zero-order reaction, meaning 
that it is instantaneous partitioning between the dissolved and 
particulate phases according to their equilibrium partitioning 
constant, both in the groundwater (Paper IV) and stream water 
(Papers I, III, IV). By incorporating a zero-order reaction 
between a mobile (dissolved) phase and an immobile (sorbed) 
phase, the transversal flux     in equation (11) may represent a 
reversible sorption process, and the solute transport problem can 
be stated according to the following equation: 

 〈  ̅〉

  
 

〈 ̅〉

(    )

 〈  ̅〉

  
 

  

(    )

  〈  ̅〉

   
   (14) 

where 〈  ̅〉 and 〈  ̅〉 denotes the concentration of the dissolved 

and sorbed phases [ML-3], respectively, and    〈  ̅〉 〈  ̅〉⁄ |   [-] is 
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the equilibrium partitioning constant between the phases. 
Following equation (14), a zero-order reaction will not affect the 
shape of a solute’s BTC because the instantaneous reactions will 
scale the stream velocity and hydrodynamic dispersion coefficients 
analogously. For the first-order loss the equivalent transport 
equation becomes as follows: 

 〈  ̅〉

  
 〈 ̅〉

 〈  ̅〉

  
 

  〈  ̅〉

   
   〈  ̅〉 (15) 

For this rate-limited first order reaction, the rate coefficient,  
  [T-1], will affect the shape of the BTC when the reaction is 
irreversible (e.g., biodegradation), such as in equation (15) or when 
the reaction is reversible (e.g., sorption-desorption reactions). 

2.4. Spatial variability and network effects 

In addition to the processes that occurr along a homogenous sub-
stretch of an individual transport pathway, solute mixing can be 
linked to the spatial variability of the model parameters within 
(intra-pathway variability) and between (inter-pathway variability) 
transport pathways. Investigations at the watershed scale have 
highlighted the inter-pathway variability and shown a strong link 
between the geomorphologic structure of the watershed and 
hydrological response in terms of the geomorphological unit 
hydrograph (Rodriguez-Iturbe and Valdes, 1979; Gupta et al., 
1980; Gupta and Waymire, 1983). Additional studies (Rinaldo et 
al., 1991; Snell and Sivapalan, 1994; Rinaldo and Rodriguez-Iturbe, 
1996) have shown that the hydrological response of a stream 
channel network can be separated into the hydraulic response 
along individual transport pathways (flow paths) and 
superimposed response due to the morphology and topology of 
the network of transport pathways. Rinaldo et al. (1991) defined 
the geomorphological dispersion in the form of a dispersion 
coefficient that quantifies the portion of the variance in a 
watershed’s hydrograph that can be attributed to the influence of 
the river network structure. The intra-pathway variability stems 
from the heterogeneity found in nature that significantly affects 
the solute transport at a variety of scales (Saco and Kumar, 2002a; 
Saco and Kumar, 2002b; Wörman et al., 2002; Lindgren et al., 
2004; Fiori et al., 2009) and reflects an additional mixing effect in 
relation to using arithmetic mean values of the model parameter. 
For the in-stream hydrological response, Saco and Kumar (2002b) 
have shown that spatially varying water celerities induced a mixing 
effect that can be analytically derived in the form of a dispersion 
coefficient. This mixing mechanism is referred to as kinematic 
dispersion and the authors showed that it was quantitatively 
comparable to the geomorphologic dispersion and significantly 
larger than the hydrodynamic dispersion. 

2.5. Temporal variability 

The temporal variability of the hydrological processes may 
influence the transport of waterborne contaminants within the 
watershed, and examples of this can be found at all temporal and 
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spatial scales. The significance of these transient effects depends 
on the context of the study, but a selection of processes are related 
to short-term variations in the stream discharge, depth, and 
velocity that control the pressure distribution governing the 
hyporheic exchange (Wroblicky et al., 1998; Arntzen et al., 2006). 
Longer temporal variations, such as seasonal or yearly changes in 
regional groundwater flow, control the dynamics of the large-scale 
exchange fluxes between the groundwater and surface water 
(Wondzell and Swanson, 1999; Malcolm et al., 2006). Moreover, 
the temporal dynamics of the hydrological processes can induce 
secondary effects on the geomorphology, such as the spatial 
contraction and expansion of the stream channel network 
(Gregory and Walling, 1968; Day, 1983; Biswal and Marani, 2010), 
temporal evolution of the sediment bedforms in a stream 
(Packman and Brooks, 2001; Bottacin-Busolin and Marion, 2010), 
and changes in the stream channel hypsography that lead to stream 
bank overflooding and overbank storage (Macklin and Klimek, 
1992; Walling et al., 1999; Hudson-Edwards et al., 2001). Other 
secondary effects are related to biogeochemistry, such as the 
evolution of biofilm and dynamics of the preferential flow paths in 
porous media (Bottero et al., 2013), suspension/resuspension of 
particulate matter (Svendsen et al., 1995; Reddy et al., 1999), and 
feedback effects on the substance-specific attenuation and 
retention processes caused by the hydrologic-induced changes in 
other water chemistry parameters, such as pH, conductivity, 
alkalinity, and the concentration of limiting substances. However, 
the solute transport problem is often simplified using time 
invariant and steady state assumptions for the model parameters; 
these assumptions can be made when the variability in the process 
is small compared with the average value over the time scale of the 
study. The conditions that justify these assumptions may be met 
during certain time periods, with the estimated parameters 
representing such periods (Stumpp et al., 2009), or quasi-stationary 
conditions are assumed (Åkesson and Wörman, 2012). Another 
simplification is to replace the calendar time with the cumulative 
flow exiting the catchment (Rodhe et al., 1996; Simic and 
Destouni, 1999; Fiori et al., 2009). However, erroneous 
assumption of time invariant conditions may lead to an increased 
uncertainty in the estimated model parameters (McDonnell et al., 
2010) and compromise the reliability of the results. 

2.6. Mathematical modelling of transport processes 

Although quantitative estimates of transport fluxes at certain scales 
can be determined experimentally, such estimates are not always 
possible. Often, the quantification must rely on models, i.e., 
physical or conceptual representations of the governing processes, 
that can only be partially tested against experimental observations. 
Thus, an important application of the models is to quantify the key 
processes by estimating the model parameters from interpretations 
of a well-designed tracer test in the laboratory (Grisak et al., 1980; 
Allaire-Leung et al., 2000; Packman et al., 2004) and in the field 
(e.g., Wörman and Wachniew, 2007; Briggs et al., 2009; Haggerty 
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et al., 2009), or from continuous monitoring data using natural 
tracers (e.g., Kirchner et al., 2001; Hatch et al., 2006; Godsey et al., 
2010). 

The parameterization of the processes governing solute transport 
can be categorized into distributed and lumped processes. 
Distributed processes are based on partial differential equations 
that allow state variables to be continuous functions of space and 
time, whereas lumped processes are spatial averages and 
continuous functions of time only (Chow et al., 1998), meaning 
that they are zero-dimensional. However, the distinction between 
the two categories is often unclear, because there is a discrete 
spatial representation of the lumped process. Consequently, the 
models may be referred to as distributed, lumped or even semi-
distributed or semi-lumped, based on their definition of its 
constituent processes (Das et al., 2008). 

2.6.1. Transport in a single pathway 

The key processes governing the retention of a conservative solute 
along a single transport pathway originate from hydrodynamic 
dispersion and exchange with transient storage zones. A number 
of different parameterization strategies have been suggested to 
describe the transversal flux,    , (depending on a wide range of 
criteria including the availability of data, characteristics of the study 
area, model complexity, etc.) and they include simple 
compartmental parameterizations using first-order mass exchange 
(Bencala, 1983; van Genuchten and Dalton, 1986; Schmid, 1995; 
Runkel, 1998) that result in an exponential residence time 
distribution (RTD) in the storage zone. Other parameterizations 
allow for an exchange that leads to spatially distributed 
concentrations in the storage zone, and they include diffusive mass 
transfer (Jackman et al., 1984; Jonsson and Wörman, 2001; Marion 
and Zaramella, 2005) and advective mass transfer (Thibodeaux and 
Boyle, 1987; Elliott and Brooks, 1997a; Packman and Brooks, 
2001). More recent modeling studies based on field observations 
from stream tracer tests (Haggerty et al., 2002; Wörman et al., 
2002; Marion et al., 2008) have led to representations that allow for 
different statistical descriptions of the RTDs, and hence, that are 
designed to capture the various processes that retain solutes. Other 
studies have incorporated several transient storage zones to better 
represent the superposition of retention phenomena acting 
simultaneously on different timescales (Choi et al., 2000; Briggs et 
al., 2009; Bottacin-Busolin et al., 2011). 

Additional substance-specific attention and retention mechanisms 
of the reactive solutes are dependent on the type of solute and 
prevailing hydrological and biogeochemical conditions, and they 
may be governed by numerous chemical processes, such as 
sorption, degradation, and complex formation with organic and 
inorganic ligands. However, based on the purpose and temporal 
and spatial scales of the study, these complex process are often 
simplified (e.g., Bencala, 1983; Nielsen et al., 1996; Jonsson et al., 
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2004; Destouni et al., 2010) and reduced to zero- or first-order 
mass transfer relationships (see section 2.3). 

2.6.2. Transport in a network of  pathways 

Linear representations of the solute transport (such as the ADE) 
follow the superposition principle, which implies that the response 
at an effluent point of a watershed can be represented by a 
summation of the responses from a set of individual transport 
pathways. Consequently, the averaged BTC over the entire 
network of transport pathways, denoted 〈 〉 , can be obtained 
using a probability density function (PDF) that describes the 
lengths of the individual transport pathways according to the 
following equation: 

〈 ( )〉  ∫  (   ) ( )

 

 

   (16) 

where  (   ) is the concentration in the effluent of a pathway that 
starts at a distance   from the outlet [ML-3] and  ( ) is the width 
function defined as the PDF of the transport distances [L−1], 
which is used to describe the network of transport pathways. For 
stream networks or watersheds wherein the contribution of the 
hillslope is assumed to be negligible compared to that of the 
stream network (e.g., Rodriguez-Iturbe and Valdes, 1979; Snell and 
Sivapalan, 1994; Wörman et al., 2004) the PDF of stream channel 
distances,  ( ), can be determined from geometrical studies of 
the surface water pathways (e.g., from digital elevation maps) and 
utilized directly in equation (16). An alternative form of 
representing the geomorphological component in the stream 
network is to determine the path lengths and path probabilities 
based on the Horton-Strahler schemes (Rodriguez-Iturbe and 
Valdes, 1979; Gupta et al., 1980; Rinaldo et al., 1991). In studies 
that assumes substantial effects of the hillsope, the response is 
often a conceptual representation (i.e., in the form of an analytical 
description) rather than a physically based estimate (Mesa and 
Mifflin, 1986; van der Tak and Bras, 1990; Naden, 1992; Wörman 
et al., 2010), because of the difficulties in obtaining independent 
observations in the subsurface. A similar representation of the 
watershed using the PDF of travel times instead of the PDF of 
transport distances has also been used extensively (Destouni and 
Graham, 1995; Simic and Destouni, 1999; Kirchner et al., 2001; 
Gupta and Cvetcovic, 2002; Lindgren et al., 2004). By associating 
the velocities with distinctive pathway distances, the conversion 
between the distributions of distances and transit times can be 
made with the assumptions of a steady state. Regardless of the 
methodology, these probablistic frameworks that use distance or 
transit time distributions have provided a method of linking the 
solute response to the geomorphological properties of the 
watershed. 



Solute Transport Across Scales 

 

15 

3. METHODOLOGIES  

In this chapter, a description is provided of the study areas and 
observational time series that were used to calibrate the 
mathematical models. The different models, which were adapted 
to the available data and specific scientific questions in  
Papers I-IV are then presented and discussed. The specific focus 
is on the usage of different types of time series and evaluations of 
these time series using the presented models within the thesis. 
Finally, the methodologies for treating the significance of the 
estimated parameter values and their impact on the model results 
are provided. 

3.1. Case studies 

The theoretical methodologies developed in this study were 
evaluated using site-specific observations from field experiments 
or monitoring data of water quality parameters. The streams and 
watersheds used as case studies varied in size and geographical 
position and were selected based on the objectives of the different 
studies. The three study areas are briefly described, and 
characteristics that are important for the respective analyses and 
for the subsequent findings are provided. 

3.1.1. Säva Brook, Sweden 

The tracer tests in Papers II and III were performed in a stretch 
of the Säva Brook, which is situated in Uppland County, Sweden, 
and is a 197 km2 large watershed that ultimately drains into the 
Baltic Sea (Figure 1). Numerous studies related to solute transport 
have been performed in the stream (Johansson et al., 2001; 
Wörman et al., 2002; Salehin et al., 2003; Jonsson et al., 2004) and 
provided general knowledge of the system. In Papers II and III, 
five and six measuring stations were established along a  
 

 
Figure 1. The location of Säva Brook on maps with different scales. The 
middle map contains the different sampling stations along the studied stretch 
of the stream and the right map shows the typical domination of agricultural 
land along the Säva Brook (Papers II and III). 
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Figure 2. The Heåkra Stream Network and its location within the Rönneå 
Watershed in the southwestern Sweden (Paper I). Modified from Åkesson and 
Wörman (2012). 

16 km stretch (based on the numbering system in Figure 1, station 
number 3 was not used in Paper III) in which the tracer tests 
were evaluated. The stream has a mean discharge of 1.4 m3/s, and 
no waste water treatment plants (WWTPs) or major tributaries are 
located in the studied stretch, which flows through agricultural 
land (with a mean bed slope of 0.001), with the stream partly 
meandering through a 2-3 m deep valley formed by erosion. The 
upstream portion consists of a gravel to boulder substrate; moving 
downstream, however, the substrate becomes more homogeneous 
and consists of clay material. The downstream limit consists 
primarily of organic matter substrate, and towards the end the 
stream gradient is low with dense vegetation. 

3.1.2. Heåkra Stream Network, Sweden 

The stream network analysis in Paper I was conducted in the 
153 km2 Heåkra Watershed, which is a headwater watershed of the 
Rönne Drainage Basin. The Heåkra Watershed is located in Scania 
County in southwestern Sweden, and it ultimately discharges into 
the Kattegat, which is located between the Baltic and the North 
Seas (Figure 2). No major lakes or regulation dams occur within 
the watershed, which has measuring stations to record discharge 
and water quality parameters at its effluent. At the watershed 
effluent, the Heåkra Stream has a mean discharge of 1.9 m3/s, and 
70.6% of the watershed consists of agricultural land used for 
livestock and crop production. The average distance to the outlet 
and squared coefficient of variation of the distance to the outlet 
within the stream network are 14 250 m and 0.18, respectively, and 
the average stream slope is 0.005. 
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Figure 3. The Upper Hafren Watershed and its location within the Plynlimon 
area, Wales, UK (Paper IV). Modified from Kirchner et al. (2009). 

3.1.3. Upper Hafren Watershed, UK 

The watershed analysis in Paper IV was performed on data from 
the Upper Hafren Watershed, which is a 1.21 km2 headwater 
watershed of the Severn River in Plynlimon that is geographically 
situated on the Welsh coastline near the Atlantic Ocean (Figure 3). 
The mean discharge in the effluent of the Upper Hafren 
Watershed is 0.1 m3/s. Numerous research projects have been 
conducted in the Plynlimon Watersheds and they include extensive 
monitoring and documentation of the hydrology, geomorphology, 
and hydrochemistry (Kirby et al., 1991; Kirby et al., 1997; Neal et 
al., 2011; Robinson et al., 2013). Generally, the Severn Watershed 
is composed of geologic material with a low hydraulic conductivity 
(predominantly composed of Ordovician and Silurian mudstones, 
sandstones, and slates) and overlaying soil material that is 
dominated by peats at higher altitudes, and podzols at lower 
altitudes (Kirby et al., 1991). The climate of Plynlimon is cool and 
humid with monthly mean temperatures of approximately 2-3 °C 
during the winter and 11-13 °C during the summer; in addition 
95% of the precipitation falls as rain, and there are rare 
occurrences of persistent snow cover (Kirby et al., 1991). 

3.2. Data - availability and acquisition 

Access to an observational data series is crucial to any model study 
attempting to quantify the processes. Such access is especially 
important for this thesis because the methodology revolves around 
the evaluation of time series; thus, the availability and acquisition 
of data are crucial. The data used in this study were obtained from 
national and international databases that host water quality data or 
fieldwork performed within the scope of the presented study. 

3.2.1. Solute tracer injections 

Solute tracer tests are a common method used to quantify the 
mechanisms responsible for the transport and fate of solutes in  
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Figure 4. Observed breakthrough curves for uranine at the five different 
sampling stations in the Säva Brook (Paper III). 

streams or rivers. In these experiments, the injection is designed to 
provide a solute concentration well above the background value to 
produce a clear input-signal of the solute that can be traced as it is 
transported downstream (e.g., Wilson et al., 1986; Kilpatrick and 
Wilson, 1989; Johansson et al., 2001; Gooseff et al., 2005; Briggs et 
al., 2009). Essentially, the field methodology consists of 
monitoring the downstream movement of a solute tracer that is 
injected directly into the stream water as a slug injection or 
constant-rate injection. By measuring the BTC (i.e., the 
concentration against the elapsed time) of the solute cloud at a 
number of subsequent sampling stations (points) along the stream 
(Figure 4), information on the governing transport and mixing 
processes that affect the solute between two sampling stations can 
be obtained using various methods, including the direct 
characterization of the BTCs, through measures such as mass 
recovery, time to peak, peak concentration, etc. (e.g., Kilpatrick 
and Wilson (1989)) and process-based mathematical models that 
evaluate the transport and fate of the solutes (e.g., Jonsson et al., 
2004; Briggs et al., 2009; Haggerty et al., 2009; Bottacin-Busolin et 
al., 2011). Depending on the purpose of the study, conservative or 
reactive solutes may be used; however, when biogeochemical 
process are evaluated, a simultaneous injection using a 
conservative and reactive tracer is of the utmost importance 
(Jonsson, 2003) so that the biogeochemical effects may be 
differentiated from the hydraulic effects. This experimental design 
was adopted for the stream tracer experiment performed in Paper 
III, in which simultaneous injections of two (presumably) 
conservative dye tracers (Rhodamine WT and uranine) and six 
(presumably) reactive tracers (bezafibrate, clofibric acid, ibuprofen, 
metoprolol, and naproxen) were monitored along a 16 km stretch 
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of Säva Brook. The tracer experiments were performed between 
August 31 and September 2, 2009. On the first day 500 mg each of 
bezafibrate, clofibric acid, diclofenac, ibuprofen, and metoprolol, 
1000 mg of naproxen, 30 g of uranine, and 32 g of Rhodamine 
WT (RWT) were injected into Säva Brook. At five locations 
downstream of the injection site (Figure 1), the BTCs of the RWT 
were measured in situ with portable fluorometers, and samples of 
river water (300 mL) were collected at regular time intervals with 
automatic water samplers at each location. After the tracer 
experiment, the samples were frozen and stored until further 
analyses in the lab (for details see Kunkel and Radke (2011)). 

3.2.2. Heat as a tracer 

Because of the analogy between heat and solute transport, which is 
shown by the applicability of equation (1) to both solute and heat 
and the analogous forms of equation (2) and Fourier’s Law 
(describing the conduction of heat), information on heat has been 
widely used to infer knowledge about water fluxes in the 
groundwater and surface waters. During a simultaneous tracer test 
in a U.S. river, Constantz et al. (2003) demonstrated that heat and 
bromide provide qualitatively similar hydraulic information for 
near-stream sediments, which indicate the possibility of using heat 
as a proxy for solute transport in such environments. Additionally, 
the simplistic and cost-effective methodology enables the 
acquisition and logging of long-term thermal measurements, thus 
contributing to the method’s usefulness, especially as a tracer to 
quantify the water flow in shallow streambed sediments (see 
reviews by Anderson, 2005; Constantz, 2008; Rau et al., 2014).  
 

 
Figure 5. Temperature fluctuations in the stream and at different depths of the 
streambed sediment at site II in the Säva Brook. Dotted lines represent the 
temperature fluctuations within a metal cylinder with a sealed cap, which 
impedes the advective processes (Paper II). 
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The methodologies provided in the literature differs according to 
the use of natural (Stonestrom and Constantz, 2003; Neilson et al., 
2010; Rau et al., 2010) and induced heat sources (Abbott et al., 
1986; Mori et al., 2003; Greswell et al., 2009; Lewandowski et al., 
2011), but the general aim is to quantitatively associate the rate and 
direction of the effective (apparent) diffusivities with the changes 
in amplitude and phase of the thermal wave that propagates 
between two thermal sensors. In Paper II, temperature sensors at 
six measuring stations in the Säva Brook (see Figure 1) were used 
to measure the natural temperature fluctuations at 5 minute 
intervals in the main stream channel and in the streambed 
sediments at depths ranging from 3 cm up to 100 cm. The data 
collection occurred in May 2011 over 18-30 days depending on the 
location of the measuring station. The field campaign was 
conducted during the spring-flood recession, which lead to 
decreasing discharge and water stages over time at all of the 
measuring stations except for a three days temporary increase. The 
temperature sensors were placed vertically in arrays on reinforcing 
bars that were pushed into the sediments to obtain the desired 
depth of the different sensors. At two stations, an additional array 
of sensors was placed in a metal cylinder (with a diameter of 
12.5 cm) with a sealed cap to impede advective processes. A graph 
showing a subset of the thermal record from Site II in Säva Brook 
can be found in Figure 5. 

3.2.3. Water quality monitoring data 

It has been widely recognized that many of the processes affecting 
the water quality of groundwater and stream water and influencing 
the associated ecosystems operate on long time-scales (> decades). 
Examples of these processes include system responses caused by 
changes in the flux of water and chemicals caused by 
deforestation, acid rain deposition, nutrient leakage from 
agricultural soils, etc. To understand these processes, monitoring 
programs that exceed the time-scales of these processes are 
required. Therefore, many authorities have collected time series of 
water quality parameters that are primarily used as a diagnostic tool 
to evaluate the status of the hydrologic system and detect the 
natural or anthropogenic changes within the system. In recent 
decades, time series have also been used to infer knowledge of the 
large-scale structure of the watershed, with the distributions of 
flow paths and travel times having received the most focus 
(Kirchner et al., 2001; McGuire and McDonnell, 2006; Godsey et 
al., 2010). In Paper IV, this general objective was adopted, and a 
high-frequency long time series from the Upper Hafren Watershed 
was used that consisted of 18 month of data (from the years 2007-
2008) sampled every 7 hours that included analyses of the rainfall 
and stream water chemistry (Neal et al., 2013); these data were 
made available by the Centre of Ecology and Hydrology 
Information Gateway (https://gateway.ceh.ac.uk/). In Paper IV, 
the analysis was limited to the following three solutes: chloride 
(Cl), sodium (Na), and bromide (Br). Moreover, missing values in 
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the time series were linearly interpolated to produce equidistant 
time steps, which were required for the subsequent analysis. 

In Paper I, the observed time series was obtained from the 
database of the Swedish University of Agricultural Science (SLU), 
which is the national data host for water chemistry data for 
environmental monitoring in Sweden. The selected data were the 
total phosphorous concentrations sampled weekly over a one-year 
period (1988-1989) at the measuring station in the effluent of the 
Heåkra Watershed. 

3.3. Transport modeling 

3.3.1. Reactive solute transport in a homogenous stretch 

As discussed in chapter 2, the 1D ADE (equation (11)) with 
different representations of the mass exchange with transient 
storage zones (i.e., the transversal mass flux,    ) are often used to 
describe the retention of a conservative solute. The mathematical 
models within this thesis are based on the assumption that the 
solute transport in a single transport pathway may be 
parameterized using this equation, and different representation of 
    was used. Additionally, the models may include different 
representations of the biogeochemical attenuation and retention 
depending on the solute, spatio-temporal scale, and context of the 
research. 

A common representation of the solute retention, which is 
referred to in the literature as the transient storage (TS) model, was 
used in Papers I and IV. In this parameterization, the solute 
retention of a conservative solute in a homogenous pathway is 
represented using a first-order exchange with a transient storage 
zone according to the following equations: 

 〈  ̅ 〉

  
 〈 ̅〉

 〈  ̅ 〉

  
   

  〈  ̅ 〉

   
  (    〈  ̅ 〉) (17) 

    

  
  

 

 
(    〈  ̅ 〉) (18) 

where   is the distance [L],   is the time [T], 〈  ̅ 〉 is the 
concentration in the mobile phase,     are the concentrations in 
the storage zone (i.e., the immobile phase) [ML-3], 〈 ̅〉 is the mean 
flow velocity in the transport pathway [LT-1],    is the 
hydrodynamic dispersion coefficient [L2T-1],   is the lumped 
transversal dispersion defined by the exchange flux between the 
mobile and immobile phases [T-1], and   [-] is the size ratio 
between the immobile storage zone and the main transport 
pathway. In this formulation the volumetric transversal mass flux 

[ML3T] of equation (11) is defined as:       ⁄   (    〈  ̅ 〉). 
In its most simplified representation, by allowing    , the TS 
model represents an instantaneous exchange with the storage zone, 
that leads to a partitioning between the solute in the mobile and 
immobile phases, and the size of the transient storage can be 
viewed as a retardation factor ranging from 0 (no transient storage) 
to infinity. By incorporating this assumption into equations (17) 
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and (18) the expressions can be simplified according to the 
following equation: 

 〈  ̅ 〉

  
 

〈 ̅〉

  

 〈  ̅ 〉

  
 

  

  

  〈  ̅ 〉

   
   (19) 

where the retardation factor    (   ) [-], which is caused by 
the lateral exchange flux, scales the apparent advective and 
longitudinally dispersive fluxes. This formulation was used in 
Paper IV with an    value of 1 for the conservative solutes Cl and 
Br, and an    value    for the reactive solute Na. In Paper I, 
representations of the instantaneous and kinetic exchange with a 
transient storage zone were used to derive the solute response for 
the reactive solute phosphorous. To account for the increased 
complexity of the chemistry of phosphorous, equilibrium 
chemistry was assumed, which lead to an instantaneous 
partitioning between the dissolved and particulate phases in the 
mobile and immobile zones according to 

    〈  ̅   〉 〈  ̅   〉⁄ |
  

  in the main channel and 

              ⁄ |
  

 in the transient storage zone. The continuity 

of mass, which is represented here by the dissolved phase, in the 
main channel and storage zone can then be expressed by the 
following equations: 
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 〈 ̅〉

 〈  ̅   〉
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(     )
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 (     )
(      〈  ̅   〉) (21) 

One limitation of the TS model is that the first-order exchange 
implicitly assumes exponential RTDs within the immobile zone; 
however, this assumption has proven to be inadequate in certain 
systems (Haggerty et al., 2002; Wörman et al., 2002; Bottacin-
Busolin and Marion, 2010). To relax this assumption, a model 
representation capable of using a more general RTD in the 
transient storage zone was used in Paper III, which allows for the 
testing and evaluation of different types of RTDs against the 
observed data. An extended version of the Advective Storage Path 
(ASP) model (Wörman et al., 2002) was used in which the 
exchange with the storage is defined by a distribution of residence 
times within this zone that may reflect several different storage 
zones retaining the tracer simultaneously or a single zone 
associated with a distribution of storage pathways. Wörman et al. 
(2002) developed the model for conservative tracers; thus, key 
processes that are responsible for the compound-specific retention 
and attenuation were incorporated in the ASP model in Paper III. 
These processes were assumed to be mathematically captured by 
first-order mass transfer kinetics, which are denoted     and     
[T-1], and by the equilibrium partitioning, which is denoted     
and     [-], between the dissolved and sorbed phases of the 

solutes according to     〈  ̅   〉 〈  ̅   〉⁄ |
  

 in the main channel 

and               ⁄ |
  

 in the transient storage zone. The 
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continuity of mass, which is represented here by the total 
concentration, in the main channel and in the storage zone can be 
expressed by the following equations: 

 〈  ̅   〉

  
 〈 ̅ 〉

 〈  ̅   〉

  
   

  〈  ̅   〉
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where 〈  ̅   〉  〈  ̅   〉  〈  ̅   〉 and                   are the 
total solute concentrations in the main channel and storage zone 
[ML-3], respectively,   is the wetted perimeter of the main channel 
[L], and    is the cross-sectional area [L2]. The exchange flux into 
the storage zones is assumed to be dominated by the first term of 
equation (12), and only affects the dissolved phase of the solutes 
according to the following equation: 

    
 

 
∫  ( ) (   (   )|   〈  ̅   〉    (   )|        )  
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where   is the total residence time resulting from transport along 
an individual flow path [T] in the transient storage zone,  ( ) is the 
PDF of  ,   is an area reduction factor [-] that accounts for 
streamlines that are not perpendicular to the bed surface, and    is 
the lateral Darcy flow velocity in a set of flow paths [LT-1]. 
Assuming that no tracer is present in the system prior to the 
injection, the system was solved for a unit Dirac pulse assuming a 
semi-infinite domain depth, i.e.,   (     )   . 

3.3.2. Heat transport in a homogenous stretch 

In environments wherein field observations of the solute 
concentrations may be difficult to obtain, heat can be used as a 
proxy for solutes in the transport problem (see section 3.2.2). The 
transport problem representing the propagation of thermal waves 
along a single transport pathway can be solved using the 1D 
conduction-convection equation for steady heat transport in 
saturated soils according to the following expression: 

  

  
   

   

   
 

 

 

  

  
 (25) 

Where   is the time [T],   is the temperature [Θ],   is the main 
transport direction [L],    is the effective thermal diffusivity  
[L2T-1],   is the seepage velocity [LT-1], and       (  )⁄  

represents the ratio between the product of the density and 
specific heat capacity of the saturated sediment-fluid system and 
the product of the density and specific heat capacity of the fluid 
[-]. The resemblance of equation (25) and the ADE for solute 
transport is obvious, with the first term on the right hand side,   , 
representing the thermal dispersion and diffusion that are 
analogous to the hydrodynamic dispersion of solutes, and the 
second term,   representing the Darcy flow velocity, which when 
divided by the porosity, is analogous to the advection of solutes. In 
Paper II, equation (25) was used to derive the analytical response 
functions for the following three physically motivated cases of 
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vertical heat transport in streambed sediments: (i) effective 
conduction-convection with a semi-infinite depth  
( (     )   ), which assumes that the convection of heat is 
separated in terms of effective thermal diffusion on a sufficiently 
small scale and convection occurring on larger scales and 
represented as a separate term in the transport equation; (ii) 
effective conduction with a semi-infinite depth, which is a special 
case of the previous problem when the transport is assumed to be 
explained by conduction only; and (iii) effective conduction with a 
limited depth (  (     )     ⁄ ), which represents a depth 
limitation of the pure effective conductive transport caused by a 
decreased influence of advective processes with depth or 
decreased thermal dispersion with depth and is introduced by 
replacing the semi-infinite bed with a no-flux boundary condition. 

3.3.3. Reactive solute transport in a network of  transport pathways 

On larger spatial scales, the theory described above for solute 
transport in a homogenous stretch of a transport pathway can be 
used to obtain the solute response for a sequence of successive 
stretches when the transport is assumed to be linear. By 
convolving the individual stretch responses,  (    ) [T-1], the 
response for a single transport pathway consisting of a series of 
sub-stretches             that may be mutually heterogeneous 

becomes the following equation: 

 (   )   (    )   (    )   (    )     (    ) (26) 

where the asterisk denotes convolution, and     is the length of 
stretch  . Moreover,  (   ) is the response of a pathway with the 
total length   when   ∑   . Equation (26) is valid under the 
assumptions of a sufficiently high Péclet number such that 
               ⁄  for all  , which implies that insignificant 

mass disperses upstream. When the solute load function at the 
source of the pathway (i.e., at distance   from its effluent) is given 
by  (   ) [ML-3], the concentration over time in the effluent can 
be obtained by convoluting the response over time with respect to 
the load function according to the following expression: 

 (   )  ∫  (   ) (     )   

 

 

 (27) 

where  (   ) is the concentration in the effluent of a transport 
pathway. In Paper III, this approach describing the transport in a 
single pathway consisting of five mutually heterogeneous stretches 
was used to model and quantify the retention and attenuation 
processes for an instantaneous tracer injection of conservative and 
reactive solutes in Säva Brook. Within Paper III, the response was 
provided by an extended version of the ASP-model (equations 
(22)-(24)) using a unit Dirac pulse input of tracer, 
 (     )     ⁄  ( ), where   is the total mass of the injected 
tracer [M],    is the discharge at the upper boundary condition 
[L3T−1] and  ( ) is Dirac's delta function [T−1]. The system was 
solved using a semi-infinite domain with an initial condition that 
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assumed no tracer was present in the system prior to the injection 
( (     )   ). 

On an even larger scale, when observing a distribution of transport 
pathways, the linearity of the transport equations enables an 
integration of all of the individual pathways to yield the overall 
effluent response. The averaged BTC over the entire network of 
transport pathways in the watershed effluent 〈 ( )〉  can be 
expressed according to the following equation (Dagan, 1989; 
Rodríguez-Iturbe and Rinaldo, 1997): 

〈 ( )〉  ∫  (   ) ( )   

 

 

 (28) 

where  ( ) is the width function defined as the PDF of the 
transport distances [L-1], which is used to describe the network of 
transport pathways and gives rise to parameter averages over the 
network, that are denoted by 〈 〉 . The 1D representation of the 
transport network using the width function assumes that the 
concentration can be determined by equation (27), meaning that 
the concentration is defined for a specific distance   rather than 
for a specific transport pathway. Therefore, the representation 
assumes homogenous characteristics for the response and load 
functions at all points in the network that have the same transport 
distances to the effluent, thus providing distance-specific 
parameters for all of the points equidistant from the effluent. 
Additionally, the load function was assumed to be separable in the 
form of  (   )   ( )  ( ), where   ( ) is the average load of 
the network as a function of time [ML-3] and  ( ) is the 
dimensionless distribution of load over the network. This 
assumption is valid when the solute load on the network is 
proportional to the precipitation intensity and when the temporal 
variation of precipitation is equal over the watershed. Hence, 
separation of the load function allows for the combination of 
time-invariant PDFs of the transport distances and distributions of 
the load over the network. The solute load-weighted PDF of the 
transport distances can then be formed according to  
 ( )   ( ) ( ), which when incorporated into equations (27) 
and (28) provides a formulation for the network-averaged 
concentration in the watershed effluent 〈 ( )〉  according to the 
following equation: 

〈 ( )〉  ∫ ∫  ( ) (     )   ( )   

 

 

 

 

 (29) 

Equation (29) results in watershed-averaged values of the solute 
concentrations, which are denoted 〈 〉  that in addition to the 
spatially heterogeneous response functions allow for a spatially 
varying load function. The parameter variability of the transport 
parameters between the stretches that constitute a transport 
pathway can be introduced by stretch-specific weighting factors in 

the form of  (  )    (  )〈 〉 , where   represents any model 

parameter. The above described methodology was adopted to 



Joakim Riml TRITA-LWR PHD-2014:05 

 

26 

describe the phosphorous transport in the Heåkra Stream 
Network (Paper I) and describe the transport of Cl and Na in the 
Upper Hafren Watershed (Paper IV), wich utilized different 
representations of the TS model to describe the stretch response 

 (    ). In both of the papers, assumptions of a constant 

distribution of the load over the network were made, and in  
Paper IV, the assumption was justified because the dominant 
portion of the Cl and Na in the watershed surface water originated 
from the atmospheric deposition of sea salts (Neal and Kirchner, 
2000; Feng et al., 2004, Kirchner and Neal, 2013). The geographic 
position and geology of the watershed strongly limited the 
significance of any other input, such as chemical weathering, 
compared with sea salt deposition; therefore, the input flux to the 
watershed was assumed to be evenly distributed over the small 
watershed with the precipitation. In Paper I, the assumption of a 
homogenous load function was a more crude assumption that was 
made because the data of the spatially distributed influx in the 
stream network were not available. 

3.4. Evaluation of time series 

Observed time series are crucial for the quantification of processes 
that affect the solute transport within the system. A detailed 
evaluation of the distortion of an input signal originating from a 
designed tracer injection or continuous input flux to an observed 
output signal can theoretically be linked to the specific processes 
causing the distortion, i.e., the processes governing the transport 
and fate of the solute. Within this thesis, three primary 
methodologies (presented below) have been used to evaluate the 
observed time series and serve as a basis for the quantification of 
the governing processes responsible for the retention and 
attenuation of the solutes. The specific procedures to solve the 
partial differential equations describing the solute transport 
processes consisted of numerical and closed-form solutions. To 
produce closed-form solutions, mathematical transformations of 
the system into the Laplace and Fourier domains were performed 
to simplify the analyses through the variable substitution. 

3.4.1. Time domain 

In Paper I, the network representation (equation (29)) of the TS 
model with instantaneous exchange and equilibrium sorption 
(equations (20) and (21)) was used to describe phosphorous 
transport in the Heåkra Stream Network. Using the implicit finite 
difference discretization method of Crank and Nicolson (1996), a 
numerical solution of the transport problem could be applied 
directly in the time domain, thus providing a modelled time series 
of the phosphorous concentration in the effluent of the stream 
network. In the paper, the model parameters were assumed to be 
spatially and temporally constant and were set according to the 
data that were obtained from existing geographical and 
hydrological databases or values that were obtained from previous 
studies found in the literature (see the appended Paper I for 
further details). 
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3.4.2. Laplace domain 

By transforming the system into the Laplace domain, a closed-
form solution can be obtained for the partial differential equations 
of the longitudinal solute transport with the transient storage (e.g., 
Czernuszenko and Rowinski, 1997; Wörman et al., 2002; Schmid, 
2003; Jonsson et al., 2004). For the TS model with an 
instantaneous exchange and equilibrium sorption (equations (20) 
and (21)) the closed-form solution can be derived in terms of the 

Laplace transformed concentration,  {〈  ̅   〉(   )}, that results 

from a unit Dirac delta injection at the upstream boundary in a 
semi-infinite, homogenous stretch. The solution transforms to the 
following form (Paper I): 

 {〈 ̅    〉(   )}       [(
〈 ̅〉

   

 √(
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)  ] (30) 

where 

  ( )   (  
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(     )
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In equation (31),   is the Laplace variable,    is the Laplace 

transformed load [ML-3] and the expression         〈  ̅   〉⁄ |
  

 

[-] is the equilibrium concentration constant between the storage 
zone and main channel. For the extended ASP model that includes 
first-order attenuation and equilibrium partitioning between the 
dissolved and sorbed phases, the closed-form solution of the total 
solute concentration in the main channel resulting from a unit 
Dirac delta injection at the upstream boundary in a semi-infinite, 
homogenous stretch becomes the following equation (Paper III): 
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where 

  ( )  〈
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(   [ (     )(     ) ]   )〉 (33) 

In equation (33) is    the bed advection equal to     ⁄  [LT-1], T is 
the total residence time as a result of transport along an individual 
exchange flow path [T],   is the wetted perimeter [L],    is the 
cross-sectional area of the stream, which includes the stagnant side 
pockets [L2], and 〈 ̅ 〉 is the effective flow velocity, which is 
corrected for the retardation effects resulting from the stagnant 
side pockets (see the appended Paper III for further details). 
Once obtained, the closed-form solution may be transformed back 
to the time domain, but this inversion often becomes difficult to 
perform analytically; therefore, numerical Laplace inversions are 
usually required. This numerical inversion technique was applied in 
Paper III by using an algorithm developed by Hollenbeck (1998), 
and the transformation-inversion methodology enables the model 
parameter to be calibrated by an iterative procedure in the time 
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and Laplace domain, in which the modelled concentration is fitted 
against the observed concentration. 

Alternatively, the closed-form solution can be used to derive the 
temporal moments according to the following equation: 

   (  ) 
   {〈 ̅〉(   )}

   
|
   

 (34) 

where    is the     moment of  (   ). The zeroth moment,   , 
defines the total amount of solute (area under the BTC), and the 
first moment,     ⁄ , is the expected value of  (   ) and is 
denoted by   , which is used to define the central moments,   , or 
the moments around   . The repeated application of equation (34) 
and consideration of the relationships between the temporal 
moments and central temporal moments (see the appended Paper 
I for further details) as well as the boundary load functions 
(according to Schmid (2003)), yields closed-form solutions that 
describe the central temporal moments. In Papers I and IV, the 
first three central temporal moments (     ) expected value of 

 (   ), (     
 ) variance of  (   ) [T2], and (     ) skewness 

of  (   ) were determined analytically and used to characterize the 
distortion of the solute BTC with respect to the transport, 
attenuation and retention mechanisms originating from the 
hydrological and biogeochemical processes. 

3.4.3. Fourier domain 

The transformation of a signal or function into the Fourier domain 
is related to the Laplace transformation; however, in the Fourier 
domain, the signal is transformed into a discrete set of complex 
amplitudes (Fourier coefficients) that represent the frequency 
spectra of the time domain signal. Using Euler’s formula, the 

Fourier transformed time series,  ̂( ), becomes a sum of sine and 
cosine functions with increasing frequencies according to the 
following equation: 

 ̂( )  ∫  ( )(   (  )       (  ))  

 

  

 (35) 

where   is the angular frequency [radT-1] and   is the complex 
number. Hence, equation (35) states that an observed data series is 
composed of a set of harmonic functions with wavelength 
     ⁄  [T] and the summation of the amplitudes of the 
individual harmonic functions yields the observed (parent) time 
series. By multiplying the Fourier transformation with its complex 

conjugate,  ̂ ( ), the power spectrum of the observed time series 
is defined according to the following expression: 

 ( )   ̂( ) ̂ ( ) (36) 

The real value function  ( ) describes how the variance in the 
time series is attributed to different frequencies that compose the 
time series, and it represents the relative importance of the 
coefficients of its constituent wavelengths to the observed time 
series. By integrating over all frequencies, the total variance of the 
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concentration time series, denoted   
 , can be obtained according 

to the following equation: 

  
  

 

 
∫  ( )  

 

 

 (37) 

Equation (37) can be related to the degree of total dispersion 
acting on the solute during its transport time in the watershed; 
thus, it can be related to the retention processes. The following are 
two distinct characteristics of the power spectrum: (i) the spectrum 
of a random signal has a flat (constant) power spectrum that is 
referred to as white noise, and (ii) the spectrum of fractal 
distributions has a linear power spectrum in log-log space. One 
critical assumption of the Fourier representation relates to its 
periodic nature, which imposes time invariant amplitudes of its 
constituent wavelengths. 

These fundamental concepts were used in the spectral analyses in 
Papers II and IV, which applied similar methodologies but used 
different observed time series on different spatial scales. On the 
point scale of Paper II, the temperature time series in the stream 
water (input signal) and at different vertical depths (< 1 m) within 
the streambed sediments (output signal) were related to quantify 
the heat transport processes. On the watershed scale of Paper IV, 
the solute concentration time series in the precipitation (input 
signal) and stream water in the watershed effluent (output signal) 
were related to quantify the solute transport processes. Both of the 
papers related the power spectra of the input and output time 
series through a physical scaling function (transfer function) 
representing the processes that are accountable for distorting the 
input signal to form the output signal. In the Fourier domain, this 
expression becomes the following equation: 

    ( )     ( )  ( ) (38) 

where     and      are the power spectrum of the input and 
output signal, respectively, and    is the scaling function. For the 
pure effective conduction in the vertical direction of the hyproheic 
zone in Paper II, the scaling function, which is a function of the 
stream sediment depth   and the frequency, becomes: 

     (   )( )     [ √
  

  

 ] (39) 

Because equation (39) has only one independent parameter, 
rearrangement provides a direct estimate of    as a function of the 
two observed power spectra from the following equation: 

  (   )      [  (   ( )    
  ( ))] (40) 

In Paper IV, the scaling function that describes the solute 
response from an individual transport pathway assuming an 
instantaneous exchange with a transient storage zone and 
accounting for intra-pathway parameter variability becomes: 
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Because of the convolution of the response for different stretches 
along a single pathway (equation (26)) the solution in the form of 
equation (41) contains a weighted sum of the parameters 
representing the different stretches. In this sum of terms, it is 
possible that a specific stretch (represented by a single term) can 
dominate the sum and facilitate the evaluation of the 
characteristics of that specific stretch. Applying this technique to 
data can be conceived of as a probing of the model parameters 
from specific (dominating) stretch environments. For the network 
of transport pathways within a watershed, which in Paper IV is 
assumed to follow a gamma distribution, there are several ways to 
account for the parameter variability. One possibility would be to 
assume that a single stretch,   , in a single pathway,  , dominates 

the solute response of the watershed. For such case, the distance 
    is assumed to be independent of the network and the 

watershed scaling function is given directly by equation (41) using 
only the characteristics of the dominant stretch. Another option is 
that the dominating stretch    is proportional to the total pathway 

distance for all transport pathways in the network. This leads to a 
network-invariant proportionality constant, which for a single 
pathway this is expressed as       , where   is the proportion 

of the stretch length compared to the total pathway distance. The 
corresponding watershed scaling function then becomes the 
following equation (Paper IV): 
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where 〈  〉  [-] and 〈  〉  [L-1] are the shape and scale parameters 

of the gamma distribution, respectively. Equation (42) leads to a 
watershed scaling function   ( ) that contains three independent 

groups of parameters, 〈 〉  ( 〈  〉 〈  〉 )⁄  [-], 

〈  〉  (〈  〉 〈  〉 
 )⁄  [T] and 〈  〉  [-], and they describe how the 

scaling function and mechanisms responsible for the watershed 
dispersion vary with frequency. The consequence of equation (42) 
is that it can be used to interpret “average” values of parameters 
that are assigned to a dominating stretch distributed proportionally 
on all pathways in the network (when    ) or on all networks 
(when    ) for a given frequency window. The equation (42) can 
also represent the special case of a single pathway by adopting a 

gamma distribution based on    ( )         
     ⁄  and 

〈 〉      ⁄ . An evaluation of the scaling function against 

   ( )    
  ( ) according to equation (38), allow for the 

quantification of the independent group of parameters as function 
of  . Although the independent groups of parameters were 
assumed to be constant within the network of transport pathways, 
the observed data were divided into windows (sub-sets) of 
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frequencies, each with a contributing network of transport 
pathways, and the model parameters were allowed to vary between 
the different frequency-windows. By sweeping over all frequencies, 
estimates of the independent group of parameters contributing to 
a specific window could be obtained, meaning that they could be 
connected to the mechanisms governing solute transport at 
different time scales and spatial regions (dominating stretches) 
within the watershed. It should be noted, however, that the 
methodology in Paper IV probes the characteristics of a dominant 
environment and does not explicitly account for the parameter 
variability within a network, which could occur in more complex 
systems. 

3.5. Treatment of the significance of parameter values and the 
sensitivity of model results 

3.5.1. Optimization procedure 

Because of the initial and boundary conditions of the system, the 
response or scaling functions of Papers II-IV (some of these are 
derived explicitly in section 3.4) were calibrated against the 
observed data obtained from field experiments or against 
monitoring data of water quality parameters. The calibration 
methodology consisted of formal optimizations of the model 
parameters   that were obtained by minimizing the difference 
between the modeled and observed time series of the solute  
concentration or temperature according to the following equation: 

 ̂        
 

{[   ( )] [   ( )]} (43) 

where  ̂ is the optimum estimate of the model parameters and   
and   are the observed and modeled time series, respectively. 
Wörman and Wachniew (2007) evaluated a stream tracer test and 
showed that different model parameters affected various parts of a 
solute’s BTC; their results emphasized that the optimum estimates 
of the model parameters are dependent on the exact form of the 
optimization criteria and reflect the specific objective of the study. 
Hence, the objective function of equation (43) may be formulated 
differently e.g., by introducing weights to different parts of the 
BTC. A linear relationship will, for example, improve the fit of the 
peak concentrations, which is important when maximum 
concentrations are being studied, whereas a logarithmic 
relationship will emphasize the tail of the BTC, which is important 
for estimations of the exchange with the hyporheic zone (Harvey 
and Wagner, 2000; Jonsson, 2003; Wörman and Wachniew, 2007). 
Using mixed-relationship criteria, weights can be assigned to the 
peak and tail of the BTC (see the definition of the MRC20 value in 
appended Paper III for further details), which is a compromise 
between the two different approaches. 

In Paper I, an inverse optimization methodology was used 
because the incoming solute fluxes into the stream network (the 
load function) were unknown, thus preventing the calibration of 
the model parameters. Instead, the objective of the optimization 
was to calibrate the load function using time-invariant parameter 
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values of the model that were obtained from existing geographical 
and hydrological databases or set in accordance with values that 
were obtained from previous studies found in the literature. 

In Paper III, the hydrological and biogeochemical processes were 
differentiated through simultaneous injections of conservative and 
reactive solutes. To calibrate the model parameters, the 
optimization was performed in two steps. In the first step, the 
hydrological parameters defining the non-compound specific 
retention were optimized simultaneously using the observed BTC 
of the two dye tracers. This approach provided the optimal (and 
identical) hydrological parameters for the conservative solute 
transport for each of the five stretches and reduced the number of 
model parameters in the subsequent step of the optimization. In 
the second step, the reactive parameters defining the compound-
specific attenuation and retention of the pharmaceuticals were 
optimized against their respective BTCs using the optimal 
hydrological parameters that were previously estimated. For the 
reactive parameters, estimates that are representative of the entire 
study area (all the stretches I-V) were determined. 

3.5.2. Sensitivity analysis 

A crucial issue in the mathematical models is to investigate the 
significance of the estimated model parameters and understand 
their respective influence on the model results. A straightforward 
approach to describing the sensitivity of the model result as a 
function of a single parameter is to perform a Monte-Carlo  
 

 
Figure 6. The goodness-of-fit measure MRC20 vs. parameter values for 
metoprolol for a large number of Monte-Carlo simulations with parameter 
values drawn randomly from a uniform distribution. The red dots represent 
the feasible parameter sets that produce an MRC20 within the methodological 
uncertainty from the standard addition experiments, and their parameter 
intervals defines the feasible parameter ranges (Paper III). 
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simulation. This method calculates the object function for a large 
number of realizations (model runs), with the parameter values 
that were drawn randomly from a uniform distribution. The result 
can be visualized by scatterplots (Figure 6) that represent the 
multi-parameter object functions projected as functions of one 
parameter at the time. The approach using the Monte-Carlo 
sensitivity analysis may be considered a complement to the 
optimization and was used in Papers II-IV. Additionally, a global 
Sensitivity Analysis (GSA) based on Sobol’s variance 
decomposition method (Sobol, 2001) was performed in Paper III 
to investigate the relative influence of the biogeochemical 
parameters. The GSA estimated the fraction of the total variance 
in the model output that can be attributed to individual model 
parameters, i.e., estimates the relative influence of the parameters 
on the model output. The total variance of the model output  ( ) 
can be decomposed according to the following equation: 

 ( )  ∑  

 

 ∑∑   

    

 ∑∑ ∑    

       

        (44) 

where   is the model output that is conventionally replaced by a 
model performance measure (Tang et al., 2007), such as the least-

squares residual, which was used in Paper III. Moreover,    is the 
model parameter  ,       

(    { |  }) is the variance of the 

conditional expectation of parameter  , 

          
(      { |     })        is the variance of the 

conditional expectation of the combination of parameter   and 
parameter  , etc. The key parameters of the method that was used 
to describe the relative importance of the individual parameter   
are Sobol’s first sensitivity index,   : 

   
  

 ( )
 (45) 

and the total sensitivity index,    : 

                        (46) 

These indices were estimated numerically using the software 
package SimLab (2011) to investigate the relative influence of the 
biogeochemical parameters. 

4. RESULTS AND DISCUSSION  

In this chapter, the most important results from Papers I-IV are 
presented, and they are organized based on their spatial scales, 
which ranges from the point scale to watershed scale. In the last 
section, the possibility to use closed-form solutions of the solute 
response to derive formal expressions to translate the model 
parameters between different model formulations is presented. A 
brief evaluation of the presented results is given in each section; 
however, for a more elaborate discussion, see the discussion 
sections in the appended papers. 
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Figure 7. Power spectral representation of the temperature time series at 
different sediment depths for site I in the Säva Brook. The decrease in 
log(Power spectrum) with depth indicate an decreased total variance of the 
time series according to equation (37) (Paper II). 

4.1. Heat transport on the point scale 

On the smallest spatial scale, which has a spatial resolution of 
< 1 m for the observed data series, the temporal records from the 
stream water and streambed sediments were utilized to evaluate a 
novel methodology where the spectral scaling function (see section 
4.3.3) were evaluated to quantify the flux of heat in the sediments 
(Paper II). Although the strongest fluctuation signal was found to 
be close to one day (representing the diurnal signal of the 
temperature data) the thermal fluctuations in the Säva Brook 
occurred in a wide range of frequencies. These fluctuations 
originated from short- and long-term variations in atmospheric 
conditions, and the methodology provided insights to the signal 
propagation depth, which is related to the key frequencies used for 
analyzing the temperature response at different depths within the 
sediment (Figure 7). The results indicated that in the Säva Brook, 
the scaling factor developed for the pure conduction case provided 
equally good results as the more complex transforms. This result 
occurs because the conductive transport is the dominant heat 
process in the Säva Brook, and is related to the low values of 
hydraulic conductivity, especially for the deeper sediments (see the 
appended Paper III for the values of hydraulic conductivity). The 
effective thermal diffusivities obtained with the spectral method 
were highly consistent with the numerical solutions (using 
COMSOL Multiphysics) and values from the laboratory analysis. 

Figure 8 shows that the frequency of the signal propagation has a 
lower limit. In the Säva Brook sediment at depths < 10-20 cm, the 
observations avoided noise and drift in the thermal diffusivity for 
fluctuations with periods longer than 5-7 hours, which indicated a 
lower limit for usage since the information in the signal with  
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Figure 8. Thermal diffusivity evaluated for each time period at Site I in the 

Säva Brook using equation (39) applicable for Pe   z (i.e., pure conduction). 
Relatively constant thermal diffusivities are found for periods longer than 0.2–
0.3 days and agree well with laboratory data (grey-shaded band) (Paper II). 

higher frequencies do not contain significant information on the 
governing processes. However, the frequency limit decreases with 
depth, and at greater depths, the diurnal temperature signal 
commonly used in heat transport studies (e.g., Hatch et al., 2006; 
Keery et al., 2007) may have to be excluded.  

One clear advantage of using heat as a tracer is its ability to record 
long time series, which allows for an evaluation of the temporal 
variations in the power spectrum and their relationship with 
changes in the transport mechanisms; in Paper II, variations in the 
power spectrum are related to changes in the heat transport 
processes over time. Although the Fourier analysis is based on 
time invariant processes, the scaling function of the pure 
conductive model (equation (39)) was fitted against 16 different 
windows of observed data using a window of frequencies (limited 

to periods in the interval       0.2 days to       3 days) 
sweeping over the time series. The sweeping window analysis 
indicates that the effective thermal diffusivity varies over time at 
the injection site. By plotting the observed water stage on the same 
graph, the variability of the thermal diffusivity can be linked to the 
water stage and the results displayed a simultaneous increase from 
day 7 to day 9 in the time series (Figure 9). This temporary increase 
of the thermal diffusivity was most likely caused by an increased 
small-scale convective (pumping) exchange that was confined to 
shallow streambed sediments. It has been shown that such an 
increase could be linked to increased stream water velocities 
(Elliott and Brooks, 1997a) that were caused by the increased 
water stage. Another, plausible explanation is that scouring the 
upper layer of the streambed sediments physically “moved” the  
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Figure 9. Simultaneous plot of the effective thermal diffusivity as function of 
time evaluated in 16 different windows of observed data (limited to periods in 

the interval λmin = 0.2 days to λmax = 3 days) and the water stage at the 
injection point in the Säva Brook (Paper II). 

in-stream temperature fluctuations (i.e., the water column) closer 
to the measurement points in the sediment, which would decrease 
the depth of the sensors and be interpreted by the model as an 
increase in the effective thermal diffusivity. However, because the 
effective thermal diffusivity decreased when the water stage 
decreased, an equal amount of sedimentation would have been 
required to occur simoultaneously with the water level recession. 

4.2. Solute transport on the stream reach scale 

On a larger scale with 1 to 5 km spatial resolution of the observed 
time series, the integrated estimations of the governing transport 
processes of the solutes in a homogenous stretch of a transport 
pathway can be evaluated (Paper III). A detailed evaluation of the 
hydrologic and biogeochemical processes in five stretches of the 
Säva Brook showed that the key processes governing the fate of 
the six reactive tracers could be quantified using the extended ASP 
model (equations (22)-(24)). The analysis indicated that the tracers 
remained in the transient storage zones for times corresponding to 
5-25% of the total flow time of the stream (Table 1), which results 
in a small to moderate exchange compared with a review of tracer 
tests compiled by Runkel (2002). However, the results highlight 
the potential for biogeochemical reactions in these zones that may 
further affect the fate of the reactive solutes. This finding is also 
constistent with previous studies of the impact of transient storage  
 

Table 1. Estimated values of the time spent in the storage zone for 
the different stream reaches in the Säva Brook (Paper III). 
 Reach I Reach II Reach III Reach IV Reach V 

x (m) 1.5103 3.8103 3.3103 2.8103 4.8103 

μt (s) 1.0104 3.2104 2.7104 2.7104 6.5104 

μsz (s) 1.5103 2.5103 2.9103 1.3103 1.7104 

μsz/μt (%) 1.410-1 7.910-2 1.110-1 4.710-2 2.610-1 
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in the Säva Brook (Wörman et al., 2002; Salehin et al., 2003). The 
uptake is hypothesized to be dominated by a hyporheic exchange 
in the upper 10 cm of the streambed sediments in which the 
hydraulic conductivity is elevated. The in-stream vegetation is 
another type of transient storage zone that might be of 
importance. 

In addition to the effect of the hydrologic (substance independent) 
retention, the solutes were also affected by biogeochemical 
(substance dependent) retention and attenuation processes. The 
attenuation caused by primary transformation (an irreversible 
process) only affected clofibric acid and ibuprofen, with especially 
high transformation rates for ibuprofen that corresponded to a 
half-life    ⁄  of 1.6 h in the transient storage zone and 22.7 h in the 

main channel. This rapid transformation led to a 1% modeled 
mass recovery at site V, indicating nearly complete depletion of the 
solute within the spatial and temporal frame of the study. Clofibric 
acid, however, displayed a slower reaction rate that corresponded 
to a    ⁄  value of 22.1 h in the storage zone and 113.2 h in the 

main channel. This finding resulted in a modeled mass recovery of 
62% at site V. The individual contribution of the two zones (main 
channel and storage zone) to the overall attenuation was compared 
for the two solutes that were affected by transformation. By 
multiplying the expected residence time and transformation rate 
for each zone, the mass removal of ibuprofen was found to be 
higher in the storage zone compared with the main channel, 
whereas the opposite transformation pattern was observed for 
clofibric acid (Figure 10). Although the model cannot differentiate 
between the attenuation processes, it is assumed that abiotic 
processes do not provide a substantial contribution (Kunkel and 
Radke, 2008), with the transformation primarily attributed to 
microbial transformation in the storage zone. Additional 
contributions may come from biofilms on submerged macrophytes 
and obstacles, which have been shown to be important attenuation 
processes (Battin et al., 2003; Reinhold et al., 2010). 

The impact of sorption may be obscured by correlations between 
the model parameters; therefore, to evaluate the key sorption 
indicators the isolated impact of sorption was modelled (by setting  
 

 
Figure 10. Reach-averaged transformation based on the optimal values for 
clofibric acid (left) and ibuprofen (right) at sampling sites I–V in the Säva 
Brook. Both the relative influence of the storage zone (dark) and the main 
stream channel (light) on the primary axis (black) are displayed, together with 
the total transformation relative to the mass at the previous site (red line) on 
the secondary axis (red) (Paper III). 
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Table 2. Isolated impact of sorption at site V in the Säva Brook when the 
effects of transformations are excluded (Paper III). 
 norm. peak 

conc. (-) 
peak conc. rel. to 
inert tracer (%) 

time to peak 
conc. (min) 

retardation of peak conc. 
rel. to inert tracer (min) 

Metoprolol 5.310-8 73.1 2761 90 

Ibuprofen 6.110-8 83.5 2743 72 

Naproxen 5.410-8 73.1 2712 41 

Diclofenac 7.010-8 95.1 2699 28 

Bezafibrate 6.010-8 81.9 2689 18 

Clofibric acid 7.110-8 96.4 2684 13 

Inert tracer* 7.310-8 100.0 2671 0 

*synthetic data, produced by the model by letting λSZ = λMC = KSZ = KMC = 0 

         0) and compared with a (synthetic) conservative 
tracer. These results (Table 2) indicate that sorption had the largest 
impact on metoprolol with regard to retardation of the time to 
peak concentration (1.5 h) and magnitude of the peak 
concentration (70%) relative to the inert tracer. The high sorption 
of metoprolol could be explained by its positive charge at the 
prevailing pH of 5.5, which facilitates sorption to the 
predominantly negatively charged sediments and biofilms (Carlson 
and Silverstein, 1998). This finding is higly consistent with 
previous reports found for beta blockers (Schaffer et al., 2012). 
The other compounds, all of which are weak acids, were found in 
the following rank with regard to sorption affinity: ibuprofen ≈ 
naproxen > diclofenac > bezafibrate > clofibric acid, with only a 
minor impact of sorption on bezafibrate and clofibric acid. The 
ranking of decreasing impact of sorption is generally consistent 
with the acid dissociation constants of the substances, which 
supports the results. Sorption of a compound’s neutral species can 
be expected to be quantitatively more important than that of the 
anionic species (Tülp et al., 2009) because of the abundance of 
neutral sorption sites and relative lack of positively charged sites in 
soils or sediment. However, because of the lack of independent 
data on sorption of the target compounds to the river sediments of 
Säva Brook, this explanatory model is limited to the compounds’ 
speciation with respect to pH and neglects other compound-
specific sorption properties. Sorption to biofilms and sediment 
particles in the storage zone and to suspended particles and 
biofilms in the main channel were suggested as the dominant 
sorption processes. To investigate the relative significance of the 
model parameters, a global sensitivity analysis was performed 
based on the variance decomposition by Sobol (see section 3.5.2). 
Using a threshold of      0.3, the parameters that were defined as 
non-influential, meaning that they could be set to any value within 
their feasible range without any considerable effect on the output 
variance, were identified. The general agreement between the 
optimization and GSA was found to be good except for in the 
following two cases: (i) ibuprofen was found to be impacted by 
sorption, but the GSA showed that the process was non-influential 
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and (ii) clofibric acid was found to be unaffected by 
transformation and sorption, but the GSA showed that all of the 
processes were relatively influential. Both of these cases can be 
explained by the fact that the GSA provides relative measures. The 
deviation for ibupprofen originates from that the sorption of 
ibuprofen, eventhough it made an impact during the tracer tests, 
was small compared with the transformation. The deviations for 
clofibric acid occurred because all the biogeochemical processes of 
clofibric acid were equally important but were too small or too 
slow to have an impact during the time frame of the study. 

4.3. Solute transport on the watershed scale 

At the watershed scale, a high frequency time series of water 
quality parameters measured in the precipitation and stream water 
of the watershed effluent was used to evaluate the scaling function 
(equation (42)) and estimate the independent groups of model 
parameters. For the conservative solute Cl (assuming 〈  〉   ), 
the evaluation of the scaling function in different windows of 
frequencies suggests that the scale parameter of the gamma 
distribution, 〈  〉 , was approximately 3 for concentration 

fluctuations with the shortest periods (ranging from hours to days) 
and that it decreased with an increasing period, reaching a value of 
approximately 1 for the longest observed periods (ranging from 

months to years) (Figure 11). In contrast, 〈  〉  (〈  〉 〈  〉 
 )⁄  

increased with an increasing period and the estimated values were 
found to range from approximately 3 days for the shortest periods 
to values of approximately 500 days for the longest periods. For  
 

 
Figure 11. Top left: Power spectrum of the input (red) and output (blue) 
signals for Cl concentrations in the Upper Hafren Watershed, together with 
the observed scaling function (green) that contains the information of the 
watershed transport processes. Top right and bottom: Optimized values (red) 
using a least-square optimization in a window of frequencies together with 
regressions analyses (black) of the independent groups of parameters as 
function of the average period of the optimization window (Paper IV). 
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Figure 12. Optimized values (red) using a least-square 
optimization in a window of frequencies together with 
regressions analyses (black) of 〈  〉 〈 〉 〈 〉 ⁄  as function of 
the average period of the optimization window in the Upper 
Hafren Watershed (Paper IV). 

〈 〉  ( 〈  〉 〈  〉 )⁄ , no strong dependence with period was 

found, although a small increase with an increasing period may 
occur. The general implication of a frequency-dependent 
parameter is that the hydrological and geochemical transport 
processes have different quantitative effects on the fluctuations 
with different return times (periods). Therefore, estimates of the 
same model parameter on different time periods may differ 
because these are associated with different parts of the watershed 
(dominating stretches) that contribute to the different 
concentration fluctuations. Another even more interesting factor is 
determined by the product 〈 〉 〈  〉 (〈 〉 〈 〉 )⁄  [T]. By utilizing 
the expected value of the gamma distribution, which is 〈 〉  
〈  〉 〈  〉 ⁄  [L], the factor 〈  〉 〈 〉 〈 〉 ⁄  [T] could be formed. 

This product can be interpreted as the (frequency-) typical solute 
transport time in the watershed that is responsible for the solute 
concentration fluctuations within the given frequency window. 
The typical transport time was found to increase from 
approximately one week for the window with the shortest periods 
(ranging from hours to days) to two years for the window 
containing the longest periods (ranging from months to years). 
This behavior reflects the fact longer transport times, (reflecting 
larger values of 〈 〉  or smaller values of 〈 〉 ) had a greater effect 
on the concentration fluctuations with long periods and that the 
shorter transport times (reflecting smaller values of 〈 〉  or larger 
value of 〈 〉 ) primarily had a greater effect on the fluctuations 
with a short period. In general, the typical transport times were 
approximately 25 times greater than the periods represented in the 
frequency window, meaning that the transport times follows the 
period that is represented in the time series but is somewhat longer 
(Figure 12). Godsey et al. (2010) suggested that the mean transit 
times in the Upper Hafren Watershed is 4.4 years, although they 
used a different spectral approach for a weekly time-series 
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Figure 13. Left: Comparison of the scaling functions for the conservative 
solute Cl (red) and the sorbing solute Na (blue) in the Upper Hafren 
Watershed. The additional dispersion of Na caused by equilibrium adsorption 
is evident through a vertical shift in the level of the acaling function and 
results in a decreased total variation of Na compared to Cl. Right: Optimized 
values (blue) obtained using a least-square optimization in a window of 
frequencies together with regressions analyses (black) of 〈     〉  as function 
of the average period of the optimization window (Paper IV). 

spanning 20 years of data, in which all of the frequencies of the 
concentration fluctuations were used simultaneously. 

For Na, the level of the scaling function was vertically shifted 
compared with the power spectrum of the conservative solute Cl 
(left panel of Figure 13). According to the definition of the total 
variance of a time series (equation (37)), these results suggest that 
there was a lower total variance and, therefore, a higher total 
dispersion of the reactive solute Na compared with the 
conservative solute Cl during their simultaneous transport within 
the watershed. This finding is highly consistent with our general 
understanding of the two substances and is most likely caused by 
the transient storage of Na by enhanced immobilization through 
adsorption. A previous study in the Plynlimon area, which is where 
the Upper Hafren Watershed is located, suggested that the 
additional retention is caused by cation exchange buffering of Na 
by the soils (Neal and Kirchner, 2000). Estimations of the 
retardation coefficient, 〈  〉 , were also made by the simultaneous 
optimization of the scaling functions for Cl and Na, with the 
substance independent model parameters 〈  〉 , 〈  〉 , 〈 〉 , 

〈  〉 , and   forced to be equal for both solutes, and 〈     〉   1. 
The results indicated that the value of 〈     〉  increased with an 

increasing period and the estimated values were found to range 
from 1 for the shortest periods to 2.5 for the longest periods (right 
panel of Figure 13). The explanatory model in which longer 
transport times (reflecting larger values of 〈 〉  and/or  , or 
smaller value of 〈 〉 ) contributes to the concentration fluctuations 
with long periods implies that longer/slower pathways 
(presumable involving predominately groundwater environments) 
have an increased capacity for ion exchange compared with the 
shorter/quicker pathways. Because the retardation factor is 
inversely proportional to the specific surface area (total surface 
area per bulk volume) of a porous medium, this finding might be 
explained by a depth increase in the specific surface area that is 
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susceptible to adsorption and would increase the solute retardation 
factor for pathways at greater soil depths. However, the 
retardation factor may also depend on other factors such as the 
spatial variability of the soil properties, which includes the 
connectivity of the pores (Bouwer, 1991). The 〈     〉  values 

generally were consistent with the results of the study by Feng et 
al. (2004), in which retardation coefficients for Na were found to 
be 2.4-2.9 in four other Plynlimon Watersheds through a direct 
comparison of the vertical shift between the power spectrum of 
Na and Cl in the stream effluent. The authors also argued that 
these estimates were plausible based on column experiments for 
similar geologic material (Hölttä et al., 2001). In contrast to the 
results by Feng et al. (2004), quantification of the model 
parameters through an evaluation of the scaling function using the 
sweeping window approach resulted in a retardation factor for Na 
that was not constant but increased with increasing period, 
meaning that different dominant environments affected the 
retardation in different periods. The reason for the deviation in the 
results was caused by differences in the estimation of the spectral 
slope between Paper IV and Feng et al. (2004). In the latter, the 
spectral slope was constant between Cl and Na, while the former 
analysis indicates a slightly higher slope for Na, which most likely 
was primarily caused by evaluations of two different time series. 

4.4. Parameter translation between model formulations 

The central temporal moments approach enables the model 
parameters to be calibrated against the observed data (e.g., 
Wörman et al., 2002; Schmid, 2003). In addition, the method 
provides a formal approach for comparing different model 
formulations and translating parameters based on specific criteria 
between these models. In Paper I, this comparison was made 
between a distributed network model and zero-dimensional 
compartment-in-series model constructed to represent the same 
hydrological and biogeochemical procesess (see appended Paper I 
for a detailed description of the model). In the most simplified 
case, by assuming an instantaneous exchange with the transient 
storage zone and temporally and spatially constant parameters, the 
requirement of having equal first and second temporal moments 
between the two model formulations provided a closed-form 
solution to the optimal number of compartments in the lumped 
model,   [-], according to the following equation: 

  
 

   ⁄     ( )
 (47) 

Moreover, the transport rate from the stream channel 
compartment scaled with the volume ratio,  (   )⁄  [T-1], 
becomes the following equation: 

 

   
 

〈 〉 
(   )〈 〉 

 

   ⁄     ( )
 (48) 
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Figure 14. The relationship between the optimal number of 

compartments,  , and the network‐averaged flow velocity, 
〈 〉 , for three different values of    ( ). The shaded areas 
define the range of   when 〈 〉  is between 0.01 and 100 m/s 
(Paper I). 

where    〈 〉〈 〉 〈  〉⁄  is the Péclet number, and  
  (     )〈 〉  (     )⁄  is an auxiliary retention parameter. 
Using this representation, the number of compartments was 
exclusively determined by the Péclet number (reflecting the  
 

hydraulics) and variation in the solute load weighted distances, 

   ( ) (reflecting the watershed geomorphology). The auxiliary 
retention parameter,  , (i.e., the transient storage and chemical 
partitioning constants) did not affect the number of 
compartments. However, the transport rate between the 
compartments is influenced by  . Equation (47) was used to 
investigate the theoretical implications of increasing the number of 

compartments, and by assuming that    ( ) and 〈  〉  were 
independent of the hydraulics, the relative importance of the 
contributing terms was found to vary with the network-averaged 

flow velocity 〈 〉  (Figure 14). Three different values of    ( ) 

were investigated, and the results showed that for small values of 
〈 〉 , the hydraulic term dominated; however, as the value of 〈 〉  
increased, the relative importance of    decreased, and the 
geomorphological term dominated. When the value of 〈 〉  
became large (i.e., when     ), the number of compartments 
was determined solely by the geomorphologic term 

      ( )⁄ . 

In contrast, the numerical implications of the number of 
compartments can be investigated by maintaining all of the other 
parameters constant. Figure 15 illustrates the importance of the 
number of compartments for a single solute pulse and continuous 
time series of measured in-stream phosphorous concentrations in 
the Heåkra Stream Network. In accordance with the analysis of the 
temporal moments, the improved model outcome was validated by 
the consistency of the results when the optimization was based on  
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Figure 15. Numerical comparison of different values of the number of 
compartments,  , for a Dirac pulse (left) and for a continuous time series 
evaluated in the Heåkra Stream Network (right) (Paper I). 

the Nash-Sutcliff model efficiency coefficient between the 
distributed model and different compartmental model setups. 

5. CONCLUSIONS  

To understand the temporal variations of a contaminant’s 
concentration at a point in the landscape, it is necessary to have 
quantitative information on the solute load distribution in the 
landscape as well as on the governing processes that affect the fate 
of the solute along the transport pathways. This thesis presents 
different methods of quantifying dominant processes affecting the 
fate of solutes from evaluations of observed time series at different 
temporal and spatial scales. Understanding the processes that are 
responsible for the retention and attenuation of solutes in space 
and time is essential for the parameterization of governing 
equations in solute transport models. The two primary tools 
utilized within the thesis are the following: (i) the central temporal 
moments approach, which describes the solute response to a Dirac 
pulse and is derived from the closed-form solution to the transport 
problem in the Laplace domain, and (ii) the spectral scaling 
function, which decomposes the solute fluctuations in a 
continuous time series to its cyclic components and is an analytical 
expression derived from the power spectral solution in the Fourier 
domain. 

A central concept within this thesis is the description of the 
geomorphological structure of the watershed, where the transport 
occurs along a network of transport pathways and that each of the 
pathways are formed by a series of subsequent stretches. Although 
the theoretical developments include a number of important 
assumptions, of which the linearity of the ADE equation and time-
invariant restrictions of its parameters are the most important, this 
study provides a uniform and coherent approach for analyzing the 
temporal response of the solute transport processes. A central 
finding is that the temporal variation of the solute transport times 
consists of the following four distinct dispersive contributions: (i) 
Péclet number, (ii) transversal solute exchange with immobile 
transient storage zones, (iii) geomorphologic dispersion caused by 
the coefficient of variation of the solute load-weighted PDF of 
transport distances, and (iv) spatial parameter variability along the 
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transport pathways. The relative significance of these contributions 
may differ, but a general finding is that the spatial variability of the 
transient storage parameters along and between the transport 
pathways has a significant impact on the solute dispersion. This 
contribution is included in the derived closed-form solutions of 
the central temporal moments and spectral scaling function. 
However, accounting for site-specific heterogeneity is often 
difficult because of the lack of data representing the variability. 
Although there are some practical difficulties for parameterization 
applications, the developed framework can provide generic 
insights into how spatially differentiated measures will affect the 
ecological status at a given point in the landscape. This include 
possible investigations of how a load reduction/increase at a given 
location would affect the water quality at a downstream recipient, 
or what the the quantitative effects would be of an increased 
retention for a planned mitigation measures, such as in a 
constructed wetland at a given location in the landscape or an 
increased meandering of a specific stretch of a river. 

Specific findings from well-designed tracer tests allow for detailed 
evaluations of the transport and fate of waterborne contaminants 
in specific environments under conditions in which little 
uncertainty is related to the load function. Although practically 
limited to smaller spatial and temporal scales, the information 
from tracer tests is not only of great importance for quantifying 
hydrologic (substance non-specific) processes, but it also enables 
the direct evaluation of the biogeochemical (substance specific) 
processes for a particular contaminant. Moreover, the statistical 
properties of the solute responses from stream-reaches or stream 
network using the moment matching technique provides 
quantitative criteria that can be used to translate the model 
parameters between models. By a direct comparison of the central 
temporal moments, the key processes describing transport and fate 
in a more simplified model can be parameterized using entities 
based on hydrology, morphology, and biogeochemistry. However, 
various uncertainties related to the transferred parameters such as 
commensurability problems, scaling issues, and extrapolation 
issues (see e.g., Uhlenbrook et al., 1999; Beven, 2009) may 
complicate a direct implementation. 

The evaluation of long-term time series using the spectral scaling 
function has been shown to provide key information related to the 
hydro-geomorphological structure of a watershed with respect to 
key model parameters governing solute dispersion. The developed 
method associates the transport and dispersion mechanisms with 
specific temporal scales (windows of frequencies) and can, 
therefore, be considered as a probe for specific environments 
along the transport pathways or stretches of pathways that are 
dominating the solute dispersion. Although different possibilities 
to include the spatial variability within the distribution of transport 
pathways exist, the approach of Paper IV demonstrates the 
usefulness of the methodology to quantify the effects of different 
transport processes on the concentration fluctuations with differen 
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return times. Additionally, the power spectral representation of the 
solute concentrations provides insights for planning of water 
quality monitoring programs in which the observations can be 
used for more than mere snapshots of its ecological status at any 
given time. However, the requirement of a well-defined load 
function (input-signal) is a difficulty inherent in the spectral 
methodology (as well as in many other modeling approaches). 
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APPENDIX,  DERIVATION OF THE 1D  A/D  EQUATION OF A 

STREAM TUBE WITH PERMEABLE BOUNDARIES  

The time-averaged advective mass flux in a stream tube can be 
described using the temporal average (denoted by an over bar) and 
temporal fluctuations around the average value (denoted by a 
prim) according to equations (1)-(4), leading to an expression 
describing the concentration variation over time on the following 
form: 

  ̅

  
   ( ̅ ̅      ̅̅ ̅̅ ̅̅ ) (A1) 

where   is the solute concentration [ML-3],   is time [T], and 

  (     ) is the velocity vector [LT-1]. In equation (A1)  ̅ ̅ 
represents the time-averaged translation (advection) of mass [ML-

2T-1] and    ̅̅ ̅̅ ̅  denotes fluctuations from the time-averaged 
(turbulent diffusion) mass flux [ML-2T-1]. For a two dimensional 
stream tube in which the transversal extension is small compared 
to its longitudinal extension the depth-averaged variables are 
justified, according to the following: 
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where    and    are positions along the  -axis, D is the depth of 
the stream tube,   (     ), and    is the length of an area-
element of the stream tube (see Figure A1). Introduction of the 
averaging in the x direction can be justified by a spatial variation in 
the variables, which disappears for sufficiently large values of   . 
Using equation (A1) in (A2) leads to the following equation: 
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where the average in the  - and  -direction is denoted by 〈 〉   . 

The evaluation of the integral in the  -direction over    ⁄  using 
the Leibniz integral rule becomes: 
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where 〈 〉  is the average in the  -direction, ( )|       
 is the 

evaluation of the values on the boundaries, and  (     )   ⁄  
denotes the change in the water depth in relation to the  -
direction. Utilization of the Leibnitz integral rule in the z-direction 
provides a method of evaluating the integral of the    ⁄  term 
according to: 
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where  (     )   ⁄  denotes the change in the waterdepth with 
regards to the z-direction. Because the positions of the boundary, 
   and   , are defined along the  -axis, it must follow that 
 (     )   ⁄   . The advective flux over a boundary segment 

   in the z-direction therefore becomes    ̅ ̅     ̅  ̅  , in 

which  ̅  is the velocity perpendicular to the boundary, i.e. the 
normal component, and    is the length segment of the boundary 
that is parallel to the boundary (see Figure A1). By inserting 
equation (A4) and (A5) in equation (A3) the depth-averaged 
formulation of the advective mass flux can be obtained according 
to the following: 
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(A6) 

An evaluation of the integral in the  -direction provides the 
explicit averaging over the area    . The first term on the right-
hand-side (RHS) of equation (A6) can be evaluated using the 
Leibnitz integral rule according to the following: 
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where the two last term on the RHS does not contribute because 
the value of    is constant. The second term on the RHS of 
equation (A6) becomes: 
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The third term of the RHS of equation (A6) becomes: 
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Figure A1. Schematic picture of a segment of a stream tube. 

By inserting equations (A7)-(A9) in equation (A6) the averaging in 
the  - and  -direction becomes: 
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The evaluation order for the operations of the averaging in the  -
direction and evaluation of the boundary value is irrelevant. 
Hence, equation (A10) can be reformulated according to: 
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Additionally, spatial perturbations in the  -directions, 〈 ̅  〉 , of a 

variable   in relation to its average value 〈 ̅〉    can be described as 

(e.g., Clark, 1996): 

〈 ̅〉  〈 ̅〉    〈 ̅  〉  (A12) 

Utilization of equation (A12) in equation (A11) results in: 
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where the term 〈 ̅   ̅  〉    is the covariance between perturbations 

of  ̅ and  ̅. By including the molecular diffusion equation the one 
dimensional transport equation can be stated as: 
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where    is the molecular diffusion coefficient, and     is the mass 
flux over the stream tube’s permeable boundaries [ML-2T-1]. By 
utilizing that turbulent diffusion, molecular diffusion, and Taylor 
dispersion mathematically can be described analogous, these 
processes may be lumped together and replaced by a longitudinal 
dispersion coefficient,    [L2T-1].This leads to the commonly used 
1D advection-dispersion equation: 
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where the mass flux over the stream tube boundaries,    , is 
defined as: 
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