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SUMMARY 

Uranium belongs to the actinide group elements and is primarily used as fuel for 
nuclear reactors. During the year of 2010 about 64 000 tons of uranium was 
consumed by the world’s total 435 nuclear power plants. In total, approximately 
13.5 % of the world’s electric production is generated by nuclear power. In 2004 the 
uranium price suddenly started to rise from 22 USD/kg, peaking in 2007 at 298 
USD/kg. Following the peak of 2007 the price started falling to 88 USD/kg at the 
start of 2013. 

The relative increase of the uranium price since 2004 has sparked an interest in 
Sweden’s fairly large uranium deposits. The Swedish deposits are mainly associated 
with alum shale (alunskiffer) and in bedrock. In the bedrock deposits uranium is 
mostly found in the form of uraninite mineral (UO2).  

Uranium mining does have an environmental impact such as the generation of large 
amount of waste rock and mill tailings. The produced waste can subsequently 
contaminate the surrounding soil, surface- and groundwaters with uranium and other 
heavy metals. In particular, the potential generation of acid mine drainage poses a 
serious problem because it mobilizes adsorbed uranium from e.g. iron hydroxides. 
Acid mine drainage develops from the oxidation of sulfides which are commonly 
encountered in different ores. 

In order to understand the mobility of uranium in groundwater it is important to 
understand its chemical properties in aqueous solution. Environmental uranium exists 
mostly in one of two oxidation states, namely the hexavalent U(VI) water soluble 
form and the much less soluble tetravalent U(IV) form. Because of this, the redox 
potential plays a crucial role in determining the mobility of uranium in groundwater. 
The redox potential is also important during mining activities which often leads to 
increased oxygen intrusion which in turn raises the redox potential. The water 
transport of uranium is also very much controlled by its strong adsorption to 
ferrihydrites and dissolved organic matter (DOM). Furthermore, uranium forms a 
range of different aqueous species with other molecules and atoms which also affects 
U mobility in water. the most important U(VI)-species are Ca2UO2(CO3)3, 
CaUO2(CO3)3

2- and different uranium carbonates. Other important species are U(VI)-
DOM which form at pH levels under 6. 

Since the redox potential is so important for uranium mobility in groundwater its 
effects on the uraninite mineral will be examined in this degree project. This is carried 
out by using the geochemical modeling software VISUAL MINTEQ 3.0. The 
composition of the groundwater used for the modeling runs was representative of 
bedrock groundwater in Northern Sweden above the highest coastline. 

The modeling simulates the stability of uraninite under varying pH and redox 
conditions. The simulations also include the effects of uranium adsorption to 
ferrihydrite and DOM at different redox and pH conditions. 

The results indicate that the redox potential at which uraninite dissolves depends on 
the pH of the water. The uraninite gets gradually dissolved at lower redox potentials as 
the pH is raised from 4.0 to 7.5, from 240-250 mV (at pH 4.0) to 50-60 mV (at pH 
7.5). 

Therefore, it is concluded that a higher redox potential is necessary to oxidize and 
dissolve uraninite at low pH levels. Other important results show that the adsorption 
of U(VI) to ferrihydrite is highest at pH 5-8 and less than 7 for DOC.  
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SUMMARY IN SWEDISH  

Uran är ett grundämne tillhörande gruppen aktiniderna som huvudsakligen används 
som bränsle till kärnreaktorer. Drygt 64 000 ton uran förbrukades år 2010 av världens 
435 kärnkraftverk. Sammalagt produceras 13.4 % av världens elektricitet med hjälp av 
kärnkraft. Under år 2004 började uranpriset plötsligt att stiga från ca 22 USD/kg för 
att nå en topp år 2007 på ca 298 USD/kg. Efter toppnoteringen år 2007 har dock pri-
set börjat sjunka igen och låg i början av år 2013 på ca 88 USD/kg. 

Den relativa prisökningen på uran sedan år 2004 har medfört att flera internationella 
gruvföretag börjat intressera sig för Sveriges förhållandevis stora urantillgångar. De 
svenska urantillgångarna återfinns huvudsakligen i alunskiffer samt i urberget. Före-
komsterna i urberget består huvudsakligen av mineralen uraninit (UO2). 

Uranbrytning är förknippat med miljöpåverkan som b.la. innebär generering av stora 
mängder gråbergavfall, lakrester/anrikningssand. Det bildade avfallet kan i sin tur 
kontaminera omgivande jord, yt- och grundvatten med uran och andra tungmetaller.  
Framförallt utgör den potentiella uppkomsten av surt lakvatten ett allvarligt problem 
vid uranbrytning eftersom det bidrar till mobilisering av adsorberat uran från t.ex. 
järnhydroxider. Surt lakvatten bildas vid oxidering av sulfider som är vanligt före-
kommande i malmer. 

För att förstå hur uran kan spridas med grundvatten är det viktigt att känna till dess 
kemiska egenskaper i vattenlösning. Uran förkommer framförallt i två olika 
oxidationsformer i naturen, dels som den sexvärda vattenlösliga formen U(VI) och 
den fyrvärda U(IV) som har en mycket låg löslighet i vatten. Därför spelar 
redoxpotentialen en avgörande betydelse för uranets vattentransport. Redox-
potentialen spelar också en mycket viktig roll vid malmbrytning eftersom det innebär 
en ökad syreinträngning, vilket i sin tur leder till en högre redoxpotential. Uranets 
vattentranport påverkas även i hög utsträckning av stark adsorption till järnhydroxider 
samt till löst organisks kol (DOM). Vidare bildar uran olika species med andra 
molekyler och atomer i lösning, som påverkar dess tranport i grundvatten. Till de 
viktigaste U(VI)-komplexen hör Ca2UO2(CO3)3 och CaUO2(CO3)3

2- samt olika karbo-
nat-uran species. Viktiga är också U(VI)-DOM föreningarna som bildas i betydande 
mängd vid pH-värden under 6. 

Eftersom redoxpotentialen spelar en så viktig roll för uranets mobilitet i grundvatten 
kommer detta examensarbete att behandla dess effekt på mineralen uraninit. Under-
sökningen genomfördes med hjälp av det geokemiska modelleringsprogrammet 
VISUAL MINTEQ 3.0. Sammansättningen på grundvattnet som används vid 
modelleringen var representativt för grundvatten i Norrlands urberg ovanför högsta 
kustlinjen. 

Modelleringen simulerar uraninitens stabilitet under varierande redoxförhållanden och 
pH. Simuleringen innefattar även omfattningen av uranets adsorption till ferrihydrit 
och DOM vid olika redoxpotentialer och pH. 

Resultaten visar att redoxpotentialområdet där uraninitens går i lösning varierar 
beroende på vattnets pH. Uraniniten löser sig vid gradvis lägre redoxpotentialer när 
pH stiger från 4.0 till 7.5, från 240-250 mV (vid pH 4.0) till 50-60 mV (vid pH 7.5). 

Det betyder att högre redoxpotentialer krävs för att oxidera och lösa uraninit vid låga 
pH-värden. Andra viktiga resultat är att adsorptionen av U(VI) till ferrihydrit är som 
högst vid pH 5-8 och för DOC vid pH < 7. 
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ABSTRACT 

As a consequence of rising uranium prices an interest in Sweden’s U deposits has 
emerged. This raises the important question of the possible environmental impacts of 
U mining operations. One of the most significant and serious issues is the 
contamination of groundwater by U following mining activities. The processes of ura-
nium release and subsequent transport in groundwater is closely tied to its aqueous 
chemistry i.e. aqueous speciation, adsorption to mineral surfaces and dissolved organic 
carbon (DOM). The chemical parameters exerting the most control over these 
processes are pH and redox potential. The redox potential plays a decisive role be-
cause it controls the solubility of uraninite, a common uranium mineral and ore in 
Sweden’s bedrock deposits. Thus, by gaining insight into how changing redox 
conditions affect uraninite solubility, assessments can be made in order to estimate the 
extent of uranium transport by groundwater. Therefore the effects of the redox po-
tential on U mobility will be examined in this work by means of computer modeling in 
the geochemical software VISUAL MINTEQ 3.0. The composition of the water used 
for modeling resembled that of a typical bedrock groundwater of Northern Sweden in 
the areas above the highest coastline. The simulations were carried out under different 
redox potentials at different pH levels in the presence of ferrihydrite and DOM to in-
clude the effects of U adsorption. The results show that the redox potential at which 
the uraninite mineral dissolves varies depending on the pH of the groundwater. From 
pH 4.0 to 7.5 the redox potential at which uraninite oxidizes decreases from 240-
250 mV to 50-60 mV. This means higher redox conditions are needed for the 
dissolution of uraninite at low pH. Additionally, it is further concluded that the 
adsorption of U to ferrihydrite and DOC is important at pH 5-8 and pH < 7 respec-
tively, which therefore play an important role in controlling the mobility of U in the 
modeled groundwater.  

Key words: Uranium mining; Uranium speciation; Uraninite; Uranium 
groundwater transport; Visual Minteq. 

INTRODUCTION 

Uranium is a naturally occurring radioactive actinide metal, which is 
relatively common in the Earth´s crust, being as abundant as e.g. tin and 
tungsten. There are many areas of application for U, with the far most 
common use being energy generation in nuclear reactors. (SGU, 2003; 
WNA, 2012) 

At the end of the year 2011 there were 435 nuclear power plants 
operating in the world and 65 reactors under construction. Most new re-
actors are being built in countries like China, India and the Russian 
Federation. The total electrical power generated by the world’s nuclear 
reactors was about 369GW at the end of 2011. This constitutes 13.4 % 
of the world’s total electricity production, for 2008 (WNA, 2013).  

For the year 2010, 63875 tons of uranium was consumed by the world’s 
nuclear reactors, with 85 % of U originating from mining activities. The 
remaining 15 % was mostly supplied from military uranium stockpiles, 
reprocessed U from spent fuel, mixed oxide fuel (MOX) and other 
secondary sources. The currently largest uranium producing countries 
are Kazakhstan and Canada contributing to about 62 % of the total 
world production, for 2011. Projections of future U demand has been 
presented by the international atomic energy agency, which predicts a 
total demand of between 97645 to 136835 tons of U by 2035. (IAEA, 
2012) 
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During the year 2004 uranium prices suddenly began to rise from about 
22 USD/kg peaking at 298 USD/kg during 2007. For 2013 the uranium 
prices has gone down from the record levels of 2007 to about 
88 USD/kg. (IAEA, 2012; UxC, 2013) 

In Sweden there are no uranium mining activities at present time but the 
rising prices together with Sweden’s relatively large uranium deposits, has 
actualized an interest in potential U extraction (Allard, 2010). The grow-
ing interest in Sweden’s U deposits is illustrated by the around 70 
companies currently prospecting in different parts of the country (Allard, 
2010). The explorations are being conducted in both granitic bedrock 
deposits (in the counties of Norrland and Bergslagen) and in alum shale 
deposits (in the county of Jämtland) (SGU, 2003; Allard, 2010). The pro-
specting activities have sparked political controversy among the 
inhabitants of these regions, taking a position largely against potential 
future U mining operations (Stäpel & Martinsson, 2013)  

Uranium mining can potentially lead to a number of environmental 
issues, the most important being associated with the generation of large 
quantities of waste rock, mill tailings and affecting surface and ground-
waters. A more specific problem for U mining (compared with other 
metal ore mining) is the potential release of U and radioactive decay 
products such as radon. These contaminants can then spread by air, 
surface waters and groundwaters. Another concern is the risk of acid 
mine drainage (AMD) caused by pyrite oxidation and the subsequent 
leaching of heavy metals. (Johnson & Hallberg, 2005; IAEA, 2009) 

The main hazard for humans in ingesting U containing water seems to 
be primarily associated with nephrotoxicity and not radioactivity. One 
study by Kurttio, et al. (2002) suggests that even very low U 
concentrations could cause nephrotoxic effects, submitting that 
[U](aq ) < 1.26*107 M to be a safe level for drinking water. The current 
recommended guidelines issued by the World Health Organization 
(WHO) are set to 6.3*10-8 M of U for drinking water purposes. (Kurttio, 
et al., 2002) 

Due to its presence in the Earth´s crust U is also a natural constituent in 
many groundwaters. The [U](aq) in groundwater will depend on a variety 
of different physical and chemical parameters controlling the interactions 
between water and host aquifer. The same principles apply to U released 
from mining operations. Uranium mobility in water is largely determined 
by the formation of different U species, dissolution/precipitation 
reactions, and adsorption to organic matter and oxyhydroxides. (Giblin, 
et al., 1981; Langmuir, 1997)  

All these parameters are in turn very much controlled by the prevailing 
pH and redox conditions present in the groundwaters (Giblin, et al., 
1981). Interestingly, research indicates that the aqueous speciation of 
uranium also appears to determine its toxicity. For instance, studies sug-
gest that aqueous Ca2UO2(CO3)3 and CaUO2(CO3)3

2- species possibly 
lower the toxicity of U. (Prat, et al., 2009) 

This means that U-speciation in groundwaters not only affects its 
mobility but also its toxicity towards humans and animals.  

In order to understand the fate of uranium in groundwater systems it is 
necessary to determine how the above-mentioned parameters interact 
with each other. It is also important to assess the impact on U when 
these variables are subjected to change because of e.g. mining operations. 
Disruptions in the natural Eh of groundwaters is expected during mining 
operations since these activities usually result in increasing O2 concen-
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trations in the affected rock and soil. Another effect is that the surface 
area and pore volume of the rock is increased, further augmenting the 
exposure to oxic conditions i.e. increasing the redox potential 
(McLemore, 2008). 

Therefore the aim of this work will be to study U speciation with respect 
to these variables especially concentrating on the effects of varying redox 
potentials. This is achieved by modeling runs using the geochemical code 
Visual Minteq, were it was possible to study the before mentioned 
parameters in conjunction, and also subjecting them to changes. 

BACKGROUND  

Uranium is encountered in the Earth’s crust with an average content of 
about 2.3-2.7 μg/g. There are some characteristic concentrations of U 
between different crust materials (Table 1). 

Generally higher levels of U can be found in silica-rich igneous rock and 
the amounts tend to increase with the silica content of the rock (e.g. 
higher U content in pegmatites than basalts (Langmuir, 1997). The 
chemical and structural diversity of the minerals associated with U is 
quite extensive, and about 5 % of the known minerals in the world con-
tain uranium as an important constituent. This explains the common 
occurrence of U in diverse parts of the earth´s crust. Therefore, uranium 
ores can be found in a wide range of rocks including eruptive, 
sedimentary and metamorphic rocks of different ages. (Langmuir, 1997; 
SGU, 2003; Bowell, et al., 2011)  

The most important oxidation states of U in the natural environment are 
the U(VI) and U(IV) valence forms. The U(IV) minerals are often asso-
ciated with silicates and oxides such as uraninite and coffinite, while 
U(VI) is largely associated with secondary ore deposits and some primary 
ores e.g. carnotite (Langmuir, 1997; Bowell, et al., 2011). Table 2 
presents some of the most important ore grade U minerals. 

The occurrence of uranium in many different rock types makes it 
difficult to classify the uranium ores in a system. Most of the ores are 
located in unconformity related deposits which include some of the 
world’s largest U deposits in the Athabasca basin in Saskatchewan 
Canada, and Ranger Australia. The U mineralizations in these deposits 
are pitchblende and uraninite. Other major deposits of U are found in 
medium to coarse-grained sandstones which can be found in Gabon, 
Kazakhstan, Niger, South Africa, Uzbekistan and USA. These findings 
constitute about 18 % of the world’s uranium reserves. (SGU, 2003) 

In Sweden U-deposits can be characterized as either bedrock or black 
shale (alunskiffer) type. The bedrock-type is usually found in the north-
ern parts of Sweden in areas such as Pleutajokk, Dobblon and 
Liljuthatten. The black shale type is mostly found in the southern parts 

Table 1. Representative uranium content in the Earth’s crust 
(Langmuir, 1997; SGU, 2003). 
Material U (μg/g) 

Granites(average) 4.4-4.8 

Basalt 0.8 

Shale 3.8 

Phyllosilicate (biotite, muscovite) 20 

K-feldspar 1.5 

Zircon 2500 
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of the country like Billingen and Närke but also in Jämtland (in southern 
parts of Storsjön).  

The bedrock U ores are mostly associated with pitchblende (Pleutajokk 
valley, Skuppesavon, Lilljuthatten, Nöjdfjället), uraninite (Kvarnån, 
Sågtjärn) and uranotitanates. (SGU, 2003) 

Groundwater transport of uranium 

Uranium is also present in natural waters in a variety of concentrations 
averaging between 8.4-3.7 μg/l for seawater and < 0.1-120 μg/l for 
groundwaters (Langmuir, 1997). These figures are, however, very rough 
and reported [U] in groundwaters from uraniferous areas have been 
about 15-400 μg/l (Gómez, et al., 2006). This variability of uranium con-
centration is also present in a more local scale. For example, in the 
county of Dalarna (Sweden), samples taken from private wells (drilled in 

bedrock) contained [U] between < 15-1280 μg/l (LDL, 2007). The 

reason for the high variability in [U] is not clear and no simple relation 
between groundwater and bedrock geology seem to exist.  Statistical 
analysis (Kruskal-Wallis test) of well samples from 328 sites in Kalmar 
and Östergötland did not show a correlation between the [U] in 
groundwater and general bedrock geology. The study sorted different 
bedrock (mostly granites) types into ten geological groups based on 
geological maps of the sample sites. (Salih Isam, et al., 2002; LDL, 2007) 

Uranium speciation in groundwater 

The pH and redox potential (Eh) are important factors controlling the 
speciation and solubility of uranium in groundwater. In low Eh waters 
uranium is mainly present as aqueous U4+(uranous ion) complexes with 
U(OH)4 as the most abundant species at Eh levels around 100 to 
200 mV. The solubility of the solid phases of U4+ (e.g. uraninite, coffinite 
and pitchblende) is very low in reducing groundwaters which leads low 
U(IV) concentrations (normally <10-8 M). (Langmuir, 1997; Murphy & 
Shock, 1999). 

Under oxidizing conditions uranium is present in its hexavalent form, as 
the very soluble uranyl ion (UO2

2+) and its aqueous complexes. The ura-
nyl ion is mostly present as an aqueous complex at pH > 5 as seen in 
figure x. In reality uranyl speciation in groundwaters is much more com-
plex due to the interaction with a wide variety of minerals. Among the 
most important aqueous species are the uranyl-carbonates.  Carbonates 
are abundant in nature and their concentrations are further enhanced in 
groundwaters due to the higher partial pressure of CO2 (about 10-2 atm) 
in the deep subsurface, as compared to pco2 = 3*10-4 atm in the 
atmosphere. Interactions with carbonate containing mineral phases (e.g. 
dolomite (CaMg(CO3)2) and calcite (CaCO3)) could further increase the 

Table 2. Name and chemical formulas of some important ore 
grade uranium minerals (Bowell, et al., 2011) 
Mineral Chemical formula 

Autunite Ca(UO2)2(PO4)2*10-12H2O 

Carnotite K2(UO2)2(VO4)2*1-3H2O 

Coffinite U(SiO4)1-x(OH)4x 

Meta-autunite KCa(H3O)3(UO2)7(PO4)4O4*6-8H2O 

Pitchblende Amorphous UO2 

Schoepite (UO2)4O(OH)6*5H2O 

Torbernite Cu(UO2)2(PO4)2*8-12H2O 

Uraninite UO2 

Urano-iron oxides Fe-U-oxide 

Uranophane Ca(UO2)2(SiO3)(OH)2*5H2O 
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concentration of CO2 (up to 10-2 M in groundwaters). (Clark, et al., 1995; 
Langmuir, 1997; Runde, 2000)  

Uranyl-carbonate complexes enhance uranium mobility in natural waters 
by increasing the solubility of U minerals, accelerating U(IV) oxidation, 
and lowering adsorption of U in oxidized waters (Langmuir, 1997; 
Wazne, et al., 2003). 

The effect of carbonates on U mobility was confirmed in a study were 
uranium was extracted from soil. A U contaminated soil sample (taken 
from a depth of 5.5-6-4 m and pH 4.0) with high Si, Al and Fe content 
was subjected to leaching by carbonate/bicarbonate solutions at differ-
ent pH and redox conditions. Bicarbonate concentrations of about 
30mM effectively extracted more than 50 % of the total soil uranium. 
The mechanism of the U leaching was attributed to the dissolution of 
U(VI)-phosphates and other mineral phases together with the oxidation 
of U(IV) phases under aerobic conditions and desorption of U(VI)-
organic matter complexes at higher pH conditions. (Zhou & Gu, 2005) 

Aqueous uranyl-carbonate-calcium complexes have been recognized 
lately to play a major role in the mobility of U(VI) in natural waters. The 
Ca2UO2(CO3)3 species seem to affect processes such as the bioreduction 
of U(VI), the stability of bioprecipitates and U(VI) sorption onto differ-
ent minerals (Dong & Brooks, 2006). The most important complexes 
characterized seem to be Ca2UO2(CO3)3 and CaUO2(CO3)3

2- where 
CaUO2(CO3)3

2- appears to be more important at low [Ca2+] 
(<2.2 mmol/l) and Ca2UO2(CO3)3 at higher [Ca2+] (Dong & Brooks, 
2006). However, the exact stoichiometry of these complexes has not yet 
been established (Kelly, et al., 2007). Experiments done with an anion 
exchange method allowed the determination of formation constants for 
other alkali earth metals suggesting that M2UO2(CO3)3 and 
MUO2(CO3)3

2- complexes (M=Mg2+, Ca2+, Sr2+ and Ba2+) could have a 
potentially important role in the uranium aqueous chemistry. (Kalmykov 
& Choppin, 2000; Dong & Brooks, 2006) 

U(VI) is also readily adsorbed to dissolved organic carbon (DOC). It has 
been suggested by Artinger, et al. (2002) that U(VI) is almost completely 
sorbed to DOC at pH < 6.  

Uranium adsorption to minerals 

U(aq) usually exists in trace amounts in natural waters and soils. In many 
natural waters the majority of trace elements will be associated with solid 
phases. For groundwaters with pH > 5 over 99 % of the present trace 
element will be related to solid surfaces e.g. rock minerals, clays, organic 
substances etc. (Langmuir, 1997) Therefore, the adsorption mechanisms 
of dissolved U are crucial in understanding its mobility in natural 
groundwater systems. The sorption behavior of U has been documented 
for a wide variety of substances. Especially Fe(III)-, Mn-, and Ti- oxyhy-
droxides have been found to strongly sorb U(VI). For example, the 
modeled adsorption capability of Fe(OH)3(am) has been estimated to 
100 % at the pH interval of about 4-8 (in carbonate free systems). 
(Langmuir, 1997) 

This is also the case for the naturally abundant ferrihydrites with high 
sorptive capabilities towards U(VI), reaching about 100 % between pH 
6-10 in carbonate free batch experiments. At 2 mM CO3 concentrations, 
however, the adsorption is distinctively lowered with increasing pH 
(from pH > 7) which further shows the carbonate effect on U(VI) 
mobility. (Gustafsson, et al., 2009)  
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Studies conducted on phyllite rock (containing quartz, muscovite, chlo-
rite, and albite) indicated that the adsorption of U(VI) onto the rock was 
mainly due to interactions with small quantities of ferrihydrites (Baik, et 
al., 2004). This relation has been further demonstrated in Fe-rich natural 
kaolinite which could mean that ferrihydrates control the U(VI) 
adsorption in a variety of natural minerals. (Baik, et al., 2004)   

Other important U(VI)-sorbing natural iron oxyhydroxides are hematite 
(α-Fe2O3) and goethite (α-FeOOH) which may be important in slowing 
down U(VI) transport in nature. The adsorption maximum of U(VI) 
([U]=10-6 M) on hematite from naturally crushed granite, was found to 
be > 90% at the pH 5-8. Below pH 5 and above pH 8 the sorption 
capacity was drastically diminished. (Duff, et al., 2002; Nebelung & 
Brendler, 2010).  

Quartz is an essential component mineral in granite rock and abundant 
in the Earth´s crust. Its interactions with U(VI)-species is, therefore, of  
interest. Research has shown that adsorption of uranyl ions on quartz is 
up to 90 % at all pH levels at low U(VI) concentrations (0.126*10-6 M). 
Once again the effects of Ca2+ and other alkaline earth metals (e.g. Mg2+ 
and Sr2+) significantly lowered the sorption capacity of quartz. (Nair & 
Merkel, 2011) 

U(VI) aqueous species can also be removed by co-precipitation reactions 
with other minerals. Hydroxyapatite (Ca5OH(PO4)3), for instance, can 
remove nearly 95 % of U(VI) from water (in an open atmospheric 
system) by bulk precipitation (Krestou, et al., 2004). The composition of 
the precipitate is likely to be Ca(UO2)(PO4)2 or CaUO2(CO3)2 depending 
on pH. The precipitates are remarkably stable under acid and neutral 
conditions, but tend to dissolve at more alkaline pH levels. An interest-
ing aspect is that the U(VI) uptake by hydroxyapatite was not influenced 
by the presence of carbonates and sulfates. The combined effect of Al 
and Fe hydroxides also demonstrated a high U(VI) removal capacity. 
More than 90 % of U(VI) was removed from acidic groundwater 
(pH ≈ 3.8) by precipitation of Al and Fe hydroxides above pH 5.5. 
(Krestou, et al., 2004; Zhang, et al., 2010) 

Similarly, clay minerals play an important role in adsorption of U(VI). 
Uranyl adsorption, by montmorillonite (SAz-1) in batch and titration ex-
periment U(VI) uptake on SAz-1, was almost 100 % between pH 4-7 
([U]=0.04 mM). However, for pH < 4 the sorption capacity of the 
montmorillonite decreased sharply. (Chisholm-Brause, et al., 2001) 

Interesting results have also been reported with chlorite which may have 
a significant role in U(VI) uptake in the environment. The maximum 
sorption was observed at pH 6.5-10 (depending of solution composition 
i.e. without Ca and CO3, with only CO3, and with Ca-CO3) to 1.5 mg/g 
chlorite. The sorption decreased at pH 4 for all compositions only 
reaching a maximum of 7% U(VI) adsorption, although this may have 
been due to chlorite dissolution at this low pH level. In the CO3 and Ca-
CO3 containing solutions, adsorption of U(VI) decreased at pH 6.5. The 
importance of chlorite adsorption capacity of U(VI) has also been 
demonstrated for natural granite rock by X-ray image mapping showing 
the majority of U(VI) sorbed to chlorite and mica. (Baik, et al., 2004; 
Singer, et al., 2009) 

Colloid transport 

Colloids are generally defined as particles with an approximate diameter 
between 1 nm and 1 μm (Zhang, et al., 2012). The composition of 
colloids generally found in groundwaters represents a wide variety of 
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substances such as organic and inorganic colloids, microorganisms, 
mineral precipitates, weathering products and rock and mineral 
fragments. (McCarthy & Zachara, 1989; Zhang, et al., 2012) 

Colloids can facilitate the transport of different pollutants such as metals 
and radionuclides due to their high sorbing capacity. This is due to the 
high surface area of colloidal particles which gives them a high charge 
density per unit mass. Therefore, multivalent metals ions tend to sorb 
onto colloidal surface sites by electrostatic interactions and covalent 
bonding. For example metal cations in natural waters tend to bind on 
negatively charged clay and organic colloids. (Ryan & Elimelech, 1996; 
Wold, 2010) 

There are many factors governing the sorption of radionuclides onto 
colloid particles. The most important being the ionic strength but also 
parameters such as Eh, pH and size distribution of the colloids affect the 
sorption capability (Wold, 2010). 

Colloidal uranium transport 

Uranium transport by colloids has been widely documented both in la-
boratory experiments and in the field. Particularly the association 
between humic colloids and uranium species has been thoroughly 
investigated (Vilks, et al., 1993; Crancon, et al., 2010). To begin with, two 
field studies on colloid transport will be reviewed followed by an account 
of colloid transport by humic substances and dissolved organic carbon 
(DOC). 

Colloid transport in the field 

Field studies in the Cigar Lake Uranium deposit in Saskatchewan 
(Canada) analyzed the colloid composition of deep groundwater in con-
tact with a high-grade uranium ore zone, with up to 55 % U grade. The 
uranium ore deposit is located at a depth of 430 m comprising of urani-
nite (UO2) and coffinite (USiO4) mineralization. Predominantly clays 
with a few local zones of sandy rubble surround the deposit. A majority 
of the clay is composed of illite, chlorite together with smaller amounts 
of siderite and calcite. The chemical characteristic of the groundwater 
flowing through the uranium mineralization zone is of low ionic stren-
gth, reducing environment and pH of 6.53-7.37. 

The analysis of the deep groundwater samples concluded that the colloid 
concentrations was quite low (average concentrations of 1-8 mg/l). 
Analysis performed by SEM/EDX and XRD indicate that the composi-
tion of the colloids is mainly quartz, clay, Fe-Si hydroxides, carbonate 
minerals and organic substances. Because of the low colloid concentra-
tions in the groundwater it is not likely that U transport by colloids is 
significant under the specific geochemical conditions outlined above. 
These results are interesting because colloids are stabilized by low ionic 
strength, so that the colloid concentration could have been higher for the 
site. However, it is likely that the low permeability of the clay associated 
with the U ore zone effectively hinders colloid migration which could 
explain the relatively low colloid concentrations. (Vilks, et al., 1993) 

Colloidal transport of uranium has also been investigated in shallow 
groundwater in sandy podzolic soil by placing depleted uranium (DU) 
chips (between 0.5 mm to more than 5 cm long) 10cm below and on top 
of the soil surface. The groundwater table varies between 1 m to 0.2 m 
below the soil surface during summer and winter respectively. The com-
position of the groundwater is given in table 3. 

After several years the uranium contamination plume from the DU ship 
had not traveled very far by groundwater transport. The highest U 
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concentrations recorded where < 150 μg/l located at the center of the 
polluted area but [U](aq) decreased quickly moving from the center of the 
contaminated site. The maximum [U](aq) were observed at high flow 
seasons due to heavy rainfall. More long range U migrations was, how-
ever, detected and U concentrations in the groundwater reached 10 times 
the natural background levels 3 km downstream from the contamination 
spot. Speciation calculations with NEA thermodynamic database showed 
that the main uranium species present in the investigated groundwaters 
were UO2CO3(aq) and/or UO2(CO3)2

2- (the dominant aqueous species 
was U(VI)). Furthermore, the calculations also showed that up to 10 % 
of the aqueous U(VI) was associated with mobile organic ligands (e.g. 
humic substances). It was concluded by batch and column experiment 
with uranium spiked groundwater and podzolic soil that the long range 
transport of U in the field probably depended on increased humic 
colloid mobilization when high flow periods decrease the ionic strength 
of the water. However, high-flow periods should not lead to a large ura-
nium mobilization since mass balance calculations from the column ex-
periments demonstrate than only 1-5 % of the total U eluted was 
associated with humic colloids. (Crancon, et al., 2010) 

Transport by humic colloids and DOC 

Due to the common presence of humic substances in nature, their effect 
on uranium mobility in water is an area of active research. The enhanced 
transport of uranium by different humic substances (HS) has been con-
firmed many times in laboratory tests, mostly in columns packed with 
porous media (Artinger, et al., 2002; Mibus, et al., 2007). Primarily the 
transport of U(VI)-species has been investigated in quartz-filled 
columns.The association and transport of U by humic colloids in these 
tests has been between 1-7.6 % of the total U(aq) input. In addition, the 
humic-uranium complexes show faster transport capabilities when com-
pared to humic free systems. Up to a 5 % faster elution than the mean 
water velocity has been reported. The transport effects of HS on U(IV)-
species is not as well documented but results from one study suggest that 
U(IV)-HS complexes also exhibit enhanced transport capabilities 
(comparable to U(VI)-HS complexes). (Artinger, et al., 2002; Mibus, et 
al., 2007; Crancon, et al., 2010) 

As humic substances display a wide variety of chemical structures the 
interaction with U(aq) is mediated by a number of mechanisms such as 
ion-exchange, van der Waals forces, coordination/complexation and 
electron donor-receptor interactions (Yang, et al., 2012).  

Colloidal aggregates of organic and inorganic particles have also been re-
ported to transport U as effective as humic substances. In a study 
performed by Céline, et al., (2009), it was concluded that the association 
of U with a mixed population of colloids (organic/inorganic particles 
and humic-like substances) was equally distributed between the two 
colloid types. 

The complexation between U-species and DOC (dissolved organic 
carbon) also seems to play a role in natural groundwaters. Water analysis 
from a clay-rich aquitard in western Canada showed that up to 2 % of 
the total U was complexed with DOC. This low level of association 

Table 3. Chemical composition of groundwater (Crancon, et al., 2010). 

Groundwater 

composition 
(mg/l) 

NO3
-
 HCO3

-
 PO4

3-
 SO4

2-
 Ca

2+
 Cl

-
 Fetot TOC pH 

Eh 
(mV) 

Ionic 
strength 
(mol/l)  

0.9 25.0 < 0.1 9.9 5.1 20.6 1.0 2.4 
5.5– 
6.5 

0±50 1 * 10
-3
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could be explained by the effect of U-carbonate interaction at pH > 7 
which considerably limits the DOC-U formation. (Ranville, et al., 2007) 

Colloid transport in fractured rock 

The majority of colloid transport studies have been carried out in porous 
media like soil and sediment. Transport properties in fractured rock 
media has, however, been much less investigated. Because of the very 
different conduit properties in fractured rock the transport properties in 
porous media are not directly transferable. (Zhang, et al., 2012) 

Experiments show that colloids in fractured rocks do migrate faster than 
a conservative solute tracer. Even if colloids do migrate fast in rock 
fractures they are very much affected by flow path, direction and 
groundwater velocity (compared to a conservative tracer). (Vilks & 
Bachinski, 1996) 

Microorganisms and Uranium interactions 

Microorganisms (bacteria, archea and eukaryotic microorganisms) are 
extremely abundant on the Earth´s surface, were more than 108 micro-
organisms can inhabit 1 g of soil. They are also found throughout the 
planet surviving in harsh environments such as under extreme 
temperatures (over 100 oC), in Antarctic ice, and in aquifers many 
kilometers underneath Earth´s surface. As for most other elements, 
microorganisms affect the behavior of uranium in the environment. This 
is mediated in different ways either by interactions with cell constituents 
and/or by the enzymatic systems which, for example, can catalyze redox 
reactions. (Suzuki & Banfield, 1999) 

In the case of microbial interaction with uranium one important aspect is 
the reduction of U(VI) to U(IV), which affects its solubility. The reduc-
tion of U(VI) in environmental waters can be effected  by a variety of 
iron- and sulfate-reducing bacteria. These bacteria can be found in many 
different types of soils and groundwaters. The mechanisms by which 
U(VI) is reduced can be either by enzymatic reduction, enzymatic pre-
cipitation or by the formation of chelating agent by bacterial cells. 
Geobacter metallireducens, for instance, reduces uranyl acetate to uraninite 
outside the cell by reactions equations (1) and (2), U being the only 
electron acceptor. (Suzuki & Banfield, 1999; Abdelouas, et al., 2000) 

                            
      

    

                    
    

Another enzymatically mediated U(VI) reduction is by the action of the 
phosphatase enzymes which turns uranyl to hydrogen autunite 
(HUO2PO4*4H2O) which precipitates on the outer membrane 
(demonstrated for Citrobacter sp.). 

Bacteria can also accumulate intracellular uranium. This accumulation is, 
however, easily reversed by Na2CO3 solution. As for the mineral phases 
the interaction between bacteria and U(VI) is strongly inhibited when 
present as uranyl-carbonate and Ca-carbonate-uranyl species. Because of 
the negative to neutral charge of these U(VI)-complexes, interactions 
with the cell surface sites is reduced (which are negatively charged). 
(Suzuki & Banfield, 1999; Kelly, et al., 2007) 

Uranium mining and its effects on uranium mobility 

In recent years a renewed interest in nuclear power has emerged both 
internationally and in Sweden (Allard, 2010). Also, the combination of 
concerns regarding the security of supply and the diminishing 
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importance of secondary uranium sources (e.g. civilian and military 
reserves) an increased uranium production volume will be necessary in 
the coming years (IAEA, 2009). 

Because Sweden has relatively large uranium reserves it has attracted 
many national and international companies which are currently exploring 
potential uranium ore deposits (Allard, 2010). 

The process of uranium ore mining and processing obviously affects the 
environment. Some of these effects may be disruption of land, air pollu-
tion, and contamination of surface and underground water bodies. The 
type and extent of these environmental disruptions depend on the 
mining technique´s used and how the subsequent termination of the 
mining activities is carried out. (NEA & IAEA., 1999; Abdelouas, 2006) 

The following text will focus on the aspects of groundwater contamina-
tion and look at different experiences in actively running and closed 
down uranium mines. The contamination by uranium will specifically be 
looked upon. 

Uranium mining and groundwater contamination 

The most widely used uranium mining methods can be subdivided into 
open pit, underground mining and in situ leaching (ISL). Both the open 
pit and underground mining techniques produce waste in the form of 
overburden (mostly soil and rock covering the ore deposit), ores with 
subeconomic uranium content, and mill tailings. When applying the ISL 
method a leaching and oxidant solution is injected into the indigenous 
groundwater surrounding the ore deposit which dissolves the minerals 
generating a pregnant solution that is subsequently recovered by pump-
ing. Therefore, unlike the other methods, the ISU scheme does not leave 
any rock waste or tailings. The major disadvantage with ISU is, however, 
the risk of leakage of leaching solution to surrounding aquifers, and the 
restoration of groundwater after mining operations have ceased. (Mudd, 
2001; Abdelouas, 2006; Slezak, 2008) 

Previous uranium mining experiences 

In order to assess the environmental impact of possible uranium mining 
in Sweden, some previous experiences of closed down mines in other 
countries have been investigated in this work. The uranium deposits of 
the examined mines were in bedrock, thus resembling most of the U de-
posits in Northern Sweden from that point of view. Furthermore, the 
uranium ores were mostly autunite, torbernite, pitchblende and coffinite. 
As previously mentioned, the Swedish bedrock U ores are mostly associ-
ated with pitchblende (Pleutajokk valley, Skuppesavon, Lilljuthatten, 
Nöjdfjället), uraninite (Kvarnån, Sågtjärn) and uranotitanates. (SGU, 
2003; Gómez, et al., 2006; Neves & Matias, 2007) 

The extent of groundwater contamination following U mining is of 
course very hard to predict and will depend on many variables (e.g. pH, 
Eh, U-speciation, aquifer mineralogy, adsorption reactions, and ground-
water flow/mixing of the system etc.) and there complex interactions. In 
order to elucidate the U mobility in complex real systems, studies made 
on two examples of closed down U mines will be reviewed. Both mines 
U deposit were contained in granite rock. (Giblin, et al., 1981; Porcelli & 
Swarzenski, 2003) 

Analysis of the near surface groundwaters of the Cunha Baixa mine 
(Portugal) showed very high concentrations of uranium. Maximum ura-
nium concentrations of 3200 μg/l were recorded for the mine water and 
1200 μg/l for contaminated wells (used for agriculture, located ~1 km 
down gradient of the mining site). These values severely differ from 
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[U](aq) in uncontaminated wells in the area with [U](aq) background levels 
of 12 μg/l. The uranium deposit consisted mainly of autunite 
(Ca(UO2)2(PO4)2*10-12H2O) and torbernite (Cu2+(UO2)2(PO4)2*8-
12H2O) situated in a calc-alkaline Hercynian granite. Also manganese 
oxides, pyrite and arsenopyrite were present in the mineral composition. 
The extraction methods used were underground and open pit mining. 

This mine is likely subjected to acid mine drainage (low pH in combina-
tion with high Fe and sulfate concentrations) which could explain the 
very high U contamination. Furthermore, the low pH values of the 
mine/well waters could be due to the low rate of neutralization by the 
host rock which is mostly composed of granites and mica shists with no 
soluble carbonates. The acid neutralization is mainly controlled by 
aluminosilicates which have much slower rate of dissolution than the 
carbonates. The Eh values for the mine water were 11.3-348 mV, and for 
the contaminated and uncontaminated wells between 297-358 mV (the 
water in the wells was sampled 1.5 m below the surface). The fluctuating 
Eh intervals are probably due to seasonal variations in precipitation in 
the form of rainfall. During summer, the water levels are stable while in 
winter oxygenated rainwater increases Eh-values. The pH levels were 
3.5-3.8 in the mine water and 4.4-4.5 and 5.6-5.9 for the contaminated 
and uncontaminated wells respectively. (Neves & Matias, 2007) 

In contrast the Los Ratones (Cáceres, Spain) mines shaft waters had a 
pH of about 6.7 and Eh of -159 mV i.e. a more reducing environment 
than for the Baixa mine water. Here the U ore deposits are primarily 
pitchblende, coffinite, uraninite and black U-oxides (parapitchblende), 
located in biotitic, porphyritic granites and two-mica leucogranites. The 
ore extraction was carried out by underground mining methods. The 
groundwaters near Los Ratones mines also displayed more reducing 
qualities, compared to the Cunha Baixa mine, with Eh values of 0 to 
300 mV and pH 7.0-7.9. Groundwater was sampled from drilled bore-
holes around the mine. The [U] in the groundwater from the boreholes 
surrounding the mine was in the range of less than 1 μg/l to 104 μg/l. 
The highest concentrations were recorded from the borehole located 
roughly 500 m from the mine (Eh -193 to -238 mV and pH 7.0 to 7.3), 
and the mine ventilation shaft (Eh 70-300 mV, pH about 6.7) of the 
mine. 

The relatively low [U] in the surrounding groundwaters are probably due 
to carbonate dissolution in the water flow path fractures around the U 
deposit. In this way, acid drainage from the mine is neutralized. Another 
contributing factor in keeping the [U](aq) low is the co-precipitation of U 
by iron oxyhydroxides present in the host aquifer. (Gómez, et al., 2006) 

Dissolution and oxidation of uraninite 

The majority of uranium found in the Swedish bedrock is present as 
uraninite mineralizations (SGU, 2003). The chemical formula of urani-
nite is written as UO2 although not entirely correct when applied to 
natural uraninite (Finch & Ewing, 1992). In fact, natural uraninites with 
the stoichiometry of UO2 have never been observed and its 
stoichiometry is better described by the formula UO2+x where x ranges 
between 0 and 0.25 (Ulrich, et al., 2009). 

Uraninite therefore contains somewhat more oxygen than UO2. In addi-
tion, uraninites also contain various impurities such as Ca, Pb, Si, U(VI), 
Th and different lanthanides. These impurities combined with the 
relative oxygen content of UO2+x affect the thermodynamic properties 
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and rates of dissolution of uraninite as compared to pure UO2. (Finch & 
Ewing, 1992) 

The dissolution of natural uraninite is governed by a variety of oxidants 
and other chemical parameters such as pH, carbonate and Ca2+. These 
factors determine where the redox potential for the couple U(IV)/U(VI) 
is located. Depending on the values of the above mentioned parameters 
the redox potential will lie in an interval between -42 mV to 86 mV for 
natural groundwater systems. (Ulrich, et al., 2009) 

One of the most important and strong oxidants governing UO2+x oxida-
tive dissolution is dissolved O2 (DO), but there are many others like 
Fe(III), Mn(IV), NO3

- and NO2
- which also contribute. (Ulrich, et al., 

2009) 

In one experiment using a stirred batch reactor the effects of DO on 
UO2 dissolution was measured to 63 % i.e. 63 % of the uranium added 
was found in a dissolved state. This level of dissolution was measured 
after 160 h when steady state dissolution was obtained (at pH 7 and for 
different PO2 levels). (Bi, et al., 2013) 

The effects of carbonates on UO2+x dissolution has been extensively 
studied and confirmed in various experiments. (De Pablo, et al., 1999; 
Ulrich, et al., 2009; Ginder-Vogel, et al., 2010). Although not an oxidant, 
carbonate accelerates the dissolution reaction by forming stable UO2-
CO3 complexes. A proposed mechanism of uraninite dissolution is di-
vided into the three following basic steps. (Ulrich, et al., 2009) 

1. Coordination of the O2 molecule to the uraninite surface followed by 
the oxidation of U(IV) to U(VI). 

2. Coordination of carbonate to U(VI). 
3. Release of the U(VI) carbonate species from the surface. 

It appears that at low O2 partial pressures (1 vol% PO2) the limiting step 
in UO2+x dissolution is determined by the first step i.e. the adsorption of 
oxygen to the uraninite surface. This means that the dissolution is 
independent of the carbonate concentration under low O2 conditions. At 
atmospheric oxygen levels (PO2 = 21 vol%) the rate limiting step is 
probably the disassociation of U(VI)-carbonate complexes from the 
surface, to the point of reaching the saturation limit for carbonate (the 
pH in these experiments was 7.5) (Ulrich, et al., 2009) 

Because of the importance DO and carbonates have on UO2 dissolution, 
a general rate equation has been proposed (3). 

  
    {    }   [  ][    

 ]

      [    
 ]    [  ]

                                                                             

Where {    } and [  ][    
 ] are the concentrations in the solid and 

aqueous phase respectively. This rate equation was derived for the pH 
interval of 7-5-8.5. (De Pablo, et al., 1999) 

By analyzing equation (3) one can see that at low [  ] the expression 
simplifies to   {    }   [  ], which means that at low oxygen con-
centrations the rate limiting step is the adsorption of O2 to the UO2 sur-
face. When the [  ] is high compared to [    

 ] then equation (3) turns 
to equation (4). 

  
    {    }   [  ][    

 ]

      [  ]
                                                                             

The interpretation of this simplification of equation (3) shows that the 
rate limiting step in this special case is the carbonate binding to the UO2 
surface. (De Pablo, et al., 1999) 
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The conclusions drawn from the rate expression agree well with the 
results obtained by (Ulrich, et al., 2009) with respect to the dissolution 
mechanism of uraninite by carbonate and oxygen. 

Interestingly, carbonates also seem to affect the uraninite dissolution rate 
in moderate to reducing conditions. The uraninite dissolution seems to 
be driven by the formation of U(V)-carbonate species under reducing 
conditions. (De Pablo, et al., 1999; Ulrich, et al., 2009) 

As previously mentioned the pH has an important effect on the uraninite 
dissolution. At the pH of 7.2 the dissolution rate appears to be at a 
minimum with regards to pH. Under pH 7.2 the dissolution rate in-
creases fast, and above pH 7.2 it also increases, however, at a more 
moderate pace.  

The kinetic rate expression for the UO2 dissolution in a carbonate free 
media is described by equation (5) which is valid at 3 < pH < 8 (Ginder-
Vogel, et al., 2010). 

          (
   

   
)                [  ]                                                  

Recent studies indicate that the mineral mackinawite (FeS) acts as an im-
portant redox buffer with the capability of protecting uraninite against 
oxidative dissolution by DO (Bi, et al., 2013). Apparently it functions as 
an oxygen scavenger, oxidizing Fe(II) → Fe(III) before the redox 
reaction U(IV) → U(VI) takes place. However, when the FeS source is 
depleted uraninite gets oxidized by DO and possibly at a higher rate 
because of the newly formed Fe(III)-oxyhydroxides which contribute to 
the oxidative dissolution. Another important effect of the formed 
Fe(III)-oxyhydroxides is that it functions as an effective adsorbent of 
U(VI). The oxidation of FeS can therefore both increase and decrease 
the uraninite dissolution and affect its mobility when in solution. (Ulrich, 
et al., 2009; Bi, et al., 2013) 

The effects on uraninite dissolution mentioned above are often derived 
from laboratory experiments on relatively pure uraninite samples. It is 
therefore interesting to review an experiment based on a more complex 
sample matrix. 

This was done in a study where the leaching from rock and uranium mill 
tailing was examined. The studied samples consisted of U rich rock and 
U tailings with the composition given in table 4.  

The leaching experiments resulted in 0.22 % of uranium in solution from 
both the rock and mill tailing matrices when the solvent was distilled 
water, at pH 6.2. When a 0.1 M NaNO3(aq) solvent was used instead, ura-
nium in solution increased to 0.31 % and 0.27 % for the rock and mill 
tailing samples respectively. 

It was concluded that the most important mechanisms affecting the 
leaching process was surface-wash off and diffusion. (Patra, et al., 2011) 

METHODS  

In order to study the speciation of U under varying physiochemical con-
ditions the Visual Minteq equilibrium software was used. With Visual 

Table 4. U content in sample. 
Sample type [U] in ppm 

Rock  1534 

Uranium tailings 96.1 
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Minteq it is possible to calculate the aqueous speciation of various 
inorganic ions (such as metal ions). The software is also capable of 
modeling the precipitation and dissolution of solids in water and 
determining the equilibrium complexes formed from different redox 
pairs. Finally, Visual Minteq contains state-of-the-art surface 
complexation models which simulates the binding of ions to organic 
matter (SMH or NICA-Donnan models) and hydroxide surfaces (CD-
MUSIC, TLM models etc.). (Gustafsson, 2010) 

Visual Minteq was chosen for the modeling in this work because it is 
easy to use and includes powerful surface complexation models which 
give important information of U speciation enabling the modeler to draw 
conclusion of the potential mobility of U in groundwater. The aim of 
this work was to model the possible U speciation during varied chemical 
conditions especially with regard to Eh changes but also pH and 
adsorption. These parameters play a key role in determining U mobility 
in groundwater and are affected by mining operations (Giblin, et al., 
1981). The composition of the groundwater used in the modeling runs 
was based on a report from SGU. The report contains groundwater 
quality data based on different geological regions and sampling locations 
e.g. samples from bedrock wells etc. The geological region selected for 
this work was the bedrock region above the highest coastline, repre-
sentative of the groundwater found at many U deposits in Northern 
Sweden. (SGU, 2013) 

Because the concentration of DOC is not given for the selected type area 
given by SGU (2013), another source was used. This value was obtained 
from groundwater in the SKB (Swedish Nuclear Fuel and Waste 
Management CO) KFR105 bedrock borehole at a depth between 107.5-
156.6 m (Lindquist & Kersti, 2010). The borehole is situated near the 
village of Forsmark on the central east coast of Sweden. These DOC 
values are, however, highly uncertain since they are not from the type 
area studied in this work. To further complicate things the DOC con-
centration varies depending on the groundwater depth, often being 
higher in shallow than in deeper waters (Karlsson & Pedersen, 1995). 
The concentration range can be 10-20 mg/l and 1-2 mg/l for shallow 
and deep groundwater respectively (Karlsson & Pedersen, 1995). For the 
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Fig. 1. On the left side the most abundant U species at different Eh values are 
depicted. On the right-hand side U(VI) distribution of the predominant species is 
shown at oxidizing conditions (300 mV). The pH is 7.5 in both cases. 
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modeling purposes, however, it was still interesting to examine the 
adsorption of U on DOC so the values from KFR105 were chosen 
despite the problems mentioned above. Specifications of the ground-
water parameter used for modeling are presented in the Appendix 
(Table 1A). The choice of composition for the solid phases in the 
modeling was based on Hotagen granite which is used to approximate 
the bedrock in the potential U-mine sites in NS (see table 2A in the 
Appendix for granite composition) (Wilson & Åkerblom, 1982; SGU, 
2003). In this way the dissolution of uraninite mineral can be studied as 
pH and redox conditions are changed. The solid phases where modeled 
as finite solid phases in Visual Minteq. Finally, to simulate the uranium 
adsorption to ferrihydrite the predefined adsorption database Fh-3 site 
was implemented 

RESULTS  

Uranium speciation at different pH and Eh conditions 

A pH of 7.5 was chosen because it is representative of the type area 
examined in this study, given by SGU (2013). Figure 1 depicts the urani-
nite dissolution at varying redox potentials and table 5 shows that the 
uraninite mineral dissolution occurs at the Eh interval of about 50-
60 mV at pH 7.5. Furthermore, the predominant U(VI) species are 
Ca2UO2(CO3)3 and CaUO2(CO3)3

2- at oxidizing redox (300 mV), condi-
tions (Fig. 1). The most abundant species from this modeling run is 
clearly Ca2UO2(CO3)3(aq) contributing to about 70 % of the U(VI) in 
solution. This is consistent with other research which indicates that 
Ca2UO2(CO3)3(aq) is the more abundant species at pH < 7.6, changing 
towards CaUO2(CO3)3

2- predominance at pH>7.6 (Dong & Brooks, 
2006).  Figure 2 illustrate the U(VI) speciation with variable Eh at pH 5.5 
and the distribution of U-species for the same pH respectively. The U-
species FA-UO2

+
(aq) represent UO2

2- binding to fulvic acid (DOM). 
Figure 3 presents the simulation results for an Eh-sweep at pH 4.0. 
From the three simulations at different pH levels it is evident that a de-
crease in pH (from 7.5 to 4.0) changes the speciation U(VI), (Fig. 1, 2 
and 3). 
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At pH 7.5 the most abundant aqueous species are Ca-UO2-CO3 shifting 
towards UO2-CO3 and DOC (FA-UO2

+) at pH 5.5, (Fig. 1 and 2). As the 
pH decreases to 4.0, UO2

2+ and DOC (FA-UO2
+) are the most 

important, (Fig. 3). It is also clear from the simulations that the 
importance of the DOC-U(VI) complex increases as pH decreases. 
Between pH 7.5-4.0 the U(VI) associated with DOC increases from 
about 0 % to 28 %. The most abundant species at pH 4.0, however, is 
UO2

2+ representing about 65 % of the soluble U. Further analysis of the 
simulation results indicate that the dissolution of uraninite takes place at 
a lower Eh with increasing pH, (Table 5). The result could be attributed 
to the more alkaline pH conditions. This conclusion is supported by 
experiments were the formation of U(VI)-CO3 complexes at higher pH 
is offered as a possible explanation for this behavior (De Pablo, et al., 
1999; Ulrich, et al., 2009) 

Modeling uranium complexation to ferrihydrite 

In order to study the effects of adsorption of U onto ferrihydrite, a logC-
pH diagram at different Eh was created. The highest effect of U sorption 
exists in the pH range of 5-8 for both reducing and oxidizing conditions, 
(Fig. 4). The highest U(VI)-ferrihydrite adsorption is found at pH 6 
under reducing condition (Eh=-50 mV) and at pH 5 under oxidizing 
conditions (Eh=250 mV). The maximum percentage of the total U(VI) 
adsorption on ferrihydrite is about 32 % and 29 % for Eh -50 mV and 
250 mV respectively, (Fig. 4). 

The modeling results for U(VI) adsorption differ substantially from pre-
vious laboratory and simulation studies under similar chemical condi-
tions. The adsorption of U(VI) is to ferrihydrates is much higher in these 
studies (Fox, et al., 2006; Gustafsson, et al., 2009). Nevertheless, there 
are some differences between chemical parameters in this work that 
could explain these apparent discrepancies. It is probably mainly due to 

Table 5. Uraninite dissolution at different pH and Eh values.  
Uraninite dissolution 

pH 4.0 5.5 7.5 

Eh (mV) 240-250 210-220 50-60 
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Fig. 3. On the left side the most abundant U species at different Eh values are 
depicted. On the right-hand side U(VI) distribution of the predominant species at 
oxidizing conditions (300 mV). The pH is 4.0 in both cases. 
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the higher U(VI)/ferrihydrate ratio used in this modeling study 
compared to the others. This ratio appears to have a significant effect on 
ferrihydrate adsorption as demonstrated by Gustafsson, et al., (2009). 

Modeling U sorption by dissolved organic carbon 

According to the modeling results the U(VI)-DOC complexes are im-
portant between pH 1-6 under oxidizing conditions (Fig. 5). 
Furthermore the share of DOC associated U(VI) of the total dissolved 
U(VI) is given (Fig 5). At pH 5 the maximum is reached with 38 % of 
the soluble U(VI) consisting of U(VI)-DOC species. Other studies point 
to a much higher percentage of U(VI)-DOC in solution. For instance 
modeling studies carried out by Gustafsson, et al., (2009) were U(VI)-
DOC is the clearly predominant species at pH 5-7. The amount of 
U(VI)-DOC is, furthermore, 90 % of the total dissolved U at the pH 5.0 
to 6.5. As for the case with ferrihydrate adsorption, the reason for the 
observed differences of U(VI)-DOC amounts may be related to a higher 
carbonate concentration used for this modeling work. 
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Fig. 4. On top is the log-pH diagram for the adsorption of dissolved U on 
ferrihydrite at reducing and oxidizing conditions. On the bottom left the adsorption 
of dissolved U to ferrihydrite at oxidizing conditions (Eh=250 mV) and different pH 
levels. On the bottom right the adsorption of dissolved U to ferrihydrite at reducing 
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It is important to keep in mind, however, that the share of U(VI)-DOC 
(with respect to [U(VI)]tot) is highly variable as shown in the work of 
Löv, (2012). This could be attributed to the variations of parameters 
such as different concentrations of DOC, competing DOC ligands and 
[U(VI)] which vary, even at a local scale (Tipping, 2002; Löv, 2012). It is, 
furthermore important to mention the existence of uranyl fluoride 
complexes in the acidic pH range in the work of Löv (2012) were the 
uranyl-fluorides consisted of up to 18 % of [U(VI)tot]. In this study the 
uranyl-fluoride species UO2F+ appear at pH 5.5 consisting of about 
11.5 % of the total U(VI). 

DISCUSSION  

From the modeling results it is evident that the redox conditions have an 
important impact by controlling the uraninite dissolution in the modeled 
groundwater. It is also clear that other chemical parameters such as pH, 
carbonates, DOC and ferrihydrate have a major impact on the U disso-
lution and mobility in groundwater. As a consequence of mining 
operations the rock minerals are exposed to new equilibrium conditions 
e.g. being subjected to oxygen and water (Johnson & Hallberg, 2005). 
These conditions are also present in the generated mining waste, such as 
in mill tailing sites, were the conditions are often oxidizing (Abdelouas, 
2006). The chemical weathering may furthermore cause oxidation of 
pyrite (FeS2) which in turn lowers the water pH due to H+ generation 
(Johnson & Hallberg, 2005). As uraninite is subjected to these more 
oxidizing conditions U can be mobilized by oxidative dissolution of 
uraninite, by increased redox potential. The modeling results only deliver 
an approximate picture of reality so it is therefore fruitful to compare 
them with experiences from real mining operations. For this comparison 
the mines of Cunha Baixa (Portugal) and Los Ratones (Spain) are used. 
These are the same mines presented in the background section of this 
report. The model results show that in an acidic environment (pH 4.0) 
the Eh point at which uraninite is oxidized (between 240-250 mV) rises. 
This condition seems to protect uraninite from oxidation. The problem 
is, however, that the predominant soluble U species at pH 4.0 is UO2

2+, 
which is the most toxic U species (Neves & Matias, 2007). In contrast, 
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studies have indicated that the Ca-UO2-CO3 complexes appear to have a 
low toxicity (Prat, et al., 2009). Another effects of high [H+] is that it in-
creases the rate of dissolution of uraninite, a consequence that does not 
appear in the modeling result because no kinetic model is included in 
Visual Minteq software (Ginder-Vogel, et al., 2010). Low pH (pH < 4.0) 
also has a negative effect on the adsorption of U to ferrihydrates. In 
addition, the sorption to DOC is relatively high, which affects the UO2

2+ 
mobility.  

As a comparison, the combined effects of low pH and high Eh levels are 
manifested in the former U mine of Cuhna Baixa (Portugal) were the U 
concentrations in groundwater reach up to 1200 μg/L in wells located 
1km from the mine. The acidic groundwaters in the Cuhna Baixa area is 
partly due to the low carbonate content of the host rock. This is re-
flected in the low alkalinity of the uncontaminated wells of the region 
which was measured to be 17.1-23.5 mg/l [HCO3

-], which is considered 
to be a low alkalinity. In contrast, many Swedish bedrock groundwaters 
have a relatively high alkalinity, and the [HCO3

-] value used in this 
modeling work was 92.8 mg/L. (Neves & Matias, 2007; SGU, 2013) 

Further interpretation of the modeling results indicate that in a situation 
of pH around 6 and reducing Eh the U mobility is low. This depends 
firstly on the stability of uraninite at reducing redox conditions but also 
on the high adsorption by ferrihydrite at pH 6. Additionally, the U com-
plexation with DOC is low at pH ≥ 6. These circumstances are 
somewhat resembling the conditions of the Los Ratones mine in Spain. 
The groundwaters in the mine and in its proximity had Eh values 
between 0 to 300 mV and pH 6.7-7.9. Here the levels of contamination 
by U in the groundwater were much lower than in Cunha Baixa, ranging 
between less than 1 to 104 μg/L. (Gómez, et al., 2006)  

CONCLUSIONS  

From the modeling results there seem to be two scenarios that enhance 
U mobility.  

1. At pH ≤4 and oxidizing redox conditions (240-250 mV). Under these 
conditions the mobile and toxic UO2

2+ is the predominant species. 
Also the U(VI) binding to DOC is high at pH around 4 which could 
contribute to the long range transport of U.  Furthermore, the ad-
sorption to ferrihydrite is very low at pH ≤ 4 which otherwise func-
tions as an effective U(VI) adsorbent at higher pH levels. 

2. At circumneutral pH and oxidizing redox potential the highly mobile 
Ca2UO2(CO3)3 and CaUO2(CO3)3

2- complexes are dominating the 
U(VI) speciation. The Ca-UO2-CO3 complexes also have a weak 
sorption to ferrihydrite at pH ≥ 7. This scenario has the advantage of 
producing Ca-UO2-CO3 compared to UO2

2+ which is much more 
toxic. 

3. The limitations of this study are primarily related to the use of type 
area groundwater composition which could vary considerably on a 
local scale, depending on the aquifers chemical and physical proper-
ties and its complex interaction with the local environment. In the 
same way the use of Hotagen granite composition, to model the solid 
phases, also only gives an approximate value of the local bedrock 
conditions in the NS area. Further limitations are related to the mod-
eling software used (VISUAL MINTEQ 3.0) which assumes equilib-
rium conditions, thus omitting important kinetic considerations. Fi-
nally, it should also be mentioned that transport considerations are 
not accounted for in this study. In reality a combination of transport 
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and geochemistry will contribute to the migration of pollutants by 
groundwater. 

For further research it would be interesting to model the kinetics of 
uraninite dissolution and weathering reactions. It would, furthermore, be 
interesting to combine the U chemistry with transport phenomena for 
the groundwater. 
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APPENDIX  

 Table 1A. Composition of groundwater used 
for Visual Minteq modeling. 

Components Composition (mg/L) 

HCO3
-
  92.8 

Al 0.02 

NH4 0.07 

F 1.1 

PO4 0.049 

Fe 0.66 

Ca 31.8 

K 1.7 

Cl 6.9 

Cu 6.102 

Mg 4.2 

Mn 0.145 

Na 8.0 

NO2 0.015 

NO3 1.95 

SO4 9.7 

Zn 0.187 

 
Concentration (μg/L) 

As 2.98 

Pb 2.74 

Cd 0.08 

Cr 0.54 

pH 7.5 

Table 2A. The mineral composition used as 
finite solid phases in the Visual Minteq 
modeling 

Granite composition Weight % 

SiO2 75.2 

Al2O3 13 

FeO 1.1 

Na2O 3.7 

K2O 5.5 

UO2 (composition in ore) 0.1  




